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Abstract

Thallium (T1) is a trace metal that can be found at elevated concentrations in waters
associated with the mining and refinement of coal and base metals. Although the effects of Tl on
aquatic biota are poorly studied, the Canadian Council of Ministers of the Environment (CCME)
have established a guideline value of 0.8 pg L™ total Tl in fresh water. However, this value is
based primarily on effects of Tl to an aquatic plant, and little is known regarding how protective
this guideline is to freshwater animals. The goal of this thesis was to use two regulatory model
freshwater species, the water flea Daphnia magna and the rainbow trout (Oncorhynchus mykiss)
to expand mechanistic understanding of waterborne Tl toxicity and determine whether the
current guideline value is likely to be protective of aquatic animals. An acute exposure of
Daphnia to Tl established a median lethal T concentration of 1860 ug L', and the use of
asymmetrical flow field-flow fractionation suggests that most TI in natural waters is in the ion
form (TI"), even in the presence of binding ligands such as dissolved organic matter. Over a 21-d
chronic exposure, complete mortality of D. magna occurred between Tl concentrations of 702
and 1112 pg L', with median effect concentrations of 1.6 ug T1 L™ for growth and 11.1 pg T1 L
! for reproduction (all concentrations as dissolved T1). A study examining effects of T1 on
daphnid behaviour showed that the presence of Tl significantly affected phototaxis, an effect that
was mediated by sensory impairment, indicating that neurotoxicity may be a conserved mode of
Tl toxicity between mammals and aquatic biota. The interaction between Tl and potassium (K*),
known to be a key mediator of toxicity in mammals, was shown to also persist in D. magna.
Elevated water K* protected against TI toxicity, the presence of Tl impaired K* uptake, and
pharmaceutical agents thought to block K* channels modified the effects of Tl on whole-body K*

concentration. The acute (96-h) and sub-chronic (28-d) exposure of rainbow trout to waterborne
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Tl resulted in the significant accumulation of TI in all measured tissues (plasma, gill, muscle,
otolith). However, in all soft tissues accumulation decreased with increased exposure time,
indicating the presence of mechanisms that act to reduce Tl body burden. Thallium acutely
stimulated renal proton ATPase activity, but sub-chronically inhibited branchial
sodium/potassium ATPase activity, indicating the potential for ionoregulatory disruption in
rainbow trout. Conversely, despite evidence of such a mechanism of TI toxicity in mammals,
there were no significant effects of waterborne Tl exposure on any measured oxidative stress
endpoint in rainbow trout. These data indicate that CCME water quality guidelines for Tl in
freshwater environments are likely to be protective against Tl toxicity in freshwater animals.
However, this thesis does indicate that there may be some risk from human consumption of fish

sourced from waters that have highly elevated Tl concentrations.
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1. General Introduction
1.1. Introduction
1.1.1. Introduction to thallium and historical overview

The post-transition metal thallium (TI), atomic number 81, was discovered in 1861 by Sir
William Crookes, a British chemist, while he was examining seleniferous residues from a
sulfuric acid factory (Weeks 1932). Upon spectroscopic examination of these residues, which
were believed to contain tellurium, Crookes described a previously unidentified green line in the
spectrum. This new element was named TI after the Latin word thal/lus which means “budding
twig” and at the time was commonly used to describe the green tint of young vegetation.
Independently, Claude Aguste Lamy, a French chemist, also discovered Tl a year later. Work by
Lamy ultimately resulted in the purification and isolation of the metal (Lamy 1862; Weeks
1932).

Thallium is of great interest to the fields of chemistry and toxicology, a consequence of
its chemical and physical properties, which are summarized in Table 1.1. These properties
contribute to both the industrial uses of TI (see Section 1.2), and its toxicity (see Section 1.8).
Thallium is considered a trace element, and in seawater is the 81 most abundant element,
similar in abundance to lead (Pb), and one to two orders of magnitude less abundant than trace
metals such as copper (Cu), zinc (Zn), silver (Ag), and cadmium (Cd) (Ronov and Yaroshevsky
1969). However, Tl is considered an element of concern, as it may be enriched in aquatic
environments due to anthropogenic processes (Sections 1.2-1.4). Thallium has a unique place in
human toxicology due to its use as a poisoning agent, and in mammalian systems T1 is suggested
to be more toxic than other well-known human toxicants such as mercury (Hg), Cd and Pb (see

Section 1.8; Peter and Viraraghavan 2005). However, much less is known regarding the



sensitivity of aquatic biota to TI. Indeed, despite environmental concerns regarding Tl
contamination associated with some industrial practices, and the potential for Tl toxicity, the
toxicological impacts of this metal on aquatic biota are only poorly characterized.

Table 1.1. Physical and chemical properties of thallium.

Category Property Value
Atomic number 81
Molar mass 204.38 g mol™!
Ground state electronic configuration | [Xe] 4f#5d'%6s%6p!
Physical properties Melting point 577K
Boiling point 1746 K
Density 11.85 g cc’!
Effective ionic radius 150 pm
TI" + & — TI(s) 0.336 V
Redox potential TI** +3e” — TI(s) 0.741 V
TP +2¢ — TI* 1.28V
TI() TI*
Oxidative states
TI(II) TI*

Adapted from Nriagu 1998.
1.1.2. Uses of thallium

Thallium was initially used in the 1930’s as a treatment for diseases including syphilis,
ringworm, tuberculosis, and gonorrhea (Gleich 1931; Nriagu 1998; Genchi et al. 2021).
However, the therapeutic use of T1 was associated with mortality. For example, the application
of Tl as a ringworm treatment in American children resulted in 447 cases of TI poisoning with 6
deaths (Munch 1934). As a consequence, the medical use of Tl was stopped. However, because
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of its toxic properties, Tl was subsequently utilized as a pest control agent (Munch and Silver
1931). Rodenticides containing Tl salts were highly effective, but in 1965 the United States
Environmental Protection Agency (USEPA) prohibited the use of Tl as a pesticide following
several reports of human TI poisoning (Thompson 1981; Peter and Viraraghavan 2005). Among
these was a case where Tl entered the human food chain via contaminated barley, resulting in 7
deaths (Munch et al. 1932). Following further research, several commercial applications for T1
compounds were developed, which are still in use today. These include the use of Tl sulfide in
photocells, Tl bromide in infrared detectors, and T1 oxide in fiber glass (ATSDR, 1992; Peter and
Viraraghavan, 2005). Additionally, Tl nitrate is a component of some fireworks, emitting a green
flame when burned (Peter and Viraraghavan, 2005). Other applications of T include T1 chloride
in suntan lamps and TI acetate in ozone measurement.

1.1.3. Sources of thallium

The concentration of T1 in the Earth’s crust is 0.8 ug g! (Sahl et al. 1978), where it is
principally associated with base metal ores containing Zn, Pb, Cu and iron (Fe). Concentrations
of T1 within sulfide ores, the minerals galena and pyrite, and coal, range from 0.5 to 45 ug g™
(Zitko 1975; Smith and Carson 1977). Since Tl is lithophilic it is also commonly found in
association with silicate minerals such as potassium feldspars, in which Tl concentrations range
from 0.5 to 600 pg g™ (Sahl et al. 1978).

Thallium is commercially-sourced as a by-product of the mining and smelting of base
metals. Recovery of Tl occurs through electrolysis, precipitation and reduction during the
smelting process. These efforts result in average annual T1 yields of 9 tonnes globally (USGS
2018). In particular, T1 is recovered in large quantities during the smelting of Zn ores that contain

greater than 2 pg T1 g'!. However, Tl recovery also occurs when smelting Pb, Cu, and Fe ores



(Nriagu 1998). Worldwide, reserves of Tl are estimated at 17,000 tonnes, which are mostly
located in Canada, Europe and the United States (USGS 2018).
1.1.4. Thallium in aquatic environments

The current commercial uses of TI pose little threat to life. However, as a result of
anthropogenic processes, T1 can enter aquatic environments, through sources such as the
atmospheric deposition of Tl volatilized during the burning of coal, and the leaching of Tl-rich
mine tailings (Nriagu 1998). These can contribute to environmental Tl concentrations that are of
regulatory concern.

Environmental measures of aquatic trace elements are reported as either total or
dissolved. ‘Total’ is the concentration determined without filtration. Alternatively, ‘dissolved’ is
the concentration following filtration through a 0.45 micron filter. As it relates to T1 in natural
waters, differences in concentrations between total and dissolved can be as much as 23-fold
(Ghotbizadeh et al. 2022). This is particularly true in waters where TI(III) dominates, as this
oxidative state of T1 is reactive and will react with particulate matter, excluding it from the
dissolved fraction. Conversely, TI(I) is relatively inert and will partition mostly into the
dissolved fraction (Belzile and Chen 2017). In this thesis, focused on TI(I) in artificial laboratory
waters, total Tl will be practically equivalent to dissolved Tl (see Chapter 2).

In surface waters free of T1 enrichment, such as the Athabasca River in Alberta, Canada,
dissolved TI concentrations average 3 ng L™! (Shotyk et al. 2019). However, concentrations of Tl
in surface waters can reach levels several orders of magnitude above natural background (Table
1.2; Karbowska 2016), while concentrations in wastewaters can be as high as 15000 pug L™ total
T1 (Williams-Beam and Twidwell 2003). The areas where the greatest Tl enrichment occur are

generally linked with the refinement of Zn ores and steel manufacture, while total Tl



concentrations in mining effluents regularly exceed 80 ug L. In Canadian surface waters Tl
concentrations are generally low. However, historically there has been concern regarding TI in
waters of the Great Lakes, which are a predicted sink for T1 deposition (Lin and Nriagu 1999). In
fact, concentrations of T in Great Lakes fish have been found to approach levels that may result
in risk for human consumption (Lin et al. 2001). Thallium is also found in sediments, with
concentrations averaging 0.6 ug Tl g! (Belzile and Chen 2017). However, near mining sites,

sediment concentrations can reach 20000 pg TI g! (Baceva et al. 2014).



Table 1.2. Global concentrations of thallium in water and wastewater.

Sampling site

Concentration range

(ngL™h

Reference

Coal mining, wastewater 0.89-2.66¢
Coal mining, effluent water 0.13¢
Lake Erie, Central Basin, pore water 0.07-0.11¢
Canada Lake Ontario, Kingston Basin, pore water 0.05-0.21¢ Cheam 2001
New Brunswick, surface water 0.05-4.39¢
Alberta, surface water 0.0039-0.26"
Shotyk et al. 2019
Zn factory, wastewater 19.5-3000"
Pb-Zn smelter, wastewater 370-470" )
. . Liuetal. 2019
Polymetallic mine deposit, surface water 2!
Steel factory, wastewater 3-2500"
Sulfuric acid factory, wastewater 15.4-400" Liuetal. 2010
Sulfuric acid factory, effluent water 9.3-21.6" Chen and Zhou 2000
. Yunfu pyrite mine, mine water 101-194 Liu etal. 2016
China Lanmuchang Hg-T1 mine, mine water 27 Xiao et al. 2012
Lanhua As-T1 mine, mine water 17
- - Zhang et al. 1998
Lanhua As-T1 mine, surface river water 3
Cu mine, mine water 1520 Zhang 2017
Hengshi and Wengjiang River, surface water 0.11 Chan et al. 2021
Cement industries, wastewater 204 Schoer 1984
Zinc mine, effluent water 1520" Xu et al. 2019
France Pb-Zn mine, surface water 1.16-5.44¢ Casiot et al. 2009




Table 1.2. cont.

Sampling site Concentratif)n range Reference
River Rhine, multiple industrial sources 102' Cleven and Fokkert 1994
Al-plant, wastewater 86"
Germany ; Deb et al. 1998
Kankali tank, surface water 166
Cement plant, surface water 7.3¢ Mathys 1981
Ttaly Baccatoio Stream, surface water 0.53-19.8¢ D'Orazio et al. 2020
Pollone mine, surface water 1704 Perotti et al. 2017
Poland Boleslaw-Bukowno, mining area (Upper Silesia) 504 Ospina-Alvarez et al. 2015
Surface water 0.05-0.214
Sweden Kvarntorp, leachates 0748 Karlsson 2006a
Wastewater 672-2400" IPCS 1996
Switzerland Surface water 80"
Seepage water, waste rock dump 25014 PleBow and Heinrichs 2000
Seaton River, surface water 0.03¢
East Looe River, surface water 0.02¢
Fowey River, surface water 0.02¢
United Portreath effluent, surface water 0.544 Tatsi and Turner 2014
Kingdom Red effluent, surface water 0.14¢
Hayle effluent, surface water 0.28¢
Carnon effluent, surface water 0.86¢
Wheal Jane mine, surface water 0.372- 1.383¢ Law and Turner 2011
USA Oil drilling 12.9-672 Korkisch and Steffan 1979
Lead smelter, effluent water 15000° Williams-Beam and Twidwell 2003

% Total concentration 9: Dissolved concentration



1.1.5. Thallium speciation and bioavailability

The speciation of Tl in water, as a function of oxidation-reduction potential and pH, is
demonstrated by the Pourbaix diagram depicted in Figure 1.1. The dashed lines in this figure
represent the redox conditions that normally exist within natural waters. Therefore, based on this
model, at pH values between 5 and 8 (the pH range most common in freshwater ecosystems;
Morgan et al. 2001), the dominant species of Tl is the unbound monovalent ion (TI"). Some
studies have, however, suggested that Tl can form stable complexes with sulfur-containing
ligands (Sillen et al. 1964; Baes and Mesmer 1976). For example, based on stability constants,
the major aqueous complexes of TI(I) would include TISO4", TI(SO3)+>, and T1(S203)+> (log K:
1, 34, 41). However, modelling predicts the contribution of these species to be low, making up
only 0.4% of total TI in river water (Kaplan and Mattigod 1998). In general, Tl speciation
appears to be relatively unaffected by naturally-occurring dissolved ligands, such as dissolved
organic carbon (DOC) (Martin et al. 2020). Indeed, modeling of TI species suggests that a TI-
fulvic acid complex would make up only 15% of T1 species in a standard river water, with 83%

existing as T1" (Kaplan and Mattigod 1998).
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Figure 1.1. Pourbaix diagram (pe-pH) for Tl species in freshwater assuming that dissolved T1
concentration is fixed at 30 uM at 25°C. Adapted from Lin and Nriagu (1998). The different T1
species are represented by numbers: 1, T1*; 2, TI**; 3, TI(OH),*"; 4, TI(OH),"; 5, TI(OH)5%; 6,
TI(OH)47; 7, TI(OH)".

The dominance of the monovalent Tl species is of great importance when assessing
aquatic toxicity. In general, the major uptake species of waterborne trace metals are free ions
(Bury et al. 2003). For essential metals such as Cu and Zn, specific transporters may exist that
achieve uptake, but for non-essential metals bioavailability is largely governed through their
mimicry of major ions such as sodium (Na®) and calcium (Ca?"). Thus, the persistence of T1 in
natural waters as a free ion, is likely to mean that waterborne T1 has a high bioavailability.

While the dominant species of Tl in freshwater ecosystems is the monovalent ion, Tl can
also exist in a trivalent oxidative state (TI(III)). Notably, the TI(III) ion is more reactive than the
TI(T) ion and can form stable complexes with environmental ligands (Wade and Banister 1973).

In freshwater, the dominant TI(IIT) forms are the hydroxyl species, which include aqueous



TI(OH)*" at pH up to 6.3, TI(OH)," from pH 6.3-7.4, and insoluble TI(OH); at pH 7.4-8.8
(Nriagu 1998). In oxidizing and alkaline sediments, TI(I) is readily converted to TI(III)
(Migaszewski and Galuszka 2021). Additionally, monovalent Tl can be oxidized by planktonic
bacteria (Twining et al. 2003), and through photooxidation. The latter occurs in the presence of
aqueous cations such as Fe(IIl), resulting in the formation of inert TI(OH)3 (Cotton and
Wilkinson 1988). Unlike TI(I), TI(III) forms stable complexes with DOC (Kaplan and Mattigod
1998). The higher reactivity of TI(III) means that under conditions where this oxidative state
prevails, Tl is effectively unavailable for uptake from the water. However, in most surface fresh
waters, redox conditions favour the TI(I) oxidative state (Figure 1.1; Kaplan and Mattigod 1998).
In this thesis, the notation “T1” will therefore be synonymous with “T1™ in most circumstances.
Since aquatic ecosystems are dominated by the bioavailable T1" species, one consideration when
assessing bioavailability and the potential for T1 uptake is the interaction of Tl with potassium
(K"). Chemically the two ions share similarities in size (K™: 137 pm, TI": 150 pm), charge (+1),
and charge density (K™: 9, TI": 11) (Shannon 1976). As a consequence, geochemically T1 has
been found to displace K" from organic ligands (Sager 1992). Similarly, in mammalian and
insect systems, T1" is well described as a K™ mimic (Britten and Blank 1968; Rabon and Sachs
1981; Belowitz and O’Donnell 2013), and this mimicry of K" by TI" can result in competition
between the two cations (Belowitz and O’Donnell 2013). The uptake of T1 from aquatic
environments is also believed to involve pathways of K*. Evidence for TI/K" interactions in
aquatic biota includes studies showing that Tl toxicity can be affected by water K*
concentrations (Hassler et al. 2007; Rickwood et al. 2015; Tatsi et al. 2015). For example,
research using the algae Chlorella showed that a 250-fold excess of K over Tl ameliorated the

inhibition of algal growth by TI (Hassler et al. 2007). Indeed, work by Hassler et al. (2007) has
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suggested that the ratio of Tl to K" could be used as a predictor of toxicity. However, the
relationship between K™ and TI in terms of uptake and toxic effect requires further investigation.
1.1.6. Measurement of Tl in freshwater samples

Thallium in freshwater can be measured using several different approaches (Karbowska
2016; Table 1.3). Single element techniques such as flame atomic absorption spectrometry
(FAAS) and graphite furnace atomic absorption spectrometry (GFAAS) take advantage of the
fact that different elements absorb light at different wavelengths (Van Loon 2012). After a
sample is atomized the magnitude and specific wavelength of absorption are measured, and
concentration can be determined by reference to standard solutions. Other techniques such as
laser-excited atomic fluorescence spectrometry (LEAFS) use a light source to excite the analyte
atoms, quantifying elements based on the resulting fluorescence (Cheam et al. 1996). Differential
pulse anodic stripping voltammetry (DPASV) utilizes a 4-step process that includes cleaning,
electroplating, deposition and stripping, and which subsequently quantifies specific ionic species
based on the measurement of electrical current (Baron-Jaimez et al. 2013). However, mass
spectrometry-based techniques are considered the “gold standard” in trace metal analysis
(Wilschefski and Baxter 2019). In particular, inductively coupled plasma mass spectrometry
(ICPMS) is widely used due to the high sensitivity, precision and selectivity of the technique
(Gaillardet et al. 2003; Wilschefski and Baxter 2019). This technique also has the very practical
advantage of having a broader measurable concentration range than approaches such as GFAAS,
a factor that makes sample preparation easier (Garbarino 1999). The effectiveness of the ICPMS
for analytical analysis is further shown by its ability to measure concentrations of several
elements simultaneously, reducing overall runtime. The key advantage of ICPMS over other

techniques, however, is its low level of detection (LOD) for most elements, with the capacity to
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quantify metals at ultratrace levels (0.1 ng L) (Nriagu et al. 1993). Briefly, ICPMS measures
ions from a liquid sample that is nebulized into an aerosol before being transported into the
plasma torch (Wilschefski and Baxter 2019). The plasma torch, which is fueled by argon gas,
then ionizes the sample. The resulting ions are then separated on the basis of mass-to-charge
ratios by a quadrupole mass analyzer using alternating electrical fields, before being quantified
by a detector (Wilschefski and Baxter 2019).

Inductively coupled plasma mass spectrometry can be coupled with other techniques to
provide additional information such as trace metal speciation. One advancement is the coupling
of ICPMS to asymmetrical flow field-flow fractionation (AF4). The AF4 technique allows for
the non-destructive diffusion-based separation of particles, and has the ability to characterize
colloids, proteins and polymers from 1- 1000 nm in size (Wahlund and Giddings 1987). Since
the development of this technique, AF4 has been used for determining the different size fractions
of trace metals in freshwater samples (Cuss et al. 2017). The greatest value of this approach is in
the differentiation of the various trace metal species that exist in the “dissolved” fraction. As
noted above, dissolved metal is considered to be the fraction that passes through a 0.45 um filter,
and is frequently used as a proxy for the bioavailable fraction of waterborne metals (USEPA
1992). However, this fraction includes free metal ions as well as metals complexed to small
ligands and present in colloids, the latter of which are likely to have limited bioavailability (Cuss
et al. 2020). The AF4 technique allows a more refined assessment of trace metal in the dissolved
fraction and thus a more accurate assessment of bioavailability. Briefly, AF4-ICPMS works by
the injection of a sample onto a semi-permeable membrane. The membrane then undergoes a
focusing step, in which the sample is focused into a thin band. Thereafter, an eluent solution with

selectable pH is passed over the membrane and the molecules on the membrane are sent to the
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detector with their arrival time based upon their relative size (i.e., low molecular weight particles
and ions reach the detector before larger complexes). Detected trace elements can subsequently
be resolved into 4 separate size fractions: (1) void peak which contains ionic species and
organic-associated material with low molar mass; (2) organic matter-associated elements larger
than 300 Da in size; (3) inorganic colloids; and (4) inorganic material greater than 20.7 kDa in
size, such as oxyhydroxide complexes (Cuss et al. 2017). Through the use of deconvolution and
statistical analysis based on the data outputs from both AF4 and ICPMS, fractograms are
generated that provide visualizations of potential metal species associated with the different size
fractions. By identifying the size fractions a trace metal exists in, in the dissolved fraction, a
better understanding of bioavailability of trace metals is generated. This technique has been
applied in the Athabasca River and its tributaries, and has shown that bioaccessibility of trace

elements decreased with distance downstream in the Athabasca River system (Cuss et al. 2018).

Table 1.3. Methods for measuring T1 in water.

Method LOD Reference
(ng L)
Inductively Coupled Plasma Mass Spectrometry 0.1 Chapter 2
(ICPMS)
Laser Excited Atomic Fluorescence Spectrometry 0.1 Cheam et al. 1996
(LEAFS)
Differential Pulse Anodic Stripping Voltammetry 2 Lukaszewski et al.
(DPASV) 1996
Graphite Furnace Atomic Absorption Spectrometry 0.1 USEPA 1983
(GFAAS)
Inductively Coupled Plasma Optical Emission 40000 USEPA 1983
Spectrometry
(ICP-OES)
Flame Atomic Absorption Spectrometry 100000 USEPA 1983
(FAAS)

LOD: Limit of detection

1.1.7. Thallium bioaccumulation
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Given that most Tl is present in the environment in a bioavailable form, then T1
accumulation in aquatic biota would be expected. Supporting this, field studies have shown that
in fish Tl accumulates in several tissues including gill, muscle, intestine, kidney and otolith (LIS
1980, as cited in Couture et al. 2011; Shotyk et al. 2019; Mijosek et al. 2020; Chan et al. 2021).
Based on ratios of tissue to dissolved environmental Tl concentration (i.e., bioaccumulation or
bioconcentration factors (BAF/BCF); see Chapter 6), T1 does not generally appear to
bioaccumulate to levels that are considered by regulators to be of concern (i.e., BAF/BCF:
>5000; Environment Canada 2000a). There are some exceptions, however. For example, BAF
values for field-collected lake trout from Lake Michigan (BAF 10071, whole body; Lin et al.
2001), and ayu from the Wengjiang River (BAF 8750, muscle; Chan et al. 2021), exceed the
threshold of regulatory concern. As the accumulation of trace metals is frequently linked to their
toxic impact (Souid et al. 2013; Moyson et al. 2016), and is an important component of aquatic
risk assessments for trace metals (DeForest et al. 2007), more studies of Tl bioaccumulation are
required. A detailed exploration of T1 bioaccumulation in aquatic organisms can be found in
Chapter 6.

As mentioned above, the bioaccumulation of T1 is believed to be linked to K* (Cvjetko et
al. 2010). For example, in phytoplankton reduced Tl accumulation can be observed in the
presence of elevated K* (Twiss et al. 2004). Other evidence across a range of organisms and
study systems provides mechanistic support for this observation, by indicating that T1" uptake
occurs via K" transporters (Britten and Blank 1968; Belowitz and O’Donnell 2013). Indeed,
some studies have shown that T1" has a greater affinity for uptake through K" transporters than
K" itself (Britten and Blank 1968), and that T substitution can occur without affecting

physiological function (Britten and Blank 1968; Galvan-Arzate and Santamaria 1998; Carmosino
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et al. 2013). However, at high concentrations T1 can inhibit K™ transporter function (Cavieres and
Ellory 1974; Sherstobitov et al. 2010).

Following uptake, T1 is handled much like a K" ion (Leonard and Gerber 1997). As a
result, T1 tends to accumulate in K'-rich tissues such as muscle and kidney, before being
excreted through the feces and urine (ATSDR 1992). At an intracellular level, T1 has been found
to sequester in the mitochondria (Herman and Bensch 1967; Fukumoto et al. 1997). As
mitochondria rely on K" transport for processes such as adenosine triphosphate (ATP) production
(Laskowski et al. 2016), mitochondria may be an important loci of Tl toxicity (Fukumoto et al.
1997). Interactions between T1" and K" are the result of similarities in charge (+1) and in
effective ionic radii (T1": 150 pm; K*: 137 pm) (Shannon 1976).

1.1.8.  Thallium toxicity

Thallium poisoning has been well characterized in humans, with calculated lethal doses
of Tl ranging from 10 to 15 mg kg™' (Moeschlin 1980). However, the diagnosis of Tl poisoning
can be difficult, as Tl toxicity is complex and symptoms can initially be generic in nature
(Cvjetko et al. 2010). Following acute exposure to Tl, gastrointestinal symptoms are first to
develop, while prolonged exposure can result in paresthesia, severe pain and neurological effects
(Kou et al. 2005). Neurological symptoms include sensory effects such as hypoesthesia, and
locomotor effects such as hyporeflexia and deterioration of muscle strength (Kou et al. 2005).
Interestingly, gastrointestinal symptoms such as vomiting, nausea and diarrhoea become mild or
non-existent as exposure to Tl lengthens (Zhang et al. 1998). One treatment that has been found
effective in ameliorating toxic effects of Tl following poisoning, is the administration of Prussian
blue (Fes[Fe(CN)s]3). Prussian blue adsorbs T1", reduces its bioavailability, and facilitates

excretion of Tl from the body (Rauws and Canton 1976).
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As noted above, Tl is a neurotoxicant in humans. For example, respiratory depression,
muscle weakness, blurred vision and nerve paralysis are all neurological symptoms characteristic
of human TI poisoning (Desenclos et al. 1992), and can persist for extended periods following
exposure (Lu et al. 2007). Effects of T1 as a neurotoxicant have also been seen in mammalian
model organisms. For instance, in rats Tl exposure can induce brain lesions (Barroso-Moguel et
al. 1994), neuromuscular paralysis (Wiegand et al. 1984), and altered brain neurochemistry
(Hasan et al. 1978). At a whole animal level these effects can manifest as changes in locomotor
activity (Osorio-Rico et al. 2015).

Most of the existing knowledge of TI toxicity in aquatic organisms focuses on mortality
following acute, sub-chronic, and chronic laboratory exposures (Table 1.4). The acute median
lethal concentration (LCso) of Tl to aquatic invertebrate species ranges from 0.66 to 2.01 mg Tl
L. Interestingly, the concentrations that elicit lethal effects in invertebrate species are similar to
those reported in fish (0.86 - 4.27 mg T1 L'!'; LeBlanc and Dean 1984; Pickard et al. 2001; Tatsi
et al. 2015), suggesting a similar sensitivity to acute T1 toxicity across phyla. Studies assessing
the chronic toxicity of Tl to aquatic organisms are limited. However, a chronic (28-d) LCs value
for Daphnia magna of 0.39 mg L™! has been determined (Kimball 1978). Additionally, in an
embryo-larval bioassay, the 28-d LCsp value for rainbow trout was calculated at 0.17 mg T1 L™!
(Birge 1978).

Effects of Tl on growth and reproduction have also been measured in aquatic biota. In the
cladoceran crustacean Ceriodaphnia dubia, the first quartile effect concentration (ECs) at which
growth and reproduction were significantly impacted by waterborne Tl was 0.17 and 0.10 mg TI
L, respectively (Pickard et al. 2001; Rickwood et al. 2015). However, the EC»s has been

observed to decrease (i.e., Tl becomes more toxic) when organisms were exposed in K*-depleted
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media (Rickwood et al. 2015). In fish, Tatsi and colleagues (2015) observed that fathead minnow
larvae experienced abnormal growth following a 96-h exposure to 0.8 mg TI1 L. An effect on
growth has also been observed in female fathead minnow larvae following a 7-d exposure to 0.8
ug TI L' (LeBlanc and Dean 1984). Other whole animal effects of Tl on fish include decreases
in oxygen consumption and increased ammonia nitrogen excretion following exposure to 0.1 pg
TIL! (Ma et al. 2019; Li et al. 2020), and a decreased heart rate after a 96-h exposure to 0.8 mg
T1 L' (LeBlanc and Dean 1984). Additionally, Tl causes structural changes in the gill of adult
zebrafish following a 96-d exposure to 0.5 pg TI L' (Wang et al. 2021).

Although Tl is a neurotoxicant in mammals, there is limited evidence for such effects in
aquatic animals. One recent study did, however, show that medaka (Oryzias latipes) exposed to
soils with elevated TI exhibit altered swimming behaviour (Hsu et al. 2022). Specifically, Tl at
15 mg kg'! increased maximum swimming velocity. This finding is similar to outcomes from a
study where fish exposed to 42 ug TI L exhibited hyperexcitability (Farag et al. 2021).
Although data are scarce regarding the neurological effects of Tl on aquatic biota, research to
date, coupled with evidence for such effects in mammalians systems (see above), indicates that
this could be an important mechanism by which Tl affects aquatic animal health.

In studies performed thus far, two main cellular/biochemical mechanisms of T1 toxicity
can be recognized. The first is interference with K™ homeostasis. As noted above, Tl gains access
to cells through K* transporters, but there is also evidence that T1 can interfere with K™ handling.
For example, exposure of human blood cells to T1 causes an inhibition of sodium/potassium
ATPase (NKA) activity (Cavieres and Ellory 1974; Skulskii et al. 1975; Sherstobitov et al.
2010). This enzyme plays a critical role in the maintenance of cellular electrochemical gradients,

which are responsible for cellular ion transport and organismal salt and water balance (Moller et
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al. 1996). Effects of Tl on NKA activity have also been observed following whole animal
exposure to Tl. In Hou et al. (2017), NKA activity significantly increased when zebrafish were
exposed to concentrations as low as 0.02 pg T1 L™! for 96-d. Notably, the effects of T on K*-
dependent ionoregulatory enzymes are not restricted to NKA. For example, at exposure
concentrations above 613 mg L', TI inhibited (K,H)-ATPase activity in hog gastric mucosal
epithelia (Rabon and Sachs 1981). Since TI exposure appears to affect K™ handling, altered ion
homeostasis might ultimately be the cause of Tl mortality in aquatic biota, at least by analogy
with other ion-disrupting metal ion toxicants (Grosell et al. 2002).

The second key mechanism of T1 toxicity is the induction of oxidative stress (Appenroth
and Winnefeld 1999; Kili¢ and Kutlu 2010; Kili¢ and Kili¢ 2017). The generation of reactive
oxygen species (ROS) is a normal consequence of oxidative metabolism, but if present in excess,
ROS can cause oxidative damage (Pizzino et al. 2017). In most cells, under normal conditions,
antioxidants act to scavenge excess ROS, preventing damage from occurring. In rats, T1 exposure
results in changes in antioxidant enzyme activity (Appenroth and Winnefeld 1998; Kili¢ and
Kutlu 2010), and in concentrations of non-enzymatic antioxidants such as glutathione (GSH)
(Villaverde et al. 2004). For example, in livers of rats injected with 32 mg kg™! Tl, activity of the
enzyme antioxidants superoxide dismutase (SOD) and glutathione peroxidase (GPx) was
significantly inhibited, and the content of GSH was decreased (Kili¢ and Kutlu 2010). Notably,
these changes in protective mechanisms were such that Tl exposure resulted in lipid
peroxidation, a form of ROS-mediated oxidative damage. Effects of Tl on antioxidant capacity
have also been observed in aquatic organisms. One study by Kili¢ and Kili¢ (2017) showed that
following a 7-d exposure of the aquatic oligochaete Tubifex to 1 pg T1L !, catalase (CAT) and

GPx activity increased, as did GSH content. As the length of exposure increased to 15-d, CAT
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activity remained elevated, but decreases in glutathione S-transferase and GPx activity and GSH
content were observed. Similarly, decreases in antioxidant enzyme activity of CAT and SOD
were seen in Nile tilapia (Oreochromis niloticus) exposed to 42 pg TI L' for 60 days (Farag et
al. 2021). These studies suggest that oxidative stress is a conserved mechanism of Tl toxicity,
although further work is required to extend these findings to other species and exposure

scenarios.
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Table 1.4. Acute and chronic lethal and effect concentrations of Tl to algae, aquatic invertebrates, and fish.

Exposure

Acute

Tl
Latin name Endpoint Exposure Medium Concentration Reference
length (h) 1
(mg L")
ECso
(Growth) 0.087
ECso
(Reprod.) OECD 201 0.033 Tatsi et al.
Raphidocelis ECas 0.04 2015
subcapitata | (Growth) '
ECas
0.017
Algae | Microalga (Reprod.)
ICas 72 . Pickard et al.
(Growth) Not specified 0.09 2001
ECys M4 without 0.005 Rickwood et
(Growth) K ] al. 2015
Chlorella sp. ECso Eraquﬂ 0.16 Hassler et al.
Growth raqui 2007
(Growth) without K 0.002
Amphipod Gamslgarus LClioo Not specified 4 Nehring 1962
Ceriodaphnia EPA 0.66
dubia "moderately" ' Lin et al. 2005
hard water 1.66
48 -
Invert. LCso Not specified 2.01 Pickard et al.
Crustacean Daphni 2001
aphnia OECD 202 1.86¢ Chapter 2
magna 1 OECD 202 5714 Chapter 5
ECas 43 OECD 202 0.75 Tatsi et al.
(Immobil.) Tap water 0.35 2015
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Table 1.4. cont.

Tl
EX]I,) oszre Group Latin name Endpoint 1]2, flp:liu(;e) Medium Concentration Reference
Yp g (mg L-l)
Daphnia ECso OECD 202 1.18
magna (Immobil.) Tap water 0.51¢
t
Invert. | Crustacean ECZS. 48 OECD 202 0.725 Tatsi et al.
Davhnia vl (Immobil.) Tap water 0.58¢ 2015
AR PUEY [ p o OECD 202 0.98"
(Immobil.) Tap water 0.74'
Zebrafish Danio rerio Tap water 0.87"
Bluegill Lepomis Dawson et al.
sunfish macrochirus LCso 96 Well water 132 1977
Acute Pickard et al.
Rainbow Oncorhynchus 4.27" ¢ ;(r)me e
trout mykiss :
_ > Not 10-15
Fish uropean erca - ¢
Perch Sfluviatilis LCioo 72 specified 60 Nehring 1962
Common Rutilus rutilus 40-60"
roach
ns LeBlanc and
Fathead | Pimephales LCso %6 Well water 0.86 Dean 1984
minnow promelas ICas d Rickwood et
(Weight) 168 Tap water 0.201 al. 2015
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Table 1.4. cont.

Tl
Exposure Latin name Endpoint l]f: flp:ﬁu(;e) Medium Concentration Reference
8 (mg L)
Tap water 0.01™
LCos 072 Artificial 2ns
Amphipod Hyalella medium 0.00 Borgmann et
azteca ECss 1008 without K 0.007" al. 1998
(Growth) Tap water 0.002™
Daphnia sp. LCioo 2-4 Nehring 1962
Crustacean LCso Not specified 0.37" Pickard et al.
. ECas n 2001
Chronic Invert. Ceriodaphnia | (Reprod.) 168 0.1
dubia M4 without
EC»s K 0.035¢ Rickwood et
(Growth) VY 0.16° al. 2015
Crustacean LCso 672 Not specified 0.39™ Kimball 1978
Daphnia ECso 0.014
(Reprod.)
magna 504 OECD 202 Chapter 3
ECso 0.002¢
(Growth) '
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Table 1.4. cont.

Tl
Exposure Latin name Exposure Medium Concentration Reference
length (h) (mg L
Rickwood et
>0 sd
Fathead Pimephales 168 Tap water 0.5 al. 2015
minnow promelas ns LeBlanc and
) ) 720 Well water 0.35 Dean 1984
Chronic Fis LCso t .
0.29
Zebrafish Danio rerio 144 Tap water Tatsi et al.
0.16' 2015
Rainbow Oncorhy.nchus 672 Ngt 0.17" Birge 1978
trout mykiss specified

' Total concentration

d: Dissolved concentration

": Nominal concentration

"S: Total or dissolved not specified

LC»s: Concentration where 25% of the exposed population would experience mortality.
LCioo: Concentration where 100% of the exposed population would experience mortality.
IC»s: Concentration where 25% of the exposed population would experience inhibited function.
EC»s: Concentration where 25% of the exposed population would experience an effect.
Invert: Invertebrate

Reprod: Reproduction

Immobil: Immobilization
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1.1.9. Thallium regulations and water quality guidelines

Based on the knowledge that T1 is bioavailable and can cause toxicity to aquatic
organisms and humans, some regulatory bodies have developed guidelines for the protection of
human health and aquatic ecosystems (Table 1.5). For example, there are USEPA guideline
values that consider the exposure of human populations to TI through drinking water and diet
(0.24 pug T1 L"), and through diet alone (0.47 pg T1 L) (USEPA 2002a). Additionally, drinking
water standards have been developed. These include a maximum contaminant level (MCL) of 2
ug TI L, with a maximum contaminant level goal (MCLG) of 0.5 ug L™! (USEPA 2009a).
Thallium is also included on the USEPA’s priority pollutant list (USEPA 2014), which are
chemical pollutants of specific interest, and which are subject to regulatory control.

In Canada, the Canadian Council of Ministries of the Environment (CCME) have set a
guideline value for the protection of aquatic life against T1 toxicity (0.8 pg L™': CCME 1999). In
the development of this guideline, acute LCso values of T1 toxicity to an aquatic invertebrate
Daphnia magna (0.68 mg T1 L"), and fathead minnows (0.86 mg T1 L™!) were considered
(Kimball 1978; LeBlanc and Dean 1984). Additionally, chronic lowest observed effect
concentration (LOEC) values for growth of fathead minnow embryos (0.08 mg T1 L") and
reproduction of Daphnia magna (0.39 mg T1 L") were evaluated (Kimball 1978; CCME 1999).
Ultimately, however, the water quality guideline for T1 was based upon studies assessing the
bioaccumulation and toxicity of TI in an aquatic plant, common duckweed (Lemna minor)
(Brown and Rattigan 1979; Kwan and Smith 1988). The guideline for Tl was calculated by
multiplying the L. minor 14-d ECso value (8 ug L") by a safety factor of 0.1. As the route of
uptake and mechanisms of toxicity of Tl to plants can differ greatly from those of animals

(Karbowska 2016), it is unknown whether this guidance adequately protects aquatic animals
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against TI toxicity. Additionally, since the development of the Tl guideline, the CCME has
published a new protocol for the derivation of water quality guidelines (CCME 2007). This
protocol is a 7-step process that considers all available toxicity data, as well as toxicity
modifying factors, for a chemical substance of interest. As such, more data regarding the toxicity
of TI to aquatic animals will ultimately be of regulatory value.

Given the hypothesized protective effect of K* on Tl toxicity (Hassler et al. 2007),
guideline values may be improved by considering K concentrations when assessing the risk of
aquatic Tl contamination. One approach that may prove useful is the Biotic Ligand Model
(BLM), a predictive risk assessment tool for the protection of aquatic ecosystems against trace
metal toxicity (Di Toro et al. 2001). In a BLM, toxicity is predicted by incorporating mechanistic
understanding of trace metal uptake; the relationship between accumulation and toxicity; and
knowledge of the interactions between the trace metal and water chemistry (Di Toro et al. 2001;
Niyogi and Wood 2004). For example, Ag" is taken up across the gills of aquatic animals
through apical Na" channels (Bury and Wood 1999). It is known that DOC binds Ag, reducing
bioavailability, and consequently Ag toxicity (Glover and Wood 2005a). Similarly, elevated
water Na' can outcompete Ag" for uptake, also reducing toxicity (Bury and Wood 1999). Thus,
with the knowledge of how Na" and DOC can reduce bioavailability and toxicity, site-specific
predictions of toxic impact can be made based on water chemistry parameters and measured Ag
concentration. Under the same paradigm, if bioavailability of Tl is effectively reduced by K*
concentration, and if Tl bioaccumulation relates to TI toxicity, then measures of water K* can be
incorporated for a more accurate prediction of the risk associated with a given concentration of
waterborne Tl. Indeed, a Tl BLM has been developed by Hassler et al. (2007), in which effect

concentrations for Tl inhibition of microalgal growth were shown to be governed by K*
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concentration. This relationship showed that a 40- to 160-fold molar excess of K™ over Tl was
needed to ameliorate T toxicity in Chlorella sp. However, the applicability of this relationship in
terms of its capacity to protect other aquatic organisms from Tl toxicity has not been established.
Table 1.5. Regulatory guidelines for human health and aquatic life.

Limit value

Agenc - Reference
SRty (ug LY
USEPA, human health water quality criteria for consumption of 0,245 USEPA
water + organism ) 2003
USEPA, human health water quality criteria for consumption of 0,471 USEPA
organism only ] 2003
USEPA, drinking water, MCLG 0.5™ UZS (]):E)I;A
. ns USEPA
USEPA, drinking water, MCL 2 2009
¢ CCME
CCME, freshwater 0.8 1999
: . ns CMEP
China, water quality 0.1 2002
China, drinking water 0.1 MHC 2006

MCLG: Maximum contaminant level guideline.
MCL: Maximum contaminant level.
"S: Dissolved/total not specified
' Total concentration
1.1.10. Model organisms

The studies in this thesis are focussed on two freshwater species, the cladoceran Daphnia
magna and rainbow trout (Oncorhynchus mykiss). Daphnia magna are freshwater crustaceans
commonly found in lacustrine ecosystems across the Northern hemisphere. They display a
number of traits that make them important indicator species, including rapid growth, a short
maturation time, high reproductive output, and a general sensitivity to aquatic contaminants
(Baudo 1987). Furthermore, daphnids serve as an important model organism in toxicology, and

are the subject of standardized toxicity testing methods for the CCME, USEPA and Organisation

for Economic Cooperation and Development (OECD)(Biesinger et al. 1987; Environment
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Canada 2000b; OECD 2004). These methods exist for the assessment of both acute and chronic
endpoints including survival/immobility, growth, and reproduction (Biesinger et al. 1987; OECD
2004). To date, several studies have assessed T1 toxicity to D. magna (Pickard et al. 2001; Tatsi
et al. 2015), reporting 48-h LCso/ECso values in the range of 1.2 to 4 mg L™!. The variability in
these numbers highlights the need for further studies in this species, especially as data derived
using daphnids are foundational in many regulatory assessment schemes (CCME 1999; 2007).
The other focal species in this thesis is the rainbow trout (Oncorhynchus mykiss). This teleost
fish is native to Pacific Ocean tributaries and has long been associated with healthy streams in
North America (USGS 1998). Historically, salmonid fish are considered among the most
sensitive to trace metals, although this is a pattern that does not appear to be true for all metal
contaminants (Besser et al. 2020). Importantly, however, rainbow trout have been recognized as
a surrogate species for cold-water fish by the USEPA (Dwyer et al. 1995). Additionally, like D.
magna, standardized protocols have been developed for rainbow trout for measuring toxicity and
sub-lethal effects of aquatic contaminants (USEPA 2002b; Lazorchak and Smith 2007).
Although data on TI toxicity to rainbow trout are scarce, acute (96-h) and sub-chronic (28-d)
LCsovalues of 4.3 mg L' and 0.17 mg L', respectively, have been derived (Birge 1978; Pickard
et al. 2001). The studies described in this thesis add to the understanding of TI toxicity to
rainbow trout through addressing hypotheses associated with T1 bioaccumulation, and effects on
ionoregulation and oxidative stress.
1.2. Research goals and objective

The goal of this thesis is to develop a greater understanding of the effects of dissolved TI
on aquatic organisms as they relate to bioavailability, bioaccumulation, and the underlying

mechanisms that cause T1 toxicity. Through the use of molecular, biochemical, physiological,
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behavioural, and toxicological assays, and advanced analytical chemistry, this work will:
determine the modifying effects of water chemistry (including major ion concentration) on T1
toxicity; delineate patterns of Tl accumulation; and document effects of Tl on the key
toxicological model species Daphnia magna and rainbow trout (Oncorhynchus mykiss). These
will be demonstrated over both acute and (sub)chronic exposure periods. All exposures
throughout this thesis were conducted at circumneutral pH and reported T1 concentrations are
dissolved unless otherwise stated. The overall goal of this research is to provide data that can
contribute towards the creation and refinement of global and Canadian water quality guidelines
for TL.
1.3. Thesis outline
1.3.1. The effects of major ions and dissolved organic matter (DOM) on complexation and
toxicity of dissolved thallium to Daphnia magna:

Changes in water chemistry influence the speciation and bioavailability of metals in
aquatic ecosystems. To date, however, little is known regarding the effects of water chemistry on
Tl bioavailability, and thus toxicity. In Chapter 2 the effects of changes in water ions and the
presence of DOM (a ubiquitous metal-binding ligand in natural waters) on Tl toxicity to Daphnia
magna is examined. Metal speciation was modeled using visual MINTEQ and measured using
AF4 to determine if changes in water chemistry affected TI speciation. It was hypothesized that
Tl toxicity would be influenced by water K" concentration as Tl is a known K" mimic. Also, the
presence of DOM was predicted to reduce Tl toxicity by forming non-exchangeable organic
complexes, thus reducing Tl bioavailability.

1.3.2. Chronic toxicity of waterborne thallium to Daphnia magna:
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Although several studies have considered acute toxicity of Tl to aquatic organisms, there
is little literature related to chronic toxicity. Therefore, the effects of chronic Tl exposure to
Daphnia magna were examined. In particular, survival, reproduction, growth and body burden
were assessed. In this study (Chapter 3) it was hypothesized that chronic T1 exposure would
result in an increased T1 body burden and decreased survival, growth, and reproduction.

1.3.3.  Effects of thallium exposure on phototactic behaviour in Daphnia magna:

Thallium is a known neurotoxicant in humans. However, there are few studies that
provide experimental support for this being a mechanism of importance in aquatic organisms. In
the presented work (Chapter 4), phototactic behaviour in the presence of Tl was assessed in
Daphnia magna. In addition, biochemical assays were used to determine if observed effects on
behaviour were the result of sensory or motor impairment. As acute T1 exposure can cause
sensory impairment in mammals, it was hypothesized that T1 would impair phototactic behaviour
through a similar mechanism in aquatic organisms.

1.3.4. Mechanistic examination of thallium and potassium interactions in Daphnia magna:

The major mechanism of TI toxicity appears to be related to its ability to mimic K*, as
demonstrated by studies that show a modifying effect of water K™ on Tl toxicity. To develop a
better mechanistic understanding of this relationship, the effects of K on Tl toxicity were
examined using K" analogues and putative K transport blockers. In this study it was
hypothesized that changes in water K™ concentration would influence Tl toxicity, and that TI
exposure would interfere with K" uptake.

1.3.5. Accumulation of thallium in rainbow trout (Oncorhynchus mykiss) following acute and

sub-chronic exposure:
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Thallium is bioavailable and accumulates in aquatic biota. Chapter 6 aimed to measure
tissue-specific Tl accumulation in rainbow trout, and determine how it relates to exposure
concentration and exposure length. In this study, gill, blood plasma, muscle and otolith tissues
were examined for Tl burden. Additionally, K™ concentration was measured in blood plasma and
muscle tissue to delineate any effect of Tl on K™ homeostasis. It was hypothesized that Tl
accumulation following acute and sub-chronic exposure would be observed, and be associated
with uptake through the gills, distribution through the body via blood, resulting in further
accumulation in tissues such as muscle and otolith.

1.3.6. Effects of acute and sub-chronic waterborne thallium exposure on ionoregulatory
transporters in the gill and kidney of rainbow trout:

One of the mechanisms by which trace metals induce toxicity is the disruption of ion
transport. In freshwater teleosts, branchial and renal transporters are critical for maintaining
ionoregulatory homeostasis. Since Tl handling is commonly linked to its ability to mimic K", it
is possible that T1 exposure can result in changes in ionoregulatory transporter function due to
interactions between the two cations. In this study (Chapter 7) it was hypothesized that following
acute and sub-chronic exposure to T1, changes in ionoregulatory transporters would occur in the
gill and kidney of rainbow trout.

1.3.7. Effects of acute and sub-chronic waterborne thallium exposure on antioxidant capacity
and protein carbonylation in liver of rainbow trout:

Oxidative stress is a known mechanism of T1 toxicity. To date, however, effects of Tl on
oxidative stress endpoints such as antioxidant capacity and protein damage have not been

assessed in freshwater regulatory species such as rainbow trout. For this study (Chapter 8), |
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hypothesized that T1 exposure would cause changes in antioxidant capacity, which would also be

reflected in altered protein carbonylation, indicative of an effect of Tl on oxidative stress.
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2. The effect of major ions and DOM on complexation and toxicity of dissolved thallium to
Daphnia magna
2.1. Introduction

Thallium is a trace element of significant concern with respect to its potential impact on
aquatic biota (Couture et al. 2011). Commonly associated with the mining of base metals and
coal, TI has been observed in mine tailing waters at levels as high as 15 mg L™, values that are
above LCs values for a number of aquatic species (Pickard et al. 2001; Williams-Beam and
Twidwell 2003). For example, the acute Tl LCso values for the key freshwater toxicity test
species Daphnia magna and rainbow trout are reported to be 2.01 and 4.27 mg L™}, respectively
(Pickard et al. 2001). While such high concentrations are rare and T1 is present in most aquatic
systems at very low concentrations (Couture et al. 2011), a recent study has shown that Tl has a
considerable capacity for bioaccumulation. Concentrations of Tl averaged approximately 3 ng L
lin the Athabasca River in Northern Alberta, Canada, but of all trace elements analyzed in fish
otoliths collected from these waters, Tl showed the greatest tissue enrichment relative to its
concentration in water (6071 fold; Shotyk et al. 2017; 2019). Because of the association between
trace metal accumulation and toxicity, these findings raise concerns regarding TI toxicity,
especially in waters where T1 concentrations are elevated.

In order to protect aquatic biota against the harmful effects of elevated Tl, some
jurisdictions have developed water quality criteria for this trace element. In Canada, for example,
the criterion value for Tl is 0.8 ug L. This value was derived by taking the 14-d median effect
concentration obtained from studies of T1 toxicity to the aquatic plant duckweed (Lemna minor;

Brown and Rattigan 1979), and multiplying by a correction factor of 0.1 (CCME 1999). The
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resulting criterion is one that is regularly exceeded in Canadian waters as a consequence of
enrichment from industry (Cheam 2001).

In recent years there has been a move towards incorporating assessments of
bioavailability into water quality criteria for trace elements in natural waters. One such approach
is the BLM (Di Toro et al. 2001). This tool uses water chemistry to predict the bioavailable
fraction of a metal (more specifically, its free ionic form), as this is a measure that governs the
bioaccumulation of the metal at a biologically sensitive site (e.g. the fish gill). Ultimately, the
magnitude of bioaccumulation determines effect, allowing site-specific predictions of toxic
impact by calculation of bioavailable metal fraction. Biotic ligand models have been developed
to predict the toxicity of multiple trace elements in aquatic and terrestrial settings, over both
acute and chronic exposure periods. For example, extensive validation of freshwater models for
metals such as Cu and nickel (Ni) has led to their inclusion in regulatory frameworks worldwide
(Riidel et al. 2015). Bioavailability of a trace element is usually associated with the dissolved
fraction, which is operationally defined as any particle that can pass through a 0.45 pm filter.
However, this definition does not account for the presence of metals that are complexed by or
bound to particles such as colloids and dissolved organic matter (DOM), which may pass
through a 0.45 pm filter, but which may not be bioavailable, and therefore do not contribute
towards toxicity (e.g., Buffle and Leppard 1995).

To date there is very little understanding of how water chemistry influences Tl speciation
and/or toxicity. Thallium is found in two oxidation states in natural waters: TI(I) and T1(III), with
the former state predominating (Lin and Nriagu 1998). This is a consequence of the rapid
reduction of TI(III) to TI(I) in waters with circumneutral pH (Kaplan and Mattigod 1998). In its

monovalent form, Tl is considered to cause toxicity through its mimicry of K (Nehring 1962;
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Pickard et al. 2001; Tatsi et al. 2015). This effect is mediated principally through similar ionic
radii and charge, allowing the hydrated TI" to cross epithelia via K™ transport pathways, and
inhibit processes related to K transport (Nriagu 1998; Couture et al. 2011). Consequently, Tl
toxicity should be affected by the concentration of monovalent ions in the water and/or the
presence of ligands that complex with T1, preventing it from accessing transport pathways.

The goal of the present study was to examine the toxicity of Tl to Daphnia magna as a
function of water chemistry. Specifically, the roles of complexation and competition in
mediating the toxic effects of Tl in freshwaters were investigated. This analysis included
assessing dissolved T1 speciation using Visual MINTEQ and measuring its complexation with
DOM using AF4 coupled to ICPMS. This latter approach fractionates dissolved material in the
1-100 um range using a diffusion-based non-destructive separation (Cuss et al. 2017). This
facilitates the fractionation of trace elements into different forms, and the identification of
interactions of dissolved metals with organic and inorganic ligands. Daphnia magna were chosen
for the present study as they are a commonly employed laboratory toxicity test species that
exhibit relatively high sensitivity to trace metals, including Tl (Tatsi et al. 2015). Because of the
known interaction between Tl and K', it was hypothesized that T toxicity to Daphnia magna
would be reduced in waters with elevated K™ concentrations. The effects of water pH (through
elevated bicarbonate, which may also increase inorganic complexation of TI), and the role of
DOM were also tested. Dissolved organic matter has a well described protective effect against
many metal contaminants (e.g., Glover et al. 2005), an effect mediated through complexation of
cationic metals by DOM, which reduces the capacity for ion mimicry. To date, however, the
effects of DOM on Tl toxicity remain unexplored. Ultimately, developing a mechanistic

understanding of relationships between water chemistry, TI speciation and toxicity may
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contribute to site-specific guidelines for this element, through the development of water quality
criteria that incorporate bioavailability.
2.2. Methods
2.2.1. Daphnia magna culture

A Daphnia magna culture was acquired from Aquatic Research Organisms (Hampton,
New Hampshire, USA), and maintained in the Department of Biological Sciences at the
University of Alberta. Daphnia were kept in a reconstituted artificial water as recommended in
the Organization for Economic Co-operation and Development guidelines (International
Organization for Standardization (ISO) test water 1; OECD 2004). The composition of this water
was (in mM): 2.0 CaCl, 0.5 MgSO47H>0, 0.77 NaHCO3, 0.08 KCI; pH 7.5, made up in a high-
quality ultrapure water (>18 MQ-cm at 25°C, ELGA LabWater, High Wycombe, UK). This
medium is hereafter referred to as OECD water. The Daphnia culture was maintained on a 16:8
hour dark: light cycle, at 22°C, with daily feeding (Roti-Rich Liquid Invertebrate Food).
2.2.2. Chemicals

Thallium(I) nitrate (purity 99.999%, trace metals basis) was purchased from Sigma-
Aldrich (St. Louis, Missouri, USA), and a stock solution of 50 mg L' was reconstituted in 1%
trace element grade nitric acid (HNO3), with pH adjusted to 7.5 using 0.1 M sodium hydroxide.
Freshly prepared stock solutions were used to dose all exposure solutions. Powdered reverse
osmosis DOM samples (Suwannee River natural organic matter (NOM), Suwannee River Fulvic
Acid, and Suwannee River Humic Acid) were obtained from the International Humic Substances
Society. These sources were reconstituted in ultrapure water.

2.2.3. Toxicity assays
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To determine the acute LCso, appropriate volumes of the T1 stock solution were added to
50 mL of OECD water in 50-mL acid-washed glass beakers to give nominal test concentrations
of 0 (no added T1), 0.1, 0.25, 0.5, 1, 2, 4, 8 mg L"!. Solutions were made up 24-h prior to test
initiation to facilitate speciation equilibration. To initiate the test, 10 Daphnia magna neonates
(<24-h old) were added to each glass beaker, with each test concentration replicated six times
(i.e., n = 6). Daphnia were not fed during the test duration to avoid potential confounding effects
of food on metal speciation. Tests were conducted at 22°C, under a 16:8 hour dark: light cycle.
Water samples were taken at 0-h (immediately after Daphnia addition) and at 48-h, either
without treatment (total) or after passage through an acid cleaned 0.45 um filter (“dissolved”;
0.45-pm Millex-HV Syringe Filter; Sigma-Aldrich; Saint Louis, MO, USA) for analysis of Tl
concentration (see Section 2.2.5). After 48-h, Daphnia mortality (cessation of any movement)
was recorded.
2.2.4. Effect of water chemistry

Using the LCs value determined from the previous experiment, Tl was added to water of
a number of different compositions to a final concentration of 1.86 mg L™! (see Table 2.1). For
each of these compositions, a control experiment was conducted in the absence of Tl to ensure
that toxicity was not related to the water chemistry. No mortalities were observed in any control
experiments, with the exception of CaCl: (see Section 2.3.3). To minimize the effect of biomass
on water chemistry these assays were performed at a low biomass to water ratio, in 250-mL acid-
washed glass beakers (n = 6-11), but otherwise followed the protocol described in Section 2.2.3.

Samples of total and dissolved water were collected at 0 and 48-h for analysis via AF4-ICPMS.
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Table 2.1. Nominal chemistry of experimental waters.

Water
Chemistry
Manipulation

OECD water 7.5 0.77 | 0.08 | 4.08 0.5 0.5 0.77 2 0

[Mg?*] [SOs4] [COs*] | [Ca?] | [DOC]

mM mM mM mM mgCL!

+10mM 8.3 0.77 | 0.08 | 14.6 0.5 0.5 0.77 10 0
CaClz

+ 10 mM 14.0
NaCl 6.8 10 | 0.08 3 0.5 0.5 0 2 0

+ 10 mM

NaHCOs 8.5 10 | 0.08 | 4.08 0.5 0.5 10 2 0

+10mMKCl | 85 0.77 10 14 0.5 0.5 0.77 2 0

+ 10 mg/L
Suwannee
River Natural 7.5 0.77 | 0.04 | 4.08 0.5 0.5 0.77 2 5
Organic
Matter

+ 10 mg/L
Suwannee

River Fulvic
Acid

7.5 0.77 | 0.04 | 4.08 0.5 0.5 0.77 2 5

+ 10 mg/L
Suwannee
River Humic
Acid

7.5 0.77 | 0.04 | 4.08 0.5 0.5 0.77 2 5

" pH value measured via calibrated Fisher Scientific Ab15 pH meter.
2.2.5. Metal speciation and concentration analysis

Metal concentration and speciation within dissolved water samples were analyzed by
AF4-ICPMS. Total metal concentrations were measured via introduction of the sample to an
injection valve downstream from the AF4. Full details regarding analysis and procedures are
described in Cuss et al. (2017), but are briefly outlined here. Thallium speciation analysis was
conducted using an AF4 equipped with a 300 Da membrane to reduce overall loss of small
organics and other colloids through the membrane. Samples (300 pL) were initially injected via
autosampler, focused for 6 min at a crossflow rate of 2.1 mL min’!, and then eluted. The eluent

was composed of (NH4)>COs buffer, adjusted to pH = 8.3, and specific conductance = 300 puS
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cm’. During analysis, blanks were analyzed after every sample to clean the membrane and
monitor carryover, and the channel and ICPMS instrument response/accuracy were respectively
recalibrated after every 10 samples using a mixture of bromophenol blue and polystyrene
sulfonate size standards (0.67-20.7 kDa), multi-element standard solution, and standard
reference materials: Spectrapure Standard Surface Water 2 (SPS SW2) diluted 100 fold, and
National Institute of Standards and Technology (NIST) 1640a diluted 10 fold. Samples were
acidified online downstream of the AF4 by adding double-distilled HNOs to a final concentration
of 2% through a micro-mixing tee. The acid solution was spiked with 5 pg L' of indium and
bismuth as internal standards to correct for fluctuations in the sensitivity of ICPMS
measurements. The limit of detection for ICPMS analysis was determined to be 0.1 ng L,
calculated as the mean of three blank injections plus three times the standard deviation of the
blank. Analysis of metal concentrations from AF4-ICPMS analysis were performed using
Qtegra™ Intelligent Scientific Data Solution™ Software, and speciation was assessed using
statistical fractogram deconvolution in Matlab (Cuss and Guéguen 2012; Cuss et al. 2017). Data
were normalized by intensity to allow for discrete analysis of peaks and DOM. To determine if
the measured speciation agreed with predictions based on thermodynamic equilibrium models,
results from the AF4 analyses were compared to data obtained by modelling speciation using
Visual MINTEQ (ver. 3.1; Gustafsson 2015). For all speciation calculations, ionic strength was
fixed at 0.001 and the Stockholm Humic Model (SHM) was employed to characterize T1-DOM
interactions. To further validate the speciation outcomes derived from Tl analyses, a positive
control was employed. Copper is a trace element that is known to readily form strong complexes

with DOM and inorganic anions (Craven et al. 2012). Consequently, solutions of Cu (0.17 to
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0.62 ug L") were subjected to AF4-ICPMS analysis in the same base waters that were used to
test T1 toxicity.
2.2.6. Statistics

The Toxicity Relationship Analysis Program (TRAP; USEPA) was used to determine LCo,
LC»0, and LCsp values and their 95% confidence intervals (CI). The effects of water chemistry on
T1 toxicity were analyzed using a one-way analysis of variance (ANOVA) via Prism Graph Pad,
followed by a post hoc Tukey’s test, at an alpha level of 0.05. This analysis was performed after
ensuring that data conformed to assumptions of parametric analysis using the Shapiro-Wilk test
for normality, and the F-test for homogeneity of variance.
2.3. Results and discussion
2.3.1. Water thallium concentrations

Measured T1 concentrations in LCso experiments were closely matched to nominal values

(Table 2.2). Indeed, all measured values fell comfortably within the 95% CI for a given test
concentration. For tests examining the effects of varying water composition, measured T1
concentrations averaged 1.90 = 0.20 mg L' across all water treatments, and therefore closely

matched nominal values (1.86 mg L")(data not shown).
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Table 2.2. Nominal and measured (mean + SE) water Tl concentrations in LCso experiments.

Nominal Tl concentration (mg L) Dissolved (mg L) Total (mg L)

0 a a
0.1 0.11 +£0.001 0.11+£0.001
0.25 0.27+0.014 0.27 +£0.008
0.5 0.57 £0.002 0.55+0.002
1 1.10 £ 0.047 1.03 +£0.003
2 2.28 +£0.036 2.22+0.042
4 4.35+0.026 448 £0.102

a = control dissolved Tl was 1.1 £ 0.2 pg L' and control total Tl was 1.5+ 1.6 pg L™!
2.3.2. Acute thallium toxicity

The calculated 48-h LCso value for Tl was 1.86 (95% CI 1.55-2.17) mg L™! (Figure 2.1).
The 48-h LCioand LCy values were calculated as 0.69 (95% CI 0.13—1.25) and 1.08 (95% CI
0.68—1.49) mg L' (Table 2.3). With the exception of the CaCl, treatment (see Section 2.3.3
below), no mortalities were recorded in control replicates.

The LCso calculated in the current study suggests that Tl-related mortality of Daphnia
would occur in highly Tl-contaminated mining effluents, where Tl concentrations are in the mg
L' range (Williams-Beam and Twidwell 2003). However, there is limited risk of Daphnia
mortality in most global freshwaters, where T1 concentrations are generally in the order of a few
ng L! (Couture et al. 2011). The toxicity data generated here are generally aligned with values
reported previously in the literature. For example, Pickard and colleagues (2001) reported an
LCso 0of 2.01 mg L™! for Tl toxicity to Daphnia magna, while Lin and colleagues (1995)

determined an LCso of 1.66 mg L. Both of these values overlap with the 95% CI’s obtained in
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the present work. However, using the same water composition as in the current study (i.e.,
OECD water), Tatsi and colleagues (2015) found D. magna to be more sensitive to T1, with an
LCso value of 1.18 mg L. This latter finding could be a function of experimental design and
toxicity calculation. In the previous work the highest test concentration was 1.2 mg L™! (i.e. very
close to the LCso), and mortality was less than 60% at this concentration (Tatsi et al. 2015). This
results in uncertainty because the survival curve must be extrapolated to complete mortality and
contravenes the OECD test guideline recommendation that at least one test concentration should
induce total lethality (OECD 2004). Consequently, the experiments of Tatsi and colleagues may

overestimate Tl toxicity to D. magna.

Table 2.3. Lethal concentrations of thallium to Daphnia magna.

Response 95% Lower 95% Upper
Confidence Level Confidence Level
(LCL) (mg L) (UCL) (mg L")
LCio 0.69 0.13 1.25
LCazo 1.08 0.68 1.49
LCso 1.86 1.55 2.17

Values generated via the USEPA TRAP software
LCx: Lethal concentration where x percent of the exposed population experiences mortality
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Figure 2.1. Calculated 48-h median lethal toxicity of Tl to Daphnia magna in OECD water.
Plotted points represent the means (= SE) of 6 replicates.
2.3.3. Effect of water chemistry on thallium toxicity

When D. magna were exposed to the T1 LCso concentration in waters with variable
chemistry, elevated mortality (82 = 15%) was observed when the base OECD water was
supplemented with 10 mM CacCl; (Figure 2.2). However, it is important to note that this was not
an effect of Tl, as the control water (with no T1 added) showed complete (i.e. 100%) mortality
(data not shown). Calcium is known to exert considerable influence on Daphnia health and
survival, although mostly from the perspective of calcium deficiency (e.g. Hamza et al. 1998).
While calcium toxicity is not well studied, harmful effects of CaCl, to daphnids have been
reported: a 64-h lethal threshold of 920 mg L™ (8.3 mM) was observed for D. magna, and a 48-h
LCso of 1663 mg L' (15.0 mM) has been reported for Ceriodaphnia dubia (Anderson 1950;
Mount et al. 2016). The specific mechanism of CaCl; toxicity has not been investigated, but it

may be due to interference with Na" transport. Sodium uptake across the gill of D. magna is
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achieved by the electrogenic 2 Na*/H"* exchanger, a transporter that may also be used by Ca*"
(Glover and Wood 2005b). Consequently, high Ca?" concentrations may outcompete Na* for
uptake, inhibiting the capacity of daphnids to recover Na" lost to the surrounding medium via
diffusion. Since previous research has noted that CaCl; is more toxic to daphnids than CaSO4
and CaCOs, it seems likely that the chloride (C1") component also plays a role (Mount et al.
2016).

No other water chemistry significantly affected the survival of D. magna that were
exposed to the LCso concentration of T1 (Fig. 2.2). There was, however, a trend (p = 0.2) for
decreased mortality when the K concentration of exposure water (added as KCI) was elevated.
This trend was not observed with NaCl supplementation, suggesting that it was driven by the
cation. An effect of K™ supplementation on Tl toxicity was hypothesized owing to known
interactions between the monovalent charged forms of these ions in biology, likely resulting
from similar ionic radii (Rossi and Norby 1993). For example, Tl is known to substitute for K™ in
K" -facilitated transport processes (Tao et al. 2008), and K™ supplementation also ameliorates T1
toxicity to the alga Chlorella (Hassler et al. 2007). The lack of significant impact of KCl on Tl
toxicity in the current work may be a consequence of experimental design.

Thallium has an affinity for K" transporters that is 2- to 10-fold greater than K" itself
(Brismar 1998). Consequently, significantly higher concentrations of K are required to
outcompete T1 for binding sites, reduce Tl uptake, and thus ameliorate toxicity. For example,
Hassler and colleagues (2007) noted that a K" excess of 40- to 160-fold was required to offset
the toxic effects of Tl in Chlorella. At the test concentration of 1.86 mg T1 L™ (9 pM) that was
used in the current work, KCI supplementation produced a K* concentration of 134 uM,

representing only a 15-fold excess, one that may have been insufficient to outcompete Tl for
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binding sites. However, a previous study did see a significant decrease in the LCso of Tl in D.
magna in a tap water (0.51 mg L) relative to a reconstituted water (1.18 mg L") (Tatsi et al.
2015). At the LCso value for the tap water, the K™: Tl ratio was 15, compared to 31 for the
reconstituted water. This pattern also suggests a role of K™ in the amelioration of Tl toxicity,
supporting the hypothesis that the K*: Tl ratio was insufficient to observe a significant effect in
the current work.

The lack of a significant impact of DOM on TI toxicity is another key finding (Figure
2.2). Dissolved organic matter is a ubiquitous and heterogeneous component of all natural
waters, with important roles in metal toxicity amelioration. Cationic metals form stable
complexes with negatively charged functional groups in DOM, decreasing metal bioavailability
and thus toxicity (e.g., Glover et al. 2005). There are two major extractable components of
DOM: fulvic acids and humic acids. Fulvic acids and humic acids have distinct structures and
functional groups, and differ in molecular weight and solubility. Consequently, some authors
have noted differences in metal binding and toxicity for these different extracts (Doig and Liber
2007; He et al. 2017). In the current work the effects of commercially-available DOM extracts
were assessed to determine if these would ameliorate T1 toxicity to Daphnia. The lack of
apparent amelioration suggests a low binding affinity of TI for the functional groups that were
present in the different DOM extracts that were tested. For example, reported values for the
mean binding constants (log K) for T1 to hydroxyl and carboxyl sites on fulvic acid are 3.32 and
4.83, respectively (Kaplan and Mattigod 1998). On the other hand, Cu has a strong affinity for
DOM, with log K values near 9 for some binding sites (Playle 1998). The concentrations of
DOM used in the current study (5 mg C L) are characteristic of typical DOM concentrations in

northern lakes and streams (Thurman 1985). These results thus suggest that DOM does not play
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a significant role in ameliorating TI toxicity in natural waters. This experimental was verified
using analytical speciation analysis and biogeochemical speciation modelling, as discussed

below.

100+
.’I‘.
80+
=
§> 60+
p—
< T
T 40- '|' T
=]
z 20-
0- \I N T T T
@oo \g&‘ Y o,g)\”\boo"’ \;o“\ vg»‘é vg’,\é
(&) é ®® é élb %Q ;\\O “O
TSNS S
N &89
D & @
N
Water Chemistry

Figure 2.2. Effect of water chemistry on mortality of Daphnia magna after 48-h at a T1
concentration of 1.86 mg L!. Full water chemistry details are provided in Table 2.1. Plotted
points represent the mean (£ SE) of 6-11 replicates. Asterisk indicates significant difference
relative to the control (OECD water), as determined by one-way ANOVA, with post hoc Tukey’s
test, at o = 0.05.
2.3.4. Thallium speciation

Geochemical speciation modelling (Figure 2.3) predicted that Tl was mainly present in its
ionic form in the waters used for the LCso experiments, and that speciation was largely
unaffected by changes in water chemistry. Indeed, in all conditions geochemical speciation
modelling predicted that more than 94% of T1 was present as a monovalent ion (TI"), with small
amounts of TICl, and TISO4". No significant concentrations of TI-DOM complexes were
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predicted, and the presence or absence of DOM in the model had no impact upon TI speciation.
This speciation differs significantly from more labile metals such as Cu. The modelling of Cu
speciation in our waters suggested that, in contrast to T1, Cu speciation was predicted to be
significantly influenced by both inorganic and organic ligands (Table 2.4).

Additional modelling was performed (not shown) to determine whether more extreme
water chemistry scenarios, and/or lower, more environmentally-realistic, Tl concentrations,
affected TI speciation. A pH range of 4 to 11 was examined and no differences in Tl speciation
was observed irrespective of model Tl concentration.

In the current study, speciation modelling was performed via Visual MINTEQ), using the
SHM approach to model TI-DOM interactions. The SHM framework is similar to the humic ion-
binding model incorporated into Windermere Humic Aqueous Model (WHAM) VII, but WHAM
VII has not been parameterized for Tl, likely because of the relative paucity of data regarding Tl-
DOM interactions. Reflecting their general similar approaches to speciation modelling (Tipping
et al. 2011; Gustafsson 2015), studies have shown that predicted outcomes modeled via Visual
MINTEQ and WHAM VII are largely in agreement (e.g., Leguay et al. 2016). Furthermore,
given that DOM does not appear to be a high affinity ligand for T1, and that Visual MINTEQ
model outcomes matched the measured speciation via AF4, then the choice of speciation model
was unlikely to have markedly influenced predictions of Tl speciation in the experimental
waters.

The fractionation of Tl and Cu into mainly ionic and DOM-associated species via AF4-
ICPMS confirmed the results of speciation modelling (Figures 2.4A, 2.4B). Using TI at the LCso
concentration in OECD water, it was apparent that the void peak for TI occurs early, and there

are no other peaks. Metals in their ionic form that are retained by electrostatic repulsion from the
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membrane are not focused by the flow field, and so will move through the channel more rapidly
than other, larger species. The fractionation profile therefore indicates that Tl is present mainly in
its ionic form. In the absence of DOM, the profile of Cu was similar to that of T1 (Figure 2.4A).
Copper was used as a positive control for AF4 analyses since there is a better understanding of
its speciation in freshwaters, and it is known to complex strongly with DOM (Playle 1998).
Figure 2.4B shows the predicted speciation of Tl and Cu in the presence of Suwannee River
fulvic acid. In agreement with its known ability to bind DOM, the Cu peak occurs later than the
Tl peak, and at the same time as the DOM, indicative of a complex between the metal and the
organic ligand. The earlier elution of Tl in the void peak was consistent with the pattern observed
for T1 in the absence of DOM, and shows that Tl is in its ionic form and did not associate with
the retained DOM. These data suggest that T1 does not have a strong affinity for DOM under the
test conditions, supporting the lack of apparent protection against Tl toxicity seen in Figure 2.2.

The outcomes of the AF4-ICPMS speciation analysis may be influenced by the relative
concentration of free ions in the solution. For example, at high Tl concentrations such as the 1.86
mg L T that was used in Fig. 2.4, the binding of T1 to DOM could be obscured by the tail of
the peak from the larger proportion of free, ionic Tl. To assess this, AF4-ICPMS analysis was
conducted using much lower concentrations of Tl and Cu (0.2 ug L), accompanied by DOM.
Even at these low concentrations, there was no apparent association between Tl and DOM
(Figure 2.5). This is in direct contrast to the pattern observed for Cu, which tracks closely with
DOM, indicative of Cu-DOM complexes.

A key component of Tl speciation not considered in the current study is its oxidation
state. In waters of circumneutral pH (6-8), Tl is capable of existing in either a monovalent or

trivalent state (Nriagu 1998). However, while TI(I) is inert and exists mainly in an ionic form,
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TI(III) is readily reduced to TI(I) or it will precipitate as TI(OH)s. In its trivalent state, T1 will
also have distinct affinities for potential natural binding ligands, so that TI speciation and toxicity
is likely dependent on oxidation state (Nriagu 1998). Supporting this, some studies have shown
TI(III) to be more toxic than TI(I) (Rickwood et al. 2015; Molina et al. 2017). However, the lack
of any measured T1 species aside from the free ion in the current experiments suggests that Tl
was mainly present as TI(I). Indeed, the apparent lack of association between DOM and T1
characterized by AF4-ICPMS reflects the behaviour of this oxidation state. Nevertheless, in
acidic waters subjected to photooxidation, TI(III) could be present in significant quantities
(Campanella et al. 2018).

Table 2.4. Predicted speciation (percentage of total) of copper in experimental waters.

‘ OECD 10 mM 10mM | 10mM | 10 mM 10 mg/L
NaHCO; CaCl NaCl KCl SRNOM
Cu™ 13.90 0.10 2.65 78.90 1.46 0
CuOH" 12.58 0.94 15.15 14.24 13.19 0
Cu(OH): (aq) 0.71 0.53 5.39 0.16 7.44 0
CuCI* 0.10 0 0.07 1.90 0.04 0
CuCOs (aq) 71.09 69.78 75.22 0 75.27 0
CuHCO;3" 0.53 0.05 0.09 0 0.06 0
Cu(CO3),* 0.22 28.58 1.29 0 2.36 0
Cu(OH)3" 0 0 0.04 0 0.10 0
CuNOs" 0 0 0 0.03 0 0
CuSO4(aq) 0.86 0 0.09 4.76 0.09 0
FA2-Cu(6) (aq) 0 0 0 0 0 98.85
FA1-Cu(6) (aq) 0 0 0 0 0 1.15

* Speciation modeled via Visual MINTEQ. Full water chemistry details are provided in Table
2.1; *. aqueous; OECD: Organisation for Economic Co-operation and Development; SRNOM:
Suwannee River natural organic matter; FA: fulvic acid
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Figure 2.3. Speciation of Tl in different water chemistries as predicted by Visual MINTEQ

(Gustafsson 2015). Full water chemistry details are provided in Table 2.1.
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Figure 2.4. Thallium (TI; 1.86 mg L") and copper (Cu; 0.62 ug L) speciation in OECD water
(A) and OECD water supplemented with 10 mg/L Suwannee River fulvic acid (B), as determined
by AF4. Counts per second (CPS) for samples normalized by intensities.
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Figure 2.5. Fractionation of T1 (0.2 pg L") and Cu (0.2 pg L) in the presence of DOM (10 mg
C L. Overlay of peak intensity over time (min), where absorbance (AU) and counts per second
(CPS) have been normalized to intensity.
2.4. Conclusion
This study systematically assessed the effect of water chemistry on Tl toxicity to Daphnia
magna. While the toxicity of most metals can be ameliorated by organic and inorganic
complexation, the data presented here show that Tl was relatively inert, and largely unaffected by
changes in the organic and inorganic components of natural waters. Using an advanced
speciation analysis technique (AF4-ICPMS), the speciation of TI in synthetic waters that was
predicted by geochemical modelling was experimentally confirmed, validating the utility of this
technique for studies in aquatic toxicology. Importantly, these results suggest that risk
assessments of T1 toxicity in most natural waters will not need to account for the speciation of
dissolved T1, owing to the lack of apparent complexation with organic and inorganic ligands.
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This lack of complexation was present even at low Tl concentrations (e.g. 0.2 g L'!; Fig. 2.5),
suggesting that the outcomes of the current study will also be relevant in chronic exposure
scenarios in which effects of Tl are manifested at much lower exposure concentrations than those
used here (Couture et al. 2011). Consequently, water quality criteria for dissolved T1 will likely
not be significantly improved by incorporating speciation models such as the BLM, at least in

neutral waters where TI(I) dominates.
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3. Chronic toxicity of waterborne thallium to Daphnia magna
3.1. Introduction

Little is known regarding the toxic impacts of the trace metal Tl in natural waters. In part
this is because T1 is not a prominent contaminant of aquatic systems, with background levels of
Tl ranging between 1 and 10 ng L™ in surface waters (e.g., Shotyk et al. 2019). However,
environmental enrichment of Tl may occur, particularly associated with base metal mining and
smelting, the burning of coal, and cement production. Such processes can result in total TI
effluent concentrations as high as 15 mg L' (Nriagu 1998; Williams-Beam and Twidwell 2003).
Consequently, even though Tl is not a trace metal of high concern, the presence of Tl point
sources has resulted in the development of regulatory guidance. Most notably, CCME has
established a water quality guideline, which sets the maximum limit for total Tl concentration in
surface waters at 0.8 g L' (CCME 2007). This value does not discriminate between the two
oxidation states of Tl in natural waters: TI(I) and TI(III). Although TI(III) is considered more
toxic (Lan and Lin 2005), it rapidly precipitates, adsorbs to surfaces or is oxidized to TI(I)
(Karlsson et al. 2006b). Thus, in natural oxic waters TI(I) tends to dominate the dissolved,
bioavailable fraction (Casiot et al. 2011), and is likely to be of greater ecotoxicological
relevance.

Highlighting the general lack of knowledge regarding aquatic TI toxicity, the CCME
guideline value is based on the responses of the aquatic plant Lemna minor (Brown and Rattigan
1979; Kwan and Smith 1988). These studies noted an LOEC for the effect of Tl on L. minor
frond area of 8.4 ug L' (Kwan and Smith 1988), and a 14-d median effect concentration (ECso)
for whole-plant damage of 8 pg L' (Brown and Rattigan 1979). The 0.8 pg L' guideline value

was ultimately reached by the application of a safety factor (multiplication by 0.1; CCME 2007).
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To date, however, there is limited understanding of how this guideline value relates to the
impacts of waterborne T1 on other aquatic biota. Such knowledge is critical because even though
the criterion value of 0.8 pg L™ is orders of magnitude above background concentrations, it is a
value that is regularly exceeded in Canadian waters as a result of enrichment from industry
(Cheam 2001; CCME 2007).

Relative to L. minor, aquatic animals appear considerably more tolerant to T1, at least in
studies conducted over acute time-frames. Acute median lethal concentrations have been derived
for regulatory model species such as rainbow trout (96-h LCso = 4.27 mg L'!; Pickard et al.
2001), and the freshwater invertebrate Daphnia magna (48-h LCso = 1.66 - 1.86 mg L'!; Lin et
al. 2005; Chapter 2). Mechanistically, acute TI toxicity is associated with interference of K™
homeostasis, a requirement for proper functioning of the neural and cardiovascular systems
(Baylor 1942; Pichon et al. 1987). This interaction between Tl and K™ appears to be conserved
across studied phyla (e.g., Kwan and Smith 1991; Hassler et al. 2007; Rickwood et al. 2015).

Despite studies of acute toxicity, there is very little information regarding the chronic
toxicity of T1. Chronic data are preferable for the development of water quality guidelines, in
part because such data better reflect environmental exposure scenarios (CCME 1991). Studies in
fish indicate LOEC values for TI in the 40 to 80 pg L' range (Kimball 1978; Le Blanc and Dean
1984). In the freshwater invertebrate Hyalella azteca, chronic effects of Tl on survival (4-week
LCas: 48 nmol L' =9.8 ug L), growth (6-week ECas: 35 nmol L' =7.2 ug L") and
reproduction (10-week ECas: 10 nmol L' = 2.0 pg L) have been assessed, where these values
represent geometric means calculated across several water chemistry compositions (Borgmann et
al. 1998). A 7-d LCso of 370 pg L! and a 7-d reproductive EC2s of 97 ug L' have been reported

for the daphnid Ceriodaphnia dubia exposed to waterborne T1 (Pickard et al. 2001), while a 28-d
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LCso of 393 pg L has been measured for D. magna (Kimball 1978). As might be expected,
these long-term studies show effects at Tl concentrations lower than those seen for short-term
exposures, emphasising the need for further investigations of chronic TI toxicity to aquatic biota.
In particular, there is a requirement for studies that utilize measured TI exposure concentrations
to calculate threshold values, and which employ sufficiently high numbers of replicate tests.
These are factors that currently limit the usefulness of existing literature.

One important target species for chronic TI toxicity research is Daphnia magna.
Commonly employed in the development of regulatory guidelines (Lewis and Horning 1987;
OECD 2004; CCME 2007), these small-bodied freshwater crustaceans display rapid growth, a
short maturation time, high reproductive output, and are generally sensitive to aquatic
contaminants (Baudo 1987; OECD 2012). These properties make them particularly amenable to
the laboratory testing of aquatic toxicity. Furthermore, using survival as an endpoint, studies to
date show that D. magna is relatively sensitive to Tl over short-term exposure durations (Nehring
1962; Lin et al. 2005; Tatsi et al. 2015; Chapter 2), suggesting that advanced knowledge of its
chronic sensitivity to T1 will be of value for the development and refinement of water quality
criteria.

The goal of the present study was to examine the effects of a 21-d exposure of dissolved
TI(I) to Daphnia magna, using traditional endpoints such as survival, growth and reproduction.
Whole-body K* concentration and Tl body burden were also analyzed to develop a greater
understanding of the relationship between exposure and effect, on the basis of these endpoints
being two key indicators of organismal impacts (Hassler et al. 2007; Turner and Furniss 2012).
Furthermore, these relationships have been critical for the development of predictive tools that

facilitate assessment of toxicological impact on the basis of site-specific water chemistry (e.g.,
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BLM; Di Toro et al. 2001). Ultimately, this study aimed to provide data that could be used by
regulatory agencies for the protection of freshwater systems against Tl toxicity.
3.2.  Materials and methods
3.2.1. Daphnia magna

Daphnia magna were acquired from Aquatic Research Organisms (Hampton, NH, USA),
and maintained in the Department of Biological Sciences at the University of Alberta. Daphnia
were reared in ISO test water 1 (OECD 2004) (in mM): 2.0 CaCl», 0.5 MgSOs4 -7H20, 0.77
NaHCO;3, 0.08 KCl, pH 7.5. In this chapter this water is referred to as ISO water, but it is
identical to what is referred to as OECD water in other chapters of this thesis. The culture was
maintained on a 16:8 h dark: light cycle at 22 °C, with daily feeding of YCT (a yeast, cereal leaf,
trout chow mix), algae (Raphidocelis subcapitata) and Roti-Rich Liquid Invertebrate Food.
3.2.2. Chronic toxicity assay

Individual Daphnia neonates (< 24-h) were placed into 40 mL of test solution in a 50-mL
acid-washed glass beaker. Test solutions consisted of ISO water to which Tl was added from a
freshly-prepared thallium(I) nitrate (purity 99.999%, trace metal basis; Sigma-Aldrich, St Louis,
MO) stock solution. Stock solutions consisted of this Tl salt reconstituted in 1% trace element-
grade HNO3, with pH adjusted to 7.5 using 0.1 M sodium hydroxide. Exposure concentrations
were based upon CCME water quality guidelines: 0.8 ug L™! (the guideline value), 8 ug L' (10 x
the guideline value) or 80 pg L™ (100 x the guideline value). In addition, we also examined
values derived from acute toxicity studies (Chapter 2): 410 pg L™ (the 48-h LCs), 689 pg L (the
48-h LC10), and 1080 pg L™ (the 48-h LCa). Each concentration was replicated 10 times.
Exposure waters were prepared 24-h in advance of daphnid introduction to allow for

equilibration of the metal (Glover et al. 2005).
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During exposures, daphnids were fed YCT and algae daily, with a water change every
72-h. Ranges for exposure water pH, dissolved oxygen and temperature were 7.5-7.9, 91-99%,
and 21-22°C, respectively. A 10-mL water sample was taken before and after each water change,
filtered through a 0.45 pm syringe filter, acidified with 3 drops of 70% trace HNO3, and stored
refrigerated for later analysis of waterborne TI concentration (see below). During the course of
the 21-d exposure, survival and reproduction were monitored daily. At the conclusion of the
exposure, adult daphnids were carefully removed from their treatments, placed on tissue paper to
gently blot dry, and then weighed on a microbalance (Orion Cahn C-35; Thermo Electron
Corporation, Waltham, Massachusetts, USA), for a measure of final wet weight body mass (a
surrogate of growth).

3.2.3. Burden analysis and gut clearance

Following final wet weight body mass measurement from the chronic toxicity assay,
daphnids were collected and stored for whole-animal elemental analysis. For analysis of whole-
body TI1 burden and whole-body K status, individual daphnids were placed in a 1.5-mL tube,
and dried to constant mass in a clean air cabinet, before a final measurement of dry mass. Five
dried daphnids were then pooled into a 15-mL tube and digested using 3 mL of double-distilled
trace metal grade HNOs. These digests were then diluted 1:10 in ultrapure water (18.2 MQ cm)
and analyzed as detailed below.

The exception to this protocol was a separate depuration study to examine whether
daphnid TI burden could be explained by its uptake via the diet (i.e. T1 adsorption to feed
components and subsequent ingestion). In this study daphnids were individually exposed to 80
ug LTI for 21-d, as described above. Following exposure, individual daphnids were held in

clean (i.e. no added T1) ISO water for 8-h, while a further group were held separately in ISO
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water to which food (YCT and algae) was added in order to facilitate gut clearance (Gillis et al.
2005). After 8-h, daphnids were processed for T1 body burden as described above, and both of
these groups were compared to a concurrently-run control exposed to 80 pg L™ TI, but without
any depuration period.

3.2.4. Metal and ion concentration analysis

Dissolved TI concentrations and daphnid TI burden were analyzed using ICPMS. Quality
assurance for this analysis included the use of Multi Element Standard-1 (MES-1), and the
surface water standard reference materials SPS-SW2 (diluted 10- and 500-fold) and NIST 1640a
(diluted 10- and 100-fold). The calculated LOD and LOQ for Tl were 0.11 and 0.76 ng L™!,
respectively. Blank values were determined using the average of three 2% HNO3 replicates. An
internal standard (a 10% HNO3 solution spiked with 5 pg L™! indium and bismuth) was used to
account for any drift in ICPMS sensitivity.

Whole-body K* concentration was assessed using FAAS. Measured absorbances were
quantified against a freshly-made standard curve constructed from a KCI salt solution diluted in
ultrapure water (18.2 MQ cm). Each standard and all samples had 1 g L™! CsNOj; added to
suppress ionization of K in the analyte.

3.2.5. Calculations and statistics

No observable effect concentrations (NOEC) and LOEC values were defined as the
measured T1 concentrations at which no effect, and the first observed significant effect, in
relation to the control group was observed, respectively. Median effective concentrations for
mass and reproduction, were calculated using Prism Graph Pad. Briefly, concentrations of T1
were converted to log values, while measured responses were converted to percentages, where

the value of the largest effect was fixed at 0% and the control value fixed at 100%. The ECso
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values were then determined via application of a sigmoidal model according to the following
equation:
Equation 3.1:

- 100
y= 1+1 0((L0gEC50—x)*Hill Slope)

Prior to statistical analysis, Grubbs test was employed for detection and subsequent
removal of outliers. This reduced n values from 10 to 8 in some analyses. All data were then
analyzed using one-way ANOVA via Prism Graph Pad, followed by a post hoc Tukey’s test, at
an alpha level of 0.05. Assumptions of parametric analysis were confirmed by the Shapiro-Wilk
test for normality, and the Brown Forsythe test for homogeneity of variance. Pearson correlation
analysis was employed to determine the relationships between measured endpoints and whole-
body Tl burden. Unless otherwise stated, all reported values represent the mean + standard
deviation.

3.3. Results
3.3.1. Tl exposure concentrations

Measured dissolved TI exposure concentrations were close to nominal levels (Table 3.1).
Background concentrations of Tl in ISO water were 0.003 + 0.002 ug L!. Analysis revealed that
there was no significant difference in exposure T1 concentrations over the course of 72-h. From

this point forth, measured values will be referred to in this chapter.
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Table 3.1. Nominal and measured dissolved exposure Tl concentrations.

Nominal Concentration Measured Concentration
(ng L (ug L)
0 0.003 + 0.002
0.8 0.89 +0.50
8 8.79 £0.75
80 83.1+10.4
410 424 + 140
689 702 + 242
1080 1112 +377

Measured values represent the mean (+ standard deviation) of 6 replicate water samples.
3.3.2. Survival

Complete mortality was observed at Tl concentrations greater than 424 ug L', with TI
concentrations equal to this or lower displaying 100% survival (data not shown). Because of the
lack of any exposure concentrations exhibiting partial mortality, and a lack of variance between
replicates in each exposure group, LCso, NOEC and LOEC values for survival were not able to
be calculated. However, the LCs value would lie between 424 and 702 ug L™, the highest
concentration with no mortality and the lowest concentration with complete mortality.
3.3.3. Thallium body burden

As waterborne Tl exposure concentration increased, so too did daphnid TI body burden
(Figure 3.1a). Indeed, daphnids exposed to the highest T1 concentration at which survival
occurred, and at which burden could therefore be measured (424 ug L), displayed whole-animal
T1 concentrations that were 710-fold greater than controls not exposed to Tl. However, only at
this highest concentration was T1 body burden significantly different from the control value.
Plotting body burden as a function of Tl exposure concentration yielded a relationship that was a
better fit to a hyperbolic function (r*> = 0.74), than to a linear function (r* = 0.68; data not shown).

The depuration study indicated that there was no significant difference in T1 body burden

between daphnids that were gut cleared for 8-h and those that were held in clean water without
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gut clearance for 8-h (Figure 3.1b). Both these groups exhibited T1 burdens that were only 20%
of those in daphnids sampled directly after the 21-d exposure.

Correlation analyses (data not shown) demonstrated that whole-body TI burden was
significantly correlated to reproduction (total neonate production over 21-d; r = -0.71; P-value:
0.003). Conversely, there was no significant relationship between daphnid T1 burden and final
body mass (r = -0.39; P-value: 0.15).

Although altered body K" status is an indication of acute TI toxicity, in the current study there
were no significant differences in daphnid whole-body K™ in response to waterborne T1 (Figure
3.2). Indeed, even though the effect was not significant, at a TI concentration of 8.8 ug L™,

whole-body K" was 2.3-fold greater than that observed in the control daphnids.
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Figure 3.1. Concentration-dependence of daphnid T1 body burden (ug g dry weight™) following
a 21-d exposure to Tl (A), and after a subsequent 8-h period (B), where burdens were measured
immediately after exposure to 80 pg L' Tl (control; black bar), and after 8-h in Tl-free water
(light grey bar), and after 8-h in Tl-free water with access to Tl-free food (dark grey bar). Plotted
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points represent means (+ standard deviation) of 3 replicates. Bars sharing letters are not

statistically significantly different.
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Figure 3.2. Whole-animal potassium concentration (mg g dry weight™!) in Daphnia magna
following a 21-d exposure to waterborne T1 concentrations. Plotted points represent means (+
standard deviation) of 8-10 replicates.

3.3.4. Final body mass

Significant differences in the final body mass of Daphnia were observed after a 21-d exposure to
waterborne Tl (Figure 3.3). At Tl concentrations of 8.8 ug L™ and above (i.e., 83, 424 pg L),
daphnid final body mass was significantly reduced relative to the Tl-free control (P-valuerukeys: <
0.05). No significant differences in final body mass were observed between the 8.8, 83, and 424
ug L treatment groups. These data were used to calculate an ECs for the effect of waterborne
Tl of growth (1.6 (95% CI 1.0 —3.1) ug L'!; Table 3.2). Values for the NOEC and LOEC were

determined to be 0.9 and 8.8 pg L™, respectively (Table 3.2).
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Table 3.2. Calculated toxicity endpoint values.

Metric Endpoint TI concentration (ug L)
EC Reproduction 11.1(5.5-21.8)
>0 Growth 1.6 (1.0 - 3.1)
Reproduction 8.8 -424
LOEC Growth 8.8
Reproduction 0.9 - 83
NOEC Growth 0.9

ECso: calculated value (95% confidence interval).
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Figure 3.3. Final body mass (wet weight) following 21-d waterborne T1 exposure to Daphnia
magna. Plotted points represent means (+ standard deviation) of 8-10 replicates. Bars sharing
letters are not statistically significantly different. T = groups where mortality occurred.
3.3.5. Reproduction

Control animals produced more than 60 neonates over the course of the 21-d exposure,
meeting the criterion for a valid chronic toxicity test (OECD 2012). The mean total number of
daphnid neonates produced by a single adult over 21-d was significantly affected at waterborne

Tl concentrations as low as 8.8 ng L™! (Figure 3.4a). No significance differences were observed
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between T1 exposure concentrations of 8.8 pg L™ and 83 ug L}, but at 424 ug L' a further
significant fall in neonate production was noted. At concentrations greater than 424 pg L' no
reproduction was noted as all animals died prior to their first brood.

The time that daphnids took to produce their first brood was significantly different from
the control at waterborne TI concentrations of 8.8 pg L' and greater (Figure 3.4b). At 8.8 ug Tl
L! the first brood took 13% longer to produce than for daphnids exposed to the Tl-free control.
The number of neonates produced in the first brood was not significantly different between all
treatment groups that produced neonates (Figure 3.4c). However, the number of neonates
produced in the final brood of the 21-d exposure was significantly reduced in the 8.8 and 83 ug
L treatment groups compared to control groups (Figure 3.4d). Significant differences in the
total number of neonate-producing broods were observed, starting at a Tl exposure concentration
of 8.8 ug L (Figure 3.4e). Although the number of broods produced by daphnids in the 0.9 pg
L exposure group trended towards a decline relative to the control, this narrowly missed
statistical significance (P-valuerukeys: 0.110). The calculated ECso for reproduction, based on
total neonate production, was 11.1 (95% CI 5.5 —21.8) ug L™ (Figure 3.4f). Overall, NOEC
values for reproductive parameters ranged from 0.9 (total neonates, time to first brood, number
of broods) to 83 (number of first brood neonates) ug L!'; while LOEC values ranged from 8.8
(total neonates, time to first brood, number of broods) to 424 (number of first brood neonates) pg

L' (Table 3.2).
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Figure 3.4. Effect of a 21-d waterborne TI exposure on total neonates per adult (A); days to first
reproductive event (i.e., brood; B); number of neonate daphnids produced at the first (C) and last
(D) brood; total number of broods (E); in Daphnia magna. Panel F represents relative daphnid
reproduction, as defined in Section 3.2.5, where the dotted line represents the median effective
concentration of Tl. Plotted points represent means (+ standard deviation) of 8-10 replicates.
Bars sharing letters are not statistically significantly different. ¥ = groups where mortality
occurred and which therefore did not reproduce.
3.4. Discussion
3.4.1. Survival

In the current study a 21-d chronic LCsq for the toxicity of waterborne T1 to Daphnia
magna was unable to be determined. However, total survival was observed at 424 pg L™ and
total mortality seen at 702 ug L™, so the median lethal concentration would lie between these
two concentrations. Although differences in factors such as exposure water chemistry, test
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species, the use of nominal versus measured T1 concentration, and exposure durations complicate
comparisons between studies, our derived value range is similar to previous reports of chronic TI
toxicity to daphnid crustaceans. For example, Kimball (1978) recorded a 28-d LCso value of 393
ug L' in D. magna, while Pickard et al. (2001) determined a 7-d LCso of 370 ug L' in
Ceriodaphnia dubia. In another crustacean species commonly employed in toxicity assays, the
amphipod Hyalella azteca, Borgmann and colleagues (1998) measured water chemistry-
dependent 28-d Tl LCas values ranging from 2.5 to 19 ug L™, emphasising the high tolerance of
D. magna to waterborne Tl relative to other freshwater invertebrates, at least with respect to
survival as an endpoint. Furthermore, D. magna is also more tolerant to TI over long-term
exposure periods than tested fish species. Early life-stages of fathead minnows (Pimephales
promelas) showed complete mortality over 30-d at a Tl concentration of 350 ug L' (LeBlanc
and Dean 1984), while the rainbow trout 28-d LCso was 170 ug L' (Birge 1978).

This pattern of comparatively high survival tolerance of D. magna to long-term T1
exposure is quite distinct from that observed for acute TI toxicity. In short-term exposures LCso
values for D. magna (e.g., 48-h: 1.86 mg L!; Chapter 2) are bracketed by acute toxicity values
for Hyalella azteca (7-d LCso, 11 to 123 ug L' depending on water chemistry; Borgmann et al.
1998), and those for some fish species such as rainbow trout (Oncorhynchus mykiss, 96-h LCso,
4.27 mg L'!; Pickard et al. 2001), and bluegill sunfish (Lepomis macrochirus: 96-h LCso, 132 mg
L!'; Dawson et al. 1977). On an acute basis Tl is thought to cause toxicity through a specific
effect on K™ homeostasis. For example, studies in algae and Hyalella that lowered water K*
concentration, showed enhanced Tl toxicity (Borgmann et al. 1998; Hassler et al. 2007). In
daphnids a similar effect of exposure K* concentration on Tl toxicity has been noted (Tatsi et al.

2015). The exact mechanism by which this effect is exerted is unknown, but there is evidence for
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T1 competition with epithelial K" transporters in different phyla (Henning and Forth 1982;
Belowitz and O’Donnell 2013). However, in the current work there was no effect of a 21-d Tl
exposure on whole-body K" concentration (Fig. 3.2). This suggests that daphnids are capable of
enacting mechanisms over long-term exposure periods that compensate for the acute effects of Tl
on K" balance. One possibility is that the presence of food in the exposures acts as a source of
K", with upregulation of gastrointestinal K" transport compensating for waterborne T1 inhibition
of K™ transport at the gill. Similar effects have been observed in fish, where waterborne Cd
exposure leads to an increase in gastrointestinal Ca®" uptake (Franklin et al. 2005). Irrespective
of the processes involved, it is likely that the mechanism of waterborne Tl toxicity differs
between short- and long-term exposures. This could be problematic for the calibration of
regulatory tools. For example, the BLM is a regulatory approach that relates water chemistry to
short-term body burden, which in turn is related to toxic impact (Di Toro et al. 2001). As such, if
acclimation occurs and the acute mechanism of toxicity differs from chronic toxicity, then the
predictive capacity of the BLM will be compromised (Niyogi and Wood 2004).
3.4.2. Thallium body burden

Thallium body burden increased in a dose-dependent manner in the current study (Fig.
3.1A). In laboratory studies, bioaccumulation of T1 has been linked to toxic effects (Borgmann et
al. 1998; Turner and Furniss 2012), suggesting that Tl bioaccumulation may be the most robust
measure of toxicological impact (Borgmann et al. 1998). However, while the current study found
that the relationship between whole-animal body burden and reproduction was significant (r = -
0.71 p=0.003), the relationship between body burden and the most sensitive toxicological
endpoint, final body mass, was not significant (r = -0.39, p = 0.146). The utility of Tl

bioaccumulation as a predictor of toxicity for D. magna therefore requires further investigation.
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One complicating factor in long-term exposures is the presence of food in the exposure
medium. Because of the capacity for waterborne metals to bind to chemical moieties in food, it is
possible that a component of accumulation could be ascribed to dietary exposure. In general,
metals absorbed via the gut will contribute towards accumulation, but are considered to be less
bioreactive (DeForest and Meyer 2015). Therefore, if a significant amount of Tl was being
absorbed via the daphnid gut, this could distort the relationship between accumulation and effect.
In the current work, there was no difference in the whole-body T1 burdens between gut cleared
animals (kept in Tl-free media for 8-h in the presence of food), and animals that were not gut
cleared (kept in Tl-free media without food for 8-h; Fig. 3.1B). This indicates that the T1 burdens
measured were not compromised by the presence of unabsorbed TI in the gut, and suggests that
the exposure of daphnids to the metal was almost exclusively via the water. This is indirectly
supported by previous studies showing that waterborne TI is relatively inert and does not display
a high affinity for potential binding ligands (Chapter 2).

The other key finding of the gut clearance study was that 80% of the whole-body Tl
burden accumulated over the 21-d exposure was depurated in 8-h (Fig. 3.1B). Previous research
examining metal depuration in daphnids has shown that the rates and magnitudes of loss vary as
a function of the specific metal of interest (Yu and Wang 2002). For example, approximately
65% of Ag body burden was depurated in 8-h, following a 24-h accumulation (Glover and Wood
2005a). After a 7-d waterborne accumulation phase, whole-daphnid body burdens of manganese
(Mn), cobalt (Co), and caesium (Cs) fell by ~25, 35, and 50% in the first 8-h of depuration,
respectively (Adam et al. 2001). Data from Yu and Wang (2002) for selenium (Se), Zn, Cd and
chromium (Cr) demonstrated 8-h depuration rates ranging between ~10 and 45% of a whole-

body burden accumulated over an 8-d waterborne exposure. On the basis of these data,
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accumulated T1 in daphnids is labile relative to other trace metals. This is reinforced by a study
in the alga Chlorella, which noted rapid cellular turnover of Tl, driven by high cellular efflux
rates (Hassler et al. 2007). This may be a consequence of a generally low binding affinity of Tl
for possible cellular ligands, and suggests a handling strategy based around rapid elimination of
the metal, as opposed to sequestration in a detoxified form (Glover and Wood 2005a).
Furthermore, the relationship between Tl exposure concentration and body burden was better
described by a hyperbolic function, than a linear function (Section 3.3.3), indicating that body
burden did saturate with increasing Tl concentrations. This also supports the concept that there
are mechanisms for regulating Tl body burden, with efficient excretory pathways one possible
means of achieving this.
3.4.3. Final body mass and reproduction

A key finding of the current study was the sensitivity of daphnid growth (measured as
final body mass) to waterborne T1 exposure, with an ECso of 1.6 pg L™ being determined (Table
3.2). Although this value is twice the CCME regulatory limit (0.8 pg L), it is in the range of
environmental concentrations associated with some industrial effluents (e.g., mine and power
plant discharges in Eastern Canada exhibit mean T1 concentrations of 1.4 ug L™!; Cheam 2001).
Growth is a factor of considerable ecological consequence in Daphnia, with body size affecting
feeding and swimming behaviours (McMahon 1965; Dodson and Ramcharan 1991), bacterial
infection rates (Garbutt and Little 2017), and sensitivity to toxicants (Vesela and Vijverberg
2007). This suggests that the presence of T1 in some industrial effluents could have an important
ecological impact on daphnid populations.

Our finding that waterborne T1 affects the growth of a freshwater crustacean supports the

research of Borgmann and colleagues (1998) on the amphipod Hyalella, which noted an effect of
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waterborne T1 on animal growth (6-week ECso of 7.2 ug L™"). This effect concentration
represented a value equal to 73% of the 4-week LCso for this species (9.8 pg L), albeit
measured over a longer exposure duration. In contrast, the 21-d ECso determined here for D.
magna represents a concentration that is only a small fraction of the TI concentration that causes
mortality (424-702 pg L. This suggests that growth is a particularly sensitive endpoint for TI-
exposed daphnids, and stands in contrast to the relative magnitude of effect concentrations for
reproduction. For example, in Hyalella the 10-week ECso for the effect of Tl on reproduction
was just 29% of that for growth, indicating a higher toxicity (Borgmann et al. 1998). In the
current study, the ECso for reproduction (11.1 ug L) was an order of magnitude greater (i.e. less
toxic) than the ECso for growth. These data indicate fundamental differences in the toxic
responses of waterborne T1 between Daphnia and Hyalella.

The ECs for the effect of Tl on total neonate production over 21-d was 11.1 pg L™, with
a LOEC value of 8.8 pg L™ for most reproductive endpoints examined (Table 3.2).
Consequently, under our exposure conditions D. magna were more sensitive to reproductive
effects of TI than has been noted in a previous study (LOEC = 181 ug L™'; Kimball 1978). They
are also more sensitive to TI than the smaller daphnid species C. dubia, which exhibits mean 7-d
reproduction EC»s values ranging between 97 and 160 pg L™ (Pickard et al. 2001; Rickwood et
al. 2015). The best-known modifying factor for waterborne TI toxicity is waterborne K*
(Borgmann et al. 1998; Hassler et al. 2007). Unfortunately, previous studies have not always
been explicit regarding exposure water chemistry, preventing analysis of whether dissolved K™ is
likely to be a factor contributing towards the noted differences in toxicological impact. However,

given the lack of effect of Tl on whole-animal K* concentration (Fig. 3.2), it is unlikely that
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water K level played a significant role. It is clear that a more detailed mechanistic analysis of
how Tl mediates chronic toxicity in D. magna is warranted.

Effects on daphnid growth and reproduction are frequently reported following trace metal
exposure (e.g. Biesinger and Christensen 1972; Sadeq and Beckerman 2019). Changes in these
metrics are likely linked to altered energy metabolism. Under toxicant exposure, maintenance
costs (e.g., upregulation of detoxification pathways, greater demand for cellular and tissue repair)
may increase, while there are often direct effects of toxicants on energy acquisition (e.g.,
impairment of nutrient/oxygen uptake; assimilation efficiency; Beyers et al. 1999; Baillieul et al.
2005). Together, or independently, these effects will reduce the energy available to a toxicant-
exposed animal, and will force a compromise between maintenance of homeostatic pathways for
survival, growth and reproduction. Consequently, the observed effects on growth and
reproduction in the current study likely reflect changes in the overall energy budget. Further
research examining metabolic rate (Knops et al. 2001), and/or changes in cellular energy
substrates (De Coen and Janssen 2003), would be required to confirm this hypothesis.

3.5. Conclusion

Over a 21-d exposure period, Tl induced changes in reproduction and growth of D.
magna at concentrations characteristic of some industrial wastewaters (Cheam 2001). However,
no statistically significant effects were reported at exposure concentrations close to the current
regulatory threshold (0.8 ug L': CCME 2007), indicating that under controlled laboratory
conditions in the present study D. magna is significantly less sensitive to TI toxicity than the
organism on which the current regulations are based (L. minor). Intriguingly, the current work
highlighted distinct responses to waterborne T1 exposure to those determined in previous studies

in freshwater crustaceans. For example, there were notable differences in the relative sensitivity
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of growth and reproduction, and a lack of evidence for an effect on whole-animal K status. This
suggests that differences in toxic mechanisms likely exist between studied freshwater crustacean
species, and also between short- and long-term exposures. This has important implications for
the development of water quality criteria using predictive modelling approaches such as the
BLM, where it is assumed that mechanism of toxicity is conserved across time and species

(Niyogi and Wood 2004).
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4. Effect of thallium on phototactic behaviour in Daphnia magna
4.1. Introduction

The freshwater invertebrate, Daphnia magna, is a key species for assessing the effects of
toxicants on aquatic ecosystems from the perspective of both their ecological and regulatory
importance. Daphnids occupy a critical niche in freshwater food chains, feeding on
phytoplankton and acting as a food source for higher trophic levels (e.g., Miner et al. 2012).
Furthermore, because of their relative ease of culture and general sensitivity to toxicants (Baudo
1987), daphnids are regulatory species recommended by multiple organizations, including the
USEPA, CCME) and OECD (CCME 2007; OECD 2004; USEPA 2002). In addition, D. magna
is considered a sensitive bioindicator of potential ecological problems caused by mining and
smelting activities (Tomasik and Warren 1996).

One contaminant of concern associated with mining and smelting activities is the trace metal
T1. Although found at low concentrations in most natural settings, in rivers adjacent to base
metal mining activities in the USA and Canada T1 concentrations up to ~100 pg L™ have been
regularly recorded (USEPA 1980; Zitko and Carson 1975). Indeed, one report has even noted Tl
concentrations in excess of 15 mg L' (Williams-Beam and Twidwell 2003). These
concentrations exceed the CCME guidelines for T1 in surface waters, which recommend that
surface water T1 concentrations not exceed 0.8 pg L' (CCME 2007). This CCME guideline is
one of the few regulatory values that exist for Tl in aquatic environments, but is based only on
the effects of Tl on growth of an aquatic plant (Brown and Rattigan 1979; CCME 2007, Kwan
and Smith 1988).

The sensitivity of aquatic animals exposed to waterborne T1 has been previously

characterized, but only for a limited number of endpoints. For example, 48 h LCso values for T1
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toxicity to daphnids range between 1.66 and 1.86 mg L' (Chapter 2; Lin et al. 2005). Lowest
observed effect concentrations for chronic T1 toxicity have been documented at environmentally
relevant levels of 8.8 ug L™! for Daphnia magna, using the endpoints of growth and reproduction
(Chapter 3). Similarly, EC/LCso values have been calculated for the aquatic invertebrate species
Hyalella azteca for survival (4-week LCas: 48 nmol L' = 9.8 ug L), growth (6-week ECas: 35
nmol L' = 7.2 pg L"), and reproduction (10-week ECas: 10 nmol L' = 2.0 pg L'!) (Borgmann et
al. 1998). While these data indicate TI concentrations at which risks to aquatic biota may occur,
there remains a large gap in our knowledge of the underlying mechanisms of TI toxicity to
aquatic organisms.

In mammals, Tl is a neurotoxicant (e.g., Bramanti et al. 2019). The mechanisms by which TI
induces neurotoxicity are yet to be confirmed, but evidence exists for effects related to the
promotion of oxidative damage, and inhibition of the basolateral Na'/K"-ATPase (Maya-Lopez
et al. 2018), the enzyme that drives cellular ionoregulation. This latter effect may relate to the
known role of Tl in perturbation of potassium homeostasis (e.g., Hassler et al. 2007). However, a
neurological mode of TI toxicity has not been specifically examined in any freshwater organism.

One approach to investigating the neurotoxicity of Tl to Daphnia magna is to assess effects
on phototactic behaviour. Phototaxis is a behavioural endpoint whereby the animal moves
towards or away from a directed light stimulus. In daphnids this endpoint has been used to assess
the toxicity of hydraulic fracturing flowback and produced waters (Delompré et al. 2019a),
impairments induced by trace metals (e.g., Kolkmeier and Brooks 2013; Michels et al. 1999; Wu
et al. 2008), and the effects of food scarcity (e.g., Johnsen and Jakobsen 1987; Michels and De
Meester, 1998; Van Gool and Ringleberg 2003). Negative phototactic behaviour reduces

potential ultraviolet (UV) damage and predation risk by avoiding the top of the water column
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during daylight hours (e.g., McCoole et al. 2011), while positive phototaxis may facilitate
feeding under predator-free conditions (Michels and De Meester 1998). Positive and negative
phototaxis behaviours both exist in natural daphnid populations (e.g., De Meester 1993;
Ringelberg 1999), and both responses have been used as indicators of potential adverse impacts
of pollutants (e.g., Kolkmeier and Brooks 2013; Michels et al., 1999).

Changes in phototactic behaviour result from either impairment in the capacity of the
organism to detect the stimulus (i.e., a sensory effect), or from a failure to respond appropriately
to the stimulus (i.e., a motor effect). In daphnids, phototactic responses are driven by a number
of different neurotransmitter systems, including dopaminergic, GABAergic and histaminergic
signaling pathways (Barrozo et al. 2015; Bedrossiantz et al. 2021; McCoole et al. 2011). For
example, McCoole and colleagues (2011) inhibited a negative phototactic response by exposing
daphnids to the histamine receptor 2 (H2) antagonist cimetidine, which blocked the sensory
stimulus. The motor responses of daphnids are linked to the activity of the enzyme
acetylcholinesterase (AChE; Printes and Callaghan 2004). Acetylcholine is a critical signaling
molecule in transmitting sensory information to nerves and muscles, and its activity is regulated
by AChE. Consequently, changes in AChE activity can be informative of a toxicant effect on
motor activity. Indeed, studies have shown that changes in swimming behaviour correlate with
changes in AChE activity in daphnids (Ren et al. 2017), that these effects can be observed at
sublethal toxicant concentrations (Ren et al. 2017), and are toxicant-specific (Guilhermino et al.
1996). A previous study has noted that AChE is a target of Tl toxicity in mouse neuroblastoma
cells in vitro (Repetto et al. 1994).

This study aims to determine the effects of Tl on D. magna phototactic behaviour. These studies

were conducted using naive animals (i.e., not previously exposed to T1) only subjected to Tl in
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the assay water. This experimental design was used to minimize any effect of Tl on energy
metabolism (e.g., Li et al. 2020), which could affect responses to light stimuli through
mechanisms other than via the nervous system. It was hypothesized that neurological effects of
Tl are conserved between mammalian and aquatic species, and that Tl would therefore affect the
capacity of daphnids to respond to light. This was assessed using behavioural assays to measure
phototactic responses, coupled with biochemical assays to determine whether the effects of T1 on
daphnid behaviour were mediated by sensory or motor impairment.
4.2. Materials and methods
4.2.1. Daphnia magna

Daphnia magna were initially obtained from Aquatic Research Organisms (Hampton,
NH, USA), and thereafter maintained in the Department of Biological Sciences at the University
of Alberta. Daphnia were reared in International Organisation for Standardisation (ISO) test
water 1 (hereafter referred to as ISO water): CaCl2.2H>0 (2 mM), MgS04.7H20 (0.5 mM),
NaHCOs (0.77 mM), and KCI (0.08 mM), reconstituted in ultrapure water (OECD 2004).
Feeding consisted of a combination of YCT (a yeast, cereal leaf, trout chow mix; ~0.5 mL L),
algae (Raphidocelis subcapitata; ~ 500 000 cells L"), and Roti-Rich liquid invertebrate food (~ 3
drops L) once daily. Neonates (< 24 h old) used for experiments were removed from culture
beakers and transferred immediately into treatment waters for testing. Adult daphnids were
separated after birth and maintained in individual 50-mL beakers for 15 days, under the feeding
regime described above for the source culture. All Daphnia were maintained at room
temperature (22 = 1°C) under a 16:8-h dark:light cycle.

4.2.2. Vertical phototaxis assay
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Phototaxis was initially assessed via a vertical chamber method, modified from that
described by De Meester (1989). A 9 cm? hole was cut in the top of a cardboard box (30 x 15 x
30 cm) which housed the test chamber. The test chamber (100 mL graduated glass cylinder; 25
cm height) was marked in 20-mL increments (upper, U; medial, M1, M», M3; lower L), to allow
for quantification of phototactic response. Test solutions consisted of ISO test water 1 with Tl
added from a TINO3 (Sigma-Aldrich, Oakville, ON, Canada) stock solution to achieve nominal
concentrations of 0, 0.8, 700, 1860, and 8000 ug TI L!. These concentrations represent a Tl-free
control; the CCME regulatory limit (CCME 2007); an elevated environmental concentration; the
48-h LCso value in this water chemistry (Chapter 2), and a 48-h LCjo, respectively. Ten naive
daphnids (i.e., not previously exposed to T1) were transferred into the chamber, which was then
placed into the cardboard box. The box was closed, and a light source was placed over the
opening at the top of the box (5.5 cm from the waterline). The light source only generated visible
light. Daphnids were not exposed to UV light during the experiment. After 5 min the box was
opened, the chamber removed, and the number of daphnids in each zone was counted. After the
data were collected, the following equation was used to calculate 7, the ‘Phototaxis Index’ (De
Meester 1993): where the letters represent the number of daphnids in each section of the test
chamber, as defined above. The I, value always lies between -1 and +1.

Equation 4.1:

- U-L
P U+M|+M,+M;+L

The vertical phototaxis behavioural assay was used to test naive neonate (<24 h old) and
naive adult (10-15 d old) Daphnia in both fed and fasted states. For fed exposures, daphnids

were given YCT, at a concentration approximating a normal daily YCT ration, ten minutes prior

77



to the test. For fasted exposures, food was withheld from daphnids for 24 h prior to
experimentation. To account for the possibility of behavioural variation over the course of a day,
all vertical chamber behavioural trials were performed by testing a new group of daphnids every
hour between 8 am and 8 pm. This was repeated over § experimental days (i.e., n = 8 for each
time of day). For all vertical assay assessments, a “no light” control was conducted to verify that
positive phototaxis behaviour occurred in response to the light stimulus rather than a
consequence of disturbance associated with the movement of animals to the test chamber. No
measures of daphnid T1 accumulation were conducted, owing to the short nature of the actual
exposure to T1 (5 min.).
4.2.3. Horizontal phototaxis assay

This assay was used to assess the speed at which daphnids moved along a horizontally
placed tube towards a light source, providing an additional measure of the phototactic response.
The system used was identical to that described in Delompré et al. (2019a). Individual fasted
naive adults (10-15 d old) were placed in the test apparatus and exposed to one of 5 T1 treatments
(nominal concentrations: 0, 0.8, 700, 1860, and 8000 pg TI1 L™!). A positive response was one
where the daphnids appeared in the clear, illuminated portion of the tube. Speed was calculated
as the length of distance travelled (from entry point to lit end), divided by the time to traverse
that distance (cm s™'). If the daphnid did not appear after 5 minutes, then it was assigned a score
of 300 s. Again, due to the short duration of the actual T1 exposure no measures of daphnid Tl
accumulation were taken.
4.2.4. Histamine receptor inhibitor assay

A histamine receptor inhibitor assay was used to determine the effects of T1 on phototactic

behaviour and was conducted as described by McCoole et al. (2011). Prior to exposures, a
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freshly made 1 M cimetidine (an inhibitor of the H2 receptor; Sigma-Aldrich, Oakville, ON,
Canada) stock solution was prepared by dissolving cimetidine salt in DMSO. Test conditions
included a control group without either cimetidine or T, a vehicle control (DMSO only, at
0.2%), a Tl control (nominally, 1860 pg L), a cimetidine control (2 mM), and a T1 + cimetidine
treatment (1860 pug TI L' + 2 mM cimetidine). The concentration of cimetidine used has been
previously shown not to impair swimming behaviour (see Fig. 5 in McCoole et al. 2011). Each
replicate represented ten naive juvenile Daphnia magna (7-8 d old), that were placed in each test
solution and observed in the vertical phototactic chamber as described above.
4.2.5. Acetylcholinesterase assay

A colorimetric assay (Ellman et al. 1961) was used to assess AChE activity. Briefly,
naive adult daphnids (10-15 d old) were exposed to control conditions (0 ug L' TI) or the
median acute lethal concentration (nominally, 1860 pg L' TI) in ISO water. Following a 5-min
exposure, daphnids (three per replicate) were removed, gently blotted dry and immediately
homogenized using a motorized mortar and pestle in 500 pL of ice-cold phosphate buffer (pH
7.4), before being stored at -80°C until analysis. Using a 96 well plate, 50 pL of standard (i.e.,
ACHhE as a positive control) or sample was pipetted into the well followed by 100 uL of 5,5'-
dithiobis-(2-nitrobenzoic acid) and 20 pL of acetylcholine iodide. The plate was then read at a
wavelength of 412 nm once per minute for 6 minutes using a microplate reader (VersaMax Plate
Reader). Bradford assays were conducted to quantify protein content within samples (Bradford
1976). Acetylcholinesterase activity is presented as moles of substrate hydrolyzed per minute per
ug protein.

4.2.6. Tl analysis
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Immediately following the 5-min behavioural assay, water samples (10 mL) were
collected and passed through a 0.45 um syringe filter and acidified with 1% trace metal grade
nitric acid. Concentrations of dissolved T1 were determined using ICPMS. Multi Element
Standard-1 (MES-1; Spex CertiPrep, Metuchen, NJ, USA), surface water standard reference
materials SPS-SW2 (diluted 10 - and 500-fold; Spectapure Standards, Oslo, Norway), and NIST
1640a (diluted 10- and 100-fold; National Institute of Standards and Technology, Gaithersburg.
MD, USA) were used for quality assurance. Blank values for the analysis were determined by
calculating the average of three 2% nitric acid replicates. To account for drift in [CPMS
sensitivity, an internal standard (10% nitric acid solution spiked with 5 pg L! indium and
bismuth) was used. Limit of detection (LOD) and limit of quantification (LOQ) for the analysis
were 0.11 and 0.76 ng L', respectively. Any concentrations measured below the LOQ were
assigned a value halfway between the LOQ and zero.

4.2.7. Calculations and statistics

Prior to statistical analysis, Grubb’s test was employed for detection and removal of
outliers. One outlier was subsequently removed from the adult swimming speed assessment at
the highest TI test concentration. For all analyses, assumptions of parametric analysis were tested
using the Shapiro-Wilk test for normality and the Brown-Forsythe test for homogeneity of
variance. Initially, a two-way ANOVA (with time of day and TI concentration as the two factors)
was conducted on assays conducted at distinct times of the day and showed that time of day did
not have a significant effect on response. This allowed data to be pooled across the different test
times. Subsequently, the phototactic responses of daphnids in the vertical assay were analysed
using a two-way ANOVA (where the two factors were Tl concentration and the

presence/absence of light), followed by a post hoc Tukey’s test. Swim speed data were not
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normally distributed, and therefore were analyzed using a non-parametric Kruskal-Wallis test.
Effects of the H2 receptor antagonist cimetidine on phototaxis were analyzed by one-way
ANOVA with a post hoc Tukey’s test. The activity of AChE was analyzed using an unpaired t-
test. All reported values represent the mean + standard deviation. All statistical analyses were
conducted using Prism GraphPad.
4.3. Results
4.3.1. Thallium exposure concentrations

Measured T1 concentrations were slightly higher than, but close to, nominal values (Table
4.1). Background concentrations of T in ISO water were below the LOQ (i.e., < 0.76 ng L!).

From this point forward in this chapter, measured concentrations will be referred to in the text.

Table 4.1. Nominal and measured dissolved T1 concentrations.

Nominal Concentration (ug L) Measured Concentration (ug L)
0 <LOQ
0.8 0.82 +0.07
700 917 + 34
1860 2099 + 54
8000 8395 £ 59
Values represent mean =+ standard deviation, n = 6.

LOQ=0.76 ng L.
4.3.2. Behavioural assay

Daphnids in the vertical test chamber displayed a positive phototaxis response.
Significant differences were noted between the “light” and “no light” treatments for all test
conditions (two-way ANOVA, p-value <0.05; Figure 4.1). No significant effect of test water Tl
concentration on daphnid behaviour was determined in any of the “no light” treatments. There
were no differences in phototactic responses as a function of time of day (data not shown; two-

way ANOVA, p-value range 0.11 — 0.28). Because of this lack of effect, data examining the
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effect of test water Tl on phototaxis were pooled independent of the time of day the tests were
conducted. Subsequently, no significant differences in phototactic behaviour (i.e., in the presence
of light in the test chamber) were observed in neonates (both fed and fasted) and fed adult
Daphnia magna as a function of test water Tl concentration (Fig. 4.1a, 4.1b, 4.1d). However,
adult fasted daphnids tested in 917 or 2099 ug T1 L™! exhibited positive phototactic responses
that were significantly greater relative to the phototactic responses observed at all other test Tl
concentrations (Fig. 4.1c¢).

Effects on adult swim speed in the horizontal test chamber were observed at a test
concentration of 2099 pg T1 L™! (p-value = 0.01; Figure 4.2). Adult daphnids exposed to this
concentration of Tl exhibited a swimming speed approximately 40% of that recorded in the
control group daphnids. No significant differences in swim speed relative to the Tl-free control

were observed in any of the other treatment groups.

82



1.0m . -
e Fasted Neonates w/ light 1.0 e Fed Neonates wi light
m Fasted Neonates w/o light .
0.54 0.5 = Fed Neonates w/o light
>
8 A A A, A A E A A A A A
E 0 ﬂ. P ————— _E D ﬂ' eeneseossesssessesEeAsEAs.——eSSS—LS.sES——.—_.—o_.soss——m——esros—.
= =3
-0.5= -0.5=
[ ] B 4
| . =
P S S . o= o ¥ % =
o Q:l '{\ & 4 =1 L] T Ll ] L]
° s P MRS SN ,L@q' q;b"-"ﬁ
: : -1
Thallium concentration (ug L") Thallium concentration (ug L")
C. D.
1.0+ . 1.0m=
e [asted Adults wi/ light ' e Fed Adults w/ light
m Fasted Adults w/o light '
0.5~ g 0.5 ®m  Fed Adults w/o light
%
e A A B B A 3 A A A A A
E 0.0 srevnenrrssssnntnernarsssssasisssassissssntnssssansssonaarssnsnasassnans E .0 sesssmnnnrssssennnnntnnnasssssnissiiieensssssssssssssmnnrissssesannatanes
o
= x 3 < ¥
-0.5+ -0.5- ] [ ]
. = x *
| | | | [ | | |
A.0—— " ' : Ao ——F——— :
Q ® N > of © o X )
) &P ° ) .-]S?P &
Thallium concentration (ug L) Thallium concentration (g L)

Figure 4.1. Effect of waterborne T1 exposure on phototactic behaviour of fed (A) and fasted (B)
neonate (<24-h); and fed (C) and fasted (D) adult (10-15 day) Daphnia magna. Plotted points
represent means (+ standard error) of 96 replicates. Letters represent data points collected in light

exposures. Plotted values not sharing letters are statistically significantly different (o = 0.05).
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Figure 4.2. Effect of waterborne T1 exposure on fasted adult (10-15 day) Daphnia magna swim
speed. Plotted points represent means (+ standard deviation) of 7-8 replicates. Asterisk (*)
indicate a significant difference relative to the control (0 ug L™ TI).
4.3.3. Acetylcholinesterase assay

There was a trend towards an increase in AChE activity in adult daphnids exposed to

2099 pg T1 L (Figure 3). However, this effect was not statistically significant (t-test, p = 0.10).

84



2 ~ 0.020-
25

o O 0.0157
" g

E O

g 3

w _— 0.010-
0N

£ £

o E

f, 3 0.005-
20

8 £ ool N
0 = i
& = 0.000

1
Q O

Y
S

Thallium concentration (ug L'1)

Figure 4.3. Acetylcholinesterase activity (moles min™! pg protein™) in fasted adult (10-15 d)
Daphnia magna exposed to 2099 pg L TI. Plotted points represent the mean (+ standard
deviation) of 6 replicates.
4.3.4. Histamine receptor inhibition assay

The effects of the H2 receptor antagonist, cimetidine, on daphnid phototactic behaviour
in a vertical test chamber are exhibited in Figure 4.4. Cimetidine exposure resulted in a
significantly more positive phototactic response than the Tl-free control (p = 0.001), an effect
was statistically identical to the response induced in the presence of Tl alone. When T1 and
cimetidine were both present, the stimulatory effect of each component was abolished, and the

phototactic response observed was not significantly different from the control (p = 0.99).
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Figure 4.4. I following 5-minute exposure of fasted adult (7-8 day) Daphnia magna to 2099 g
L' Tl in the absence or presence of 2 mM cimetidine. Plotted points represent the median, lower
and upper quartiles (+ minimum and maximum values) of ten replicates. Plots sharing letters are
not statistically significantly different (o = 0.05).
4.4. Discussion

The presence of TI in the test water resulted in effects on daphnid phototactic behaviour.
These effects were observed only for fasted adult daphnids, which exhibited a significantly more
positive phototactic response in the presence of 917 and 2099 pg Tl L™ than in the Tl-free
control. The phototactic responses of daphnids are hypothesised to mediate diel vertical
migrations. As such, the predicted response to light exposure would be a negative phototaxis,
avoiding potentially harmful effects of UV irradiation and reducing exposure to visual predators
(Ringelberg 1999). In the current study, however, the basal response of daphnids to light was a
movement towards the light source. In natural settings, the negative phototactic response is likely
reinforced through the presence of fish kairomones. Under laboratory culture conditions, where
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daphnids are raised for multiple generations in the absence of predatory cues and the absence of
other negative stimuli such as UV exposure, then a positive phototaxis is not unexpected (De
Meester 1993). Indeed, even in natural environments, clones of D. magna occur that display
positive phototaxis (De Meester 1991). A positive phototactic response has been observed
previously for the daphnid culture that was used in the current experiments (Delompré et al.
2019a). In the current study, T1 enhanced this phototactic response, suggesting a disruption of the
mechanisms that regulate daphnid responses to light.

It was notable that effects of Tl on the phototactic response were observed at 917 and 2099
ng T1L !, but not the highest test concentration of 8395 pg T1 L !, This test concentration is
approximately four times the LCs value (Chapter 2; Lin et al. 2005) and thus represents an
extreme scenario, if even only for the 5 min of Tl exposure. Therefore, it is likely that the lack of
response at the highest test concentration is a consequence of daphnids being functionally
immobilized. There is some evidence to support this from the horizontal phototaxis assay. In that
experiment, the presence of 2099 ug Tl L' reduced swimming speed (Fig. 4.2). In the vertical
phototaxis assay this reduced speed was insufficient to affect the capacity of the 2099 ug TI L!
daphnids to respond towards the light (i.e., although swimming speed was reduced, over the 5-
min exposure interval of the vertical behavioural assay, daphnids were still capable of exhibiting
an enhanced capacity to move towards the light source). Swimming speed in the 8395 pug TI1 L
group trended towards inhibition but was not significant (Fig. 4.2). This suggests that daphnids
tested at 8395 ug T1 L' can reach the light source in the horizontal assay before the effects of
immobilization are induced, whereas the 5-min exposure in the vertical assay is sufficiently long
to induce an incapacity to enact a Tl-mediated response to the light stimulus. A non-monotonic

pattern of toxicity where effects are seen at lower concentrations and not at higher
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concentrations, is not uncommon in studies of neurotoxicant effects in crustaceans (Fong and
Ford 2014).

An impairment in phototactic behaviour could be mediated by an effect on the capacity of the
animal to sense the stimulus or through disruption of the appropriate motor response enacted in
response to the stimulus. These possibilities were examined in fasted adult daphnids tested in
waters with 2099 ug T1 L', the concentration where an increase in the positive phototactic
response was observed. Phototactic behaviour in daphnids is controlled in part by the
histaminergic signaling system (McCoole et al. 2011). Cimetidine, an H2 receptor antagonist,
blocks histamine signaling pathways and subsequently inhibits negative phototactic behaviour
(McCoole et al. 2011). In our study, the increase in positive phototaxis upon cimetidine exposure
is consistent with this previous work and closely matched the response induced by TI (Figure
4.4). Intriguingly, in tests where T1 and cimetidine were both presented to daphnids, the
significant effect of each component on positive phototaxis was abolished. This suggests that T1
and cimetidine act on different components of the histaminergic signaling pathway (i.e., the
effect of Tl is not mediated by blockade of the H2 receptor), and it also indicates that the
presence of cimetidine inhibits the mechanism of T1 effect on this pathway. On this basis, the
most obvious explanation for the Tl effect is that it involves inhibition of nerve function.
Thallium is well characterized as a mimic of K" and can interfere with K" transporter
conductance (e.g., Matteson and Swenson 1986). It is therefore hypothesized that TI interferes
with histaminergic signaling by impeding K* conductance in daphnid sensory neurons. In the
absence of H2 receptor activation (i.e., in the presence of cimetidine), this effect is ameliorated

(i.e., there is no conductance to inhibit). In general, TI has a very low binding affinity for organic
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ligands (Chapter 2), so it is doubtful that the lack of effect in mixed Tl/cimetidine test waters is
due to complexation and consequent nullification of TI reactivity.

As noted above, altered responses to a stimulus could be a consequence of an effect on the
motor system. In the current study, we examined whether AChE activity was altered when
daphnids were tested in the presence of Tl and whether this could therefore explain the effect of
Tl on positive phototaxis in adult daphnids. In general, exposures to trace metals cause inhibition
of AChE activity, an effect that correlates with impaired locomotion (Xuereb et al. 2009). This is
also true specifically for insecticide-exposed D. magna, where increased immobility and
swimming behaviour in general, are directly related to reduced AChE activity (Printes and
Callaghan 2004; Ren et al. 2017). In the current study, at Tl concentrations where a more
positive phototaxis was recorded, a non-significant trend towards elevated AChE activity was
observed, which is generally consistent with a role for this enzyme in daphnid locomotion. There
is, however, insufficient statistical support to attribute the change in daphnid phototactic
behaviour in response to Tl to a change in the capacity of the animal to enact a motor response to
the stimulus. Given the lack of effect of Tl on AChE, and concomitantly the significant effect of
the cimetidine exposure, it can be concluded that the Tl-induced change in phototaxis is
mediated through a sensory mechanism of action.

There were no significant effects of T1 on positive phototaxis in neonates. Relative to adults,
neonate daphnids have a less well-developed phototaxis response, a pattern that is obvious in
Figure 4.1, where the Ip value is lower in neonate tests than in adult tests. This is consistent with
previous studies. For example, De Meester (1992) studied D. magna clones that display positive
phototaxis, and showed that juveniles (1-4 d old) had a reduced positive phototactic response

compared to older individuals of that clonal group. Other authors have noted that relative to
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adults, daphnid neonates display higher variability in their responses to light (Delompré et al.
2019a; Whitman and Miller 1982), which is a factor that might also contribute to their lesser
response, and thus a reduced scope to delineate an effect of T1.

In the current study, effects of Tl on positive phototaxis were only observed in fasted adults.
One explanation for the lack of effect in fed animals is that T] complexation to food may reduce
its bioavailability and thus minimize its effects. However, as noted above, Tl does not have a
high affinity for waterborne ligands (Chapter 2), and thus this is unlikely to explain the lack of
effect of Tl on fed animals. Instead, the response is likely a consequence of the fed state of the
animal. For example, previous studies have shown that culture conditions can influence
phototactic behaviour. In contrast to the effects we observed (i.e., a more pronounced positive
phototaxis in response to a lack of food), De Meester and Dumont (1989) tested the influence of
different culture food concentrations on photobehaviour in D. magna and showed a reduced
positive phototaxis in response to long-term food restriction. However, because of the long-term
nature of the food restriction in that study, an effect due to behaviour or one due to a lack of
physiological capacity to respond could not be distinguished. Similarly, reports of a reduced
positive phototaxis in Daphnia in response to short-term fasting exist (Van Gool and Ringleberg
1995; 1998). Conversely, some authors have found results similar to ours, where short-term food
deprivation increased positive phototaxis in daphnids (Clarke 1932). Differences between studies
are likely due to factors such as the nature of the phototactic stimulus (Pearre 2003), food quality
(Michels and De Meester 1998), and the ingrained response (i.e., positive or negative) of a
specific daphnid clone to a light stimulus (De Meester 1993). It is hypothesized that the lack of

effect of T1 on fed adults is due to the availability of dietarily-sourced K*, which could be
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mobilized to offset the Tl-induced effects on K" handling that may contribute to the sensory
impairment.
The modification of daphnid phototactic behaviour by toxicants has important utility in
environmental monitoring. For example, automated systems have been developed that facilitate
the continuous recording of daphnid behaviour following a toxicant exposure (Gerhardt et al.
2006; Lechelt et al. 2000). The most refined approaches are capable of deployment in field
settings, where they can provide continuous, real-time data that reflect the extent of water
pollution (Dyomin et al. 2020). Such techniques offer several advantages over traditional
laboratory-based biomonitoring including high sensitivity, rapid identification of a hazardous
pollution event, environmental relevance, and the avoidance of issues associated with the ethical
use of vertebrates in research (Dyomin et al. 2020; Gerhardt et al. 2006; Lechelt et al. 2000). The
current study suggests that daphnids are responsive to elevated water Tl concentrations, and as
such behaviour-based biomonitoring may be applicable to receiving waters at risk of T1
contamination.
4.5. Conclusion

The current study shows that the presence of a very high concentration of waterborne T1
disrupts the phototactic response of fasted adult D. magna. It appears that this response is
mediated through an effect on the histaminergic signaling pathway, thus representing the first
mechanistic demonstration of an effect of Tl on the nervous system of a freshwater organism. It
1s important to note that all significant changes in phototaxis were observed at Tl concentrations
of 917 or 2099 pg L', representing very high environmental scenarios. No significant effects
were observed at the regulatory threshold (0.8 ug L': CCME 2007). In the current work, the

effects of water Tl were tested in a D. magna clone that exhibits a positive phototactic response,
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in contrast to most natural Daphnia populations, which display negative phototaxis. The effects
of T1 on daphnids that naturally exhibit a negative phototactic response remain unexplored.

As noted above, behavioural responses to toxicants by invertebrate species such as D.
magna have potential value as a biomonitoring tool. Such approaches allow for continuous
evaluation of an at-risk watershed, can be sensitive and rapid, and avoid ethical issues associated
with more invasive methods of assessment (e.g., Dyomin et al. 2020; Gerhardt et al. 2006;
Lechelt et al. 2000). Our data provide preliminary support for the implementation of daphnid

photobehaviour as an endpoint for monitoring waterborne Tl toxicity.
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5. Mechanistic examination of thallium and potassium interactions in Daphnia magna
S.1. Introduction

Traditional endpoints in aquatic toxicology include mortality, reproduction and growth.
These are all metrics that have consequences at the population level, and are thus of high
ecological relevance (Adams et al. 1992). However, effects on these endpoints may take time to
manifest, may occur only after prolonged exposure to relatively high toxicant concentrations, and
may therefore lack sensitivity (Forbes and Calow 2002). In contrast, examination of sub-lethal
effects at an individual level can identify toxicant effects more rapidly, and at lower
environmental concentrations (Van der Oost et al. 2003; Barata et al. 2008). Mechanistic
knowledge of toxicant-organism interactions, such as uptake at epithelia and effects on
molecular, biochemical and physiological pathways, have significant utility in risk assessment
(Di Toro et al. 2001; Ankley et al. 2010). For example, mechanistic understanding is useful for
the identification of biomarkers, which can aid in detecting environmental issues of concern (De
Schamphelaere and Janssen 2002; De Schamphelaere et al. 2009). More importantly, a
mechanistic understanding allows prediction of how toxicity changes with environmental factors
such as water chemistry and the presence of other toxicants (Glover 2018). Such predictions are
the basis of state-of-the-art risk assessment tools.

The mechanisms of TI toxicity are not completely understood. However, several studies
across a number of different species suggest that Tl can mimic K, and that this might be a key
step in a toxic mechanism that results in the disruption of K* homeostasis (Cvjetko et al. 2010).
Evidence for the mimicry of K* by TI" is provided by both physicochemical data and
experimental biology. In terms of the former, there are close similarities in charge (+1) and size

(ionic radii: K"= 137 pm; T1" = 150 pm; Shannon 1976) between the two ions, which would
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theoretically facilitate substitution of K" by TI in biological processes. Experimental
confirmation of this interaction is provided by several studies that have shown TI interactions
with K™ transporters. For example, T1 was found to have a 10 times greater affinity than K for
the K* binding site of NKA in rabbit kidney (Britten and Blank 1968). Similarly, in oocytes of
lamprey Tl can substitute for K" at the Na", K*, 2CI" (NKCC) cotransporter (Sherstobitov et al.
2010), and in gastric epithelia of hogs TI has a 10-fold greater affinity for transport through
K",H"-ATPase than K" (Rabon and Sachs 1981). Since the cellular transport of Tl seems to be
linked with K, and cellular Tl accumulation is linked to toxicity of Tl (Kwan and Smith 1988),
it is possible that the mechanism of cellular T1 uptake may play a role in TI toxicity.

Supporting this hypothesis, several studies suggest that K can modify TI toxicity to
aquatic organisms. For example, exposure of Ceriodaphnia dubia to a K'-depleted medium
reduced the 48-h LCso of T1 from >400 to 71 pug L™ (Rickwood et al. 2015). In a study on two
other daphnid species, Tatsi et al. (2015) showed that median effect concentrations of TI were
dependent on water K*. These same authors also attributed effects of Tl on zebrafish heart rate to
altered K™ homeostasis (Tatsi et al. 2015). Effects of K on Tl toxicity have also been observed
in microalgae (Hassler et al. 2007). For example, growth of Chlorella was inhibited at TI
concentrations of 40 to 400 nM in low K" media (0.5 uM K*; Hassler et al. 2007), but at media
K" concentrations greater than 10 uM, no effects of Tl on growth rate were observed (Hassler et
al. 2007). Modification of Tl uptake by K™ has also been reported. For example, uptake of Tl in
Chlorella was significantly lower when exposure occurred in waters collected from Lake Erie
than in waters collected from Lake Superior (Twiss et al. 2004). This difference was attributed to

greater K concentrations in the Lake Erie water relative to the Lake Superior water.
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The modifying effects of K™ on Tl toxicity are reminiscent of similar effects of Na* ions
on the toxicity of the trace metals Cu and Ag to aquatic biota. In both of these cases, the presence
of Na" reduces accumulation of the toxic metal, and subsequently reduces toxicity (Erickson et
al. 1996; Dethloff et al. 2007). These interactions form the basis of the BLM (Di Toro et al.
2001), a predictive risk assessment tool for the protection of aquatic ecosystems against trace
metal toxicity. The BLM is based upon the gill surface interaction model and incorporates
mechanistic understanding of three key elements that affect toxicity: trace metal uptake; the
relationship between accumulation and toxicity; and interactions between the trace metal and
water chemistry. Combined, this knowledge can be used to predict toxicity on a site-specific
basis (Di Toro et al. 2001; Niyogi and Wood 2004). For example, it is known that Cu is taken up
across the gills of aquatic animals as a mimic of Na'. Therefore, ligands such as DOC bind Cu,
prevent it from using branchial Na" transporters, thus reducing Cu toxicity (De Schamphelaere et
al. 2009). Similarly, elevated water Na* will effectively outcompete Cu for uptake, also reducing
toxicity (De Schamphelaere and Janssen 2002). Thus, knowledge of water chemistry components
such as Na“ and DOC can be used to develop a site-specific prediction of toxic impact for a
given water Cu concentration. The BLM is a tool that has been integrated into freshwater
guidelines for trace elements worldwide (De Schamphelaere and Janssen 2002; USEPA 2007;
Riidel et al. 2015; Gondek et al. 2017). If K" has a similar effect on Tl toxicity as Na" does on Cu
toxicity, then it may be possible to develop a BLM for T1 that accounts for water K*
concentration.

As noted above, predictive risk assessment approaches such as the BLM rely on
mechanistic understanding of toxicity, from knowledge of uptake pathways to molecular and

cellular effects of the absorbed toxicant. While there is evidence for interactions between T1 and
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K" transporters, it is not known if, and how, Tl exposure affects function of these transporters. Of
particular interest are K* channels. These represent pathways by which TI could enter a cell, and
are also targets for therapeutic drugs. As such they are amenable to manipulation in order to
investigate their role in mediating T1 toxicity. Potassium channels are categorized into four major
classes: voltage gated (Ky), inwardly rectifying (Ki:), calcium-activated, and tandem pore domain
(Buckingham et al. 2005), and in mammals there are a total 70 K" channel-encoding genes
(Gonzalez et al. 2012). A variety of drugs have been developed that block specific K™ channels
involved in human diseases. For example, clozapine binds the voltage gated K,11.1 K* channel,
which mediates cardiac action potentials and has a role in heart disease (Hill et al. 2014). The
pharmaceutical chlorpropamide inhibits ATP-sensitive inwardly rectifying K* channels which
depolarize cell membranes (Hibino et al. 2010; Gonzélez et al. 2012; Hill et al. 2014).
Additionally, K" blockers such as amiodarone can bind delayed rectifier and voltage gated K*
channels that allow K" efflux after membrane depolarization (Colatsky et al. 1990; Sato et al.
1994; Komada et al. 1999; Chen et al. 2016). These drugs, and their capacity to alter cellular K*
handling, may provide insight into the mechanisms of T uptake and toxicity.

The current chapter incorporates three experiments that aimed to provide fundamental
information about the nature of the TI/K" interaction, and which could ultimately contribute to
the development of a TI BLM for Daphnia magna. First, an experiment assessing the modifying
effects of K¥, Na*, rubidium (Rb"), and Cs" on TI toxicity was performed. This sought to provide
evidence for an interaction between Tl and K" in terms of toxic impact. If Tl enters cells via K*
channels and/or disrupts K transport, then modifying water K*, or the addition of trace elements
with known interactions at K" channels (Rb" and Cs"; Kernan 1969), will likely modify Tl

toxicity. Since there is limited evidence of Tl interaction with Na®, this ion was used as a positive
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control to determine the specificity of Tl effects. Second, pharmaceuticals (amiodarone,
clozapine, and chlorpropamide) were used in exposures of daphnids, both in the presence and
absence of Tl, to identify putative pathways by which T1 may interfere with K™ handling, using
whole-body K as an endpoint. Lastly, Tl-dependent changes in K" uptake were measured, using
Rb" as a proxy for K (West and Pitman 1967; Carmosino et al. 2013). Whole-body K" is a
convenient endpoint but reflects effects of multiple processes (i.e., uptake, cellular handling,
loss), whereas the use of Rb" allowed isolation of Tl effects on K™ uptake. Overall, by better
understanding TI/K™ interactions in a key regulatory organism (Daphnia magna), data for the
development of more robust regulations of trace metals in freshwater environments can be
derived.
5.2. Methods

Methodological details regarding experimental animals, T1 burden analysis, water
chemistry and statistical analysis can be found in Sections 3.2.1, 3.2.4, and 3.2.5. In contrast to
Chapter 3, in this chapter Dunn’s test was used as the post hoc test following analysis via a non-
parametric ANOVA.
5.2.1. Major ion manipulation lethal toxicity test

To understand how TI toxicity may change under various water chemistries, 48-h median
lethal toxicity tests were conducted under conditions where water ion composition was modified.
Ten neonate daphnids in each of 8 replicates were exposed to 1.86 mg L' T1 (9 uM; the 48-h
LCso; see Chapter 2) in waters where K" Na”, Rb", or Cs* concentrations were independently
varied. Treatments involving K* or Na" were made by spiking these ions into an OECD medium
free of the ion of interest. For K treatments the base medium was 2 mM CaCl,-2H,0, 0.5 mM

MgS04-7H,0, 0.77 mM NaHCOs, with K" added from a 50 mM KCl stock solution to achieve
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final concentrations of 0.007, 0.01, 0.02, 0.06, 0.1, 0.2, 0.6, 1.2, and 2.5 mM K*. For Na*
treatments the base medium was 2 mM CaCl,-2H>0, 0.5 mM MgSQO4-7H>0 and 0.08 mM KCl.,
with Na" added from a 50 mM NaCl stock to give final Na" concentrations of 0.05, 0.11, 0.22,
1.1 and 2.2 mM. For water chemistry treatments with Rb" and Cs”, the respective metals were
added to standard OECD water (see Section 3.2.1). Rubidium treatments (0.3, 0.6, 1.2, 2.9, 5.9
uM Rb") were dosed from a 50 uM RbCl stock solution. Caesium treatments (0.2, 0.4, 0.8, 1.9,
38, 75 uM Cs") were dosed from a 500 pM CsCl stock solution. Dosing occurred 24-h prior to
daphnid addition, to allow for speciation equilibration. All treatments were paired with time-
matched Tl-free controls that were identical in composition but had no added T1. These were
used to account for any toxicity associated with the ion amendments. Following the 48-h
exposure, daphnids were assessed for mortality as defined by the absence of all movement.
5.2.2. One-hour median lethal toxicity test

To measure changes in K™ handling over a 1-h exposure a median lethal toxicity test was
conducted. In Chapter 3, a 21-d exposure of daphnids to TI did not result in a significant change
in whole-body K" concentration. In that chapter it was hypothesized that compensation may have
occurred, which eliminated any effect of Tl on whole-body K. In the current study it was
hypothesized that a short exposure would reduce the possibility of compensatory mechanisms
being enacted, thus unveiling an effect of T1 on K" handling. Neonate daphnids (10 in each of 6
replicate beakers) were exposed to concentrations of 0, 100, 200, 300, 400, 450, 500, 550, 600,
650, 700, 750 mg L' TI in 40 mL of OECD water for 1-h. To determine mortality daphnids were
examined under a dissection microscope, and mortality was defined as the absence of heartbeat
for 3 seconds.

5.2.3. Pharmaceutical blocker additions
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Exposure of daphnids to K channel-blocking pharmaceuticals was used to determine
whether K transporters were either directly (i.e., Tl inhibits the transporter) or indirectly (i.e., Tl
uses the transporter to gain access to the cell and subsequently cause toxicity) loci of Tl toxicity.
Adult D. magna (10-15 d old) were used in this experiment to better facilitate measurement of
whole-body K. Daphnids were exposed to the K™ channel-blocking pharmaceuticals amiodarone
(A), clozapine (Cl) and chlorpropamide (Ch) both alone and in combination with TI to observe
changes in whole-body K'. All pharmaceuticals were purchased from Sigma-Aldrich. A 10%
methanol solution was used to prepare all pharmaceutical stock solutions, and therefore a vehicle
control of 0.15% methanol (representing the highest spiked volume of methanol) was used to
account for any toxicity associated with the solvent.

The initial series of studies were conducted over 1-h exposure periods. Ten adult
daphnids were placed into 50-mL beakers containing 20 mL of OECD water spiked with the
pharmaceutical and T1. Pharmaceuticals were added immediately prior to daphnid addition, and
Tl (1-h LCso: 572 mg L") was added 24-h prior. Final exposure concentrations for amiodarone,
clozapine and chlorpropamide were 0.8, 0.1 and 1 uM, respectively. Exposure concentrations for
amiodarone and clozapine were based on LCso concentrations to fathead minnow larvae
(Overturf et al. 2012), while chlorpropamide concentrations were based on levels that inhibited
Kartp channels in patch clamp experiments (Lang et al. 2012). The mixed exposure group was
spiked with all three pharmaceuticals at the previously mentioned concentrations. Following the
1-h exposure, daphnids were transferred into a series of two beakers containing ultrapure water
to exchange the water trapped in the carapace (5 s each wash), and thus minimize carry over of
K" for subsequent analyses. Daphnids were then gently blotted dry, and weighed using a

microbalance, before being placed into 1.5 mL Eppendorf tubes. Tissue digestion was adapted
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from Gillis and colleagues (2005). Daphnids were dried at 65°C until constant weight was
reached, and then digested in 1 mL 10% trace grade HNOs;. The Eppendorf tubes containing the
digests were placed back into the drying oven for another 72-h , then diluted into 9 mL ultrapure
water for a final volume of 10 mL. Digests were measured for whole-body K using FAAS as
described in Section 3.2.4.

Because no significant changes in K™ concentration were observed following the 1-h
exposures to Tl with/without the pharmaceutical blockers, the blocker experiment was
redesigned, to find an exposure length/TI concentration combination that might more effectively
affect whole-body K*. Adult 10-15 day old daphnids were exposed to 0, 100 or 200 mg T1 L
for 8-h, rinsed and digested as described above, before being analyzed for whole-body K. Based
on results from this study, an 8-h exposure of daphnids to pharmaceuticals in a medium
containing 100 mg L' Tl was conducted, where exposure, sampling and analysis were identical
to the description provided above for 1-h exposures.

5.2.4. Potassium uptake

Rubidium was used to measure the effects of Tl on K™ uptake (Sanders and Kirschner
1983). A preliminary study was conducted where either 1 or 3 daphnids were exposed to 100 pg
L'Rb" for up to 8-h (0.17, 0.5, 1, 2, 4, 8-h). Following exposure, daphnids were prepared and
analyzed via ICPMS as described in Section 3.2.4. Based on daphnid Rb* concentration, an
exposure scenario of 8-h incubations with 3 daphnids was considered optimal (data not shown).
Subsequently, three adult daphnids were exposed to 100 ug L' Rb* and 8 different
concentrations of Tl for 8-h (0, 1.2, 12, 32, 77, 152, 294, 588 ug L!). All treatments were dosed

24-h prior to daphnid addition. Following exposure, daphnids were rinsed in clean OECD water,
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gently blotted dry with absorbent tissue paper, weighed and prepared for whole-body Rb*
analysis via ICPMS, with operating conditions as described in Section 3.2.4.
5.3. Results
5.3.1. Toxicity modification

There was no mortality in any manipulation of water K", Na*, Cs", or Rb" in the absence
of TI (data not shown). However, when 1.86 mg L™ (9 uM) T1 was present, significant
differences in mortality occurred when water K*, Cs*, and Rb" concentrations were modified (P-
valueanova: 0.0001, Figure 5.1a; P-valuekuska-watiis: 0.004, Figure 5.1c; P-valuekuskal-walis:
0.0001, Figure 5.1d). When K concentrations were lower than 0.02 mM, increased mortality
was observed (P-valuerukeys: 0.0001), relative to treatments where water K* was in the range of
0.02 to 0.06 mM. Alternatively, when K concentrations exceeded 0.06 mM mortality decreased
(P-valuertukeys: 0.046- 0.0001). There were, however, no significant effects of manipulating water
Na' on Tl-related daphnid mortality (P-valueanova: 0.2186, Figure 5.1b). Treatments where Rb*
concentrations were varied in the presence of 1.86 mg L™! Tl resulted in significant differences in
mean mortality (P-valuekuska-watlis: 0.004, Figure 5.1c¢). Specifically, exposures containing 1.2
and 2.9 uM Rb" had significantly decreased T1 mortality when compared to Rb"-free treatments
(P-valuepunn: 0.008 and 0.027 respectively). In Cs*-exposed daphnids mean mortality in the
presence of Tl differed as a function of Cs" concentration (P-valuekruskat-walis: 0.0001, Figure
5.1d). Mortality was greater when daphnids were exposed to 38 and 75 uM Cs"-spiked

treatments than in Cs*-free treatments (P-valuepynn: 0.0005).
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Figure 5.1. Effects of water ionic composition (K*, A; Na', B; Rb*, C; Cs", D) on acute toxicity
of Daphnia magna in the presence of T1 (1.86 mg L™'; 9 uM). Plotted points represent means (£
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another. No mortality was observed in control experiments where Daphnia were exposed to the
noted concentrations of K, Na*, Cs®, and Rb" but in the absence of TI.
5.3.2. One-hour median lethal toxicity and K transport blocker initial study

The calculated 1-h median lethal toxicity concentration (1-h LCso) was 572 mg L (95%
CI 563-581; Figure 5.2). For the subsequent experiment conducted over 1-h, no significant
differences were observed between control whole-body K™ concentrations and the methanol
solvent control (data not shown). Thus, the control group in all K pharmaceutical experiments is
represented by the pooled outcomes of the OECD and methanol solvent control groups. No
significant differences in whole-body K" concentration were observed in amiodarone,
chlorpropamide or mixed treatments (P-valuekruskal-watis: 0.232, Figure 5.3a; 0.088, Figure 5.3c;
0.342, Figure 5.3d respectively). Significant differences in mean whole-body K concentration
occurred after 1-h exposure to clozapine (P-valuekuska-wanis: 0.027, Figure 5.3b). Following a
Dunn’s test, the only significant difference was a reduced whole-body K concentration in the TI

+ clozapine group relative to daphnids exposed to T1 alone (P-valuepun: 0.029).
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Figure 5.2. Calculated 1-h median lethal concentration of Tl to Daphnia magna in OECD water.

Plotted points represent the means (+ standard deviation) of 6 replicates
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Figure 5.3. Effects of 1-h exposure to 572 mg L Tl on Daphnia magna whole-body potassium
concentration in the absence or presence of putative potassium channel blockers: a, amiodarone
(A, 0.8 uM); b, clozapine (Cl, 0.1 uM); c, chlorpropamide (Ch, 1 uM); d, all three
pharmaceuticals at stated exposure concentrations (Mix). Control (Ctl) represents pooled
responses of unexposed daphnids and daphnids exposed to the vehicle control (0.15% MeOH).
Plotted points represent means (+ standard deviation) of 5-7 replicates. Bars sharing letters are
not statistically different from one another.

5.3.3. Pharmaceutical effect on whole-body K" in 8-h exposures
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Exposure of daphnids to either 100 or 200 mg L' Tl over 8-h in a medium with 0.8 mM
K" resulted in significant changes in whole-body K" (P-valuekuskal-waris: 0.016, Figure 5.4). In
daphnids exposed to 100 mg L' T1, whole-body K" was significantly reduced relative to the
control (P-valuepunn: 0028). Subsequently, the study described in Section 5.2.3 above, was rerun,
over an 8-h exposure period to a Tl concentration of 100 mg L.

Significant effects on whole-body K™ occurred for all pharmaceutical exposures (P-
valuekuskal-wattis: 0.0001, Figure 5.5a-c; 0.0002, Figure 5.5d respectively). However, in contrast
to the results of the initial study where 100 mg L™! TI caused a significant reduction in whole-
body K, the effect of Tl in this study was to reduce whole-body K, but only to 45% of the
control value, an effect that was not statistically significant (P-valuepum: 0.075). In the
amiodarone treatments a significant difference in whole-body K" was observed between control
and amiodarone groups, with the latter displaying a significantly higher value than the former (P-
valuepunn: 0.0001). The whole-body K* value for the Tl-exposed daphnids was significantly
lower than for daphnids exposed to both amiodarone and amiodarone + T1 (P-valuepumn: 0.0001
and 0.011 respectively). Similarly, Tl-exposed daphnids displayed a lower whole-body K than
both the clozapine and clozapine + TI groups (P-valuepum: 0.035 and 0.0001), and an identical
pattern was also observed for chlorpropamide (P-valuepunn: 0.0002 and 0.0002). Daphnids
exposed to chlorpropamide (both alone and in combination with TI) displayed whole-body K*
values that were significantly higher than the control (P-valuepum: 0.001 and 0.0008). In the
mixed treatment, which contained all 3 drugs, there were significant differences in whole-body
K" between groups (P-valuekruskal-wais: 0.0002), with the exposure group experiencing all three
drugs + Tl exhibiting a significantly higher whole-body K" than the Tl only daphnids (P-

valuepunn: 0.0001).
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Figure 5.4. Measured whole-body potassium in Daphnia magna following an 8-h exposure to
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Figure 5.5. Effects of 8-h exposure to 100 mg L' T1 on Daphnia magna whole-body potassium
concentration in the absence or presence of putative potassium channel blockers: A, amiodarone
(A, 0.8 uM); B, clozapine (Cl, 0.1 uM); A, chlorpropamide (Ch, 1 uM); D, all three
pharmaceuticals at stated exposure concentrations (Mix). Control (Ctl) represents pooled
responses of unexposed daphnids. Plotted points represent means (+ standard deviation) of 6- 12
replicates. Bars sharing letters are not statistically different from one another.
5.3.4. Potassium uptake

Using Rb" as a K™ analogue, significant effects of T1 on K" uptake were observed (P-

valueanova: 0.0001; Figure 5.6). Potassium uptake was significantly reduced following exposure

107



to Tl concentrations as low as 32 pug L™ (P-valuerukey 0.037). Between control and 588 pug L™ Tl

concentrations a 2.2-fold inhibition in K" uptake was observed.
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Figure 5.6. Effect of graded T1 exposure on Rb" (100 ug L) uptake. Plotted points represent the
means (+ standard deviation) of 6 replicates. Bars sharing letters are not statistically different
from one another.
5.4. Discussion
5.4.1. Modification of thallium toxicity by cations

In the present work K* concentrations less than 0.02 mM increased mortality associated
with T1, but at K concentrations greater than 0.06 mM, mortality significantly decreased. These
results therefore confirm the hypothesis that in daphnids TI toxicity is dependent on water K*
concentration. This finding seems to be consistent across phyla, as similar outcomes have been
noted in the algae Chlorella (Hassler et al. 2007), and the crustaceans Hyalella azteca,
Ceriodaphnia dubia, Daphnia pulex and Daphnia magna (Borgmann et al. 1998; Rickwood et al.
2015; Tatsi et al. 2015). The dependence of Tl toxicity on K* concentration has also been
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observed in rats, where increased dietary K" increased the median lethal dose of Tl (Gehring and
Hammond 1967).

To provide environmental context for these findings, it should be noted that global
freshwaters exhibit K™ concentrations ranging from 8 to 512 uM (Rowan and Rasmussen 1994).
In Canadian lakes where endemic populations of Daphnia magna are likely, K concentrations
range from 11 to 57 uM. In the current study, significant increases in mortality were observed
below 20 uM K, and amelioration of TI toxicity occurred above 60 uM K. This suggests that
only at the edges of the natural freshwater K™ range, would K™ be likely to affect Tl toxicity.
However, as noted in Hassler et al. (2007), the ratio of K" to TI" may be the more informative
metric, and one that can be used as a predictor of aquatic Tl toxicity. Based on the data in the
current study, a K* to TI" molar ratio of 6:1 protects D. magna against Tl mortality. Taking the
worst-case scenario of a freshwater K™ concentration of 11 pM, then water K™ would protect
against Tl-induced mortality in all but the most contaminated mining wastewater samples (see
Table 1.1). Conservatively assuming that the same K to TI" ratio of 6:1 mitigates sublethal
effects of Tl, then freshwater K* concentrations of 0.25 and 12 pM would protect against impacts
on growth (LOEC = 8.8 pg TI L' (0.04 uM); Table 3.2) and reproduction (LOEC =424 ug T1L-
! (2 uM); Table 3.2), respectively. Notably, the protective ratio of 6:1 derived in the current
study is significantly smaller than the ratio that protects against effects of Tl on growth of
microalgae and mortality of rotifers (40-160-fold; Hassler et al. 2007). This likely reflects
differences in sensitivity to T1. This difference also emphasizes that further studies involving
experimental manipulation of water K™ and Tl, in concert with measures of short-term
bioaccumulation in a wider range of aquatic biota, would be useful to further establish

relationships between water chemistry and eventual toxicity of Tl to freshwater animals. If strong
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relationships could be established, then this would be the basis for the development of a BLM
that could use site-specific measures of water K and T1 and predict risk of Tl toxicity to local
fauna.

It is notable that in the current chapter a K™:TI" ratio of 6:1 was protective, but in Chapter
2 of this thesis, a 15:1 ratio was not sufficient to generate a significant protective effect against
T1 toxicity to daphnids (see Figure 2.2). These studies were done under identical conditions, with
neonate daphnids of the same age, from the same clonal strain, but were separated in time by
approximately 2 years. It has been shown that significant differences in sensitivity to toxicants
can occur in Daphnia as a function of physiological differences related to season or even minor
variations in the density of the origin culture (Olkova et al. 2018). It is therefore possible that
differences in the protective effects of K™ on TI" toxicity result from physiological differences in
K" homeostasis and/or T1 sensitivity. For example, in a field study examining the effects of
exogenous K on growth and reproduction in Daphnia dentifera it was observed that stimulation
of these endpoints was variable, but was independent of environmental K* concentration and
other environmental factors (Civitello et al. 2014). These authors therefore suggested that
seasonal variation in the physiology of the daphnids was responsible for governing differences in
K"-mediated responses.

In contrast to manipulations of water K*, Na" modifications to water chemistry had no
effect on Tl-induced mortality in daphnids. This suggests that the interactions between Tl and
monovalent cations are specific to K* (and its analogs; see below). In cells, the transport of Na*
and K" is strongly linked (Morris et al. 2006). In part this is because of the actions of NKA,
which exchanges Na* and K across the basolateral membranes of all cells (Suhail 2010).

Although there is some evidence of TI" interactions with Na*, notably in rat retinal cells in vitro
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(Tao et al. 2008), there is no literature support for an effect of T1 on Na* homeostasis, or for a
role for Na" in protecting against Tl toxicity. The data presented in this chapter also fail to
provide evidence of this latter effect.

In contrast, the supplementation of exposure water with K" analogs resulted in changes in
Tl-induced mortality. At Rb" exposure concentrations of 1.2 and 2.9 uM, toxicity of Tl to
daphnids was reduced. Rubidium has very similar properties to K", and as noted in Section 5.1,
can be used as an analog of K" in transport studies. This is likely due to similarities in both
charge (+1) and ionic radii (Rb": 152, K™: 137 pm; Shannon 1976). Therefore, it is likely that the
protective effects of Rb" on TI toxicity are mediated by the same mechanisms as the protective
effects of K" on Tl toxicity. Once a certain threshold concentration of K* transporter-permeant
ions is present to outcompete Tl for uptake, this reduces the capacity of Tl to enter the cell,
ameliorating the toxic effect. Because of the higher affinity of TI ions for transport relative to
both K" and Rb" (NKA K: TI: 0.15, Rb™: 0.74, K*: 0.80; Robinson 1970; Robinson 1975),
relatively higher concentrations of K'/Rb" are required to modify TI uptake (and thus toxicity).
In the Rb" exposures, K™ was present in the base medium, thus likely explaining the lower
effective concentration of Rb" required to initiate this effect relative to K™ (1.2 versus 20 uM). At
the highest tested Rb* concentration (5.9 uM), the rate of T1 mortality was no longer
significantly reduced relative to Rb'-free controls. There is some evidence that Rb* can itself be
toxic (Abdollahi et al. 1998), and so it is possible that this slight reduction in toxicity
amelioration may relate to a negative effect of Rb" in combination with Tl on K™ homeostasis.
However, Rb" treatments in the absence of Tl caused no toxic effect (data not shown), and toxic
effects in rats have only been observed when Rb™ exposure concentrations were in the mM range

(Abdollahi et al. 1998).
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In the current study Cs” had no effect on TI toxicity to daphnids until water Cs”
concentrations reached 38 uM. At this, and the higher tested Cs" concentration of 78 uM, Cs"
exacerbated T1 toxicity causing complete mortality over the course of the 48-h exposure. Again,
this effect was not due to the toxicity of Cs" alone, as the Tl-free control exhibited no toxicity
(data not shown). Unlike both TI" and Rb", which mimic K" and move freely through K"
transporters (Sessler et al. 1986; Omay and Schwarz 1992), Cs" is a K channel blocker (Clay
and Shlesinger 1984). If T1" requires K* channels to enter cells, and thus cause toxicity, then the
prediction might be that as Cs™ concentrations increase, the passage of Tl into the cell might
reduce, thus ameliorating toxicity. In fact, the opposite effect occurred. This therefore argues
against a role for K* channels in cellular T1 uptake (in that Cs” would block T1 uptake, but
toxicity of Tl is enhanced), but does suggest a role of K™ channels in promoting Tl toxicity.
Under this scenario Tl impairs function of a K™ channel, the effect of which is exacerbated by K*
channel blockade by Cs". The exact nature of this effect is not known, but if Tl were capable of
blocking cellular K efflux, or disrupting mitochondrial K™ handling, then this could cause
changes in electrochemical gradients and/or altered cellular energy metabolism. These
possibilities are discussed in more detail in Section 7.4.1. Measures of Tl accumulation would be
of value to further address the interactions between Tl and Cs”.

5.4.2. Pharmaceutical effect on whole-body K* following a 1-h exposure

The overall goal of this experiment was to determine if TI disrupts whole-body K*, and if
this effect is mediated by the interactions of Tl with K* channels. The initial step in this study
was to determine an effect concentration of T1, based on a 1-h exposure. Data in Section 3.3
showed no effect of chronic Tl exposure on whole-body K* in daphnids, with the working

hypothesis being that compensation occurred to restore K concentration over long-term
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exposures. Thus, a shorter exposure period was desirable to reduce the possibility of
compensation occurring. However, the outcomes of this study showed that a 1-h exposure to Tl
was insufficient to change whole-body K", despite mortality. This suggests that whole-body K" is
either not a sensitive endpoint of Tl toxicity to daphnids, or that it takes a longer time for effects
of Tl on the whole-body K" status to become apparent. One possible mechanism that may
explain toxicity in the absence of a change in whole-body K, is that Tl effects are initially
manifested in the nervous system. In mammals, the nervous system is well characterized as a
target tissue for T1 toxicity (Osorio-Rico et al. 2017). Indeed, a variety of effects of Tl on neural
tissue have been described, including disruption of energy metabolism, generation of oxidative
stress, and impairment of ion transport processes through inhibition of NKA (Osorio-Rico et al.
2017; Maya-Lopez et al. 2018). In fact, Tl concentrations as low as 5 pM are sufficient to cause
damage in isolated synaptosome preparations from rat brain (Maya-Lopez et al. 2018). Evidence
for a role of TI in neurological function in daphnids was provided by data presented in Chapter 4
of this thesis, where Tl was suggested to impair phototactic behaviour by disrupting the sensory
system. If the mortality indicated in a 1-h exposure was mediated through neurological effects,
this would be unlikely to show as a change in whole-body K" even if disruption of K*
homeostasis was the root cause of toxicity, because of the relatively small contribution of this
tissue to total body mass.

Despite the lack of effect of Tl on whole-body K, 1-h exposures to pharmaceuticals did
result in some effects on daphnid whole-body K. Specifically, a reduction in whole-body K*
concentration was observed in daphnids exposed to clozapine + T1 compared to the Tl treated
group (Figure 5.3b). Clozapine binds to, and inhibits the function of, the K,11.1 channel, a

voltage gated K* channel, which in humans contributes to repolarization of cardiac action
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potentials (Vandenberg et al. 2012; Hill et al. 2014). The gene that codes for this channel is
present in the Daphnia magna genome (Genbank accession number: XP_032780879.1). The
reduction in whole-body K in the presence of both Tl and clozapine suggests that there may be
an interaction between these two agents that is not present when either one of them is present
alone. Because of the multiple distinct K* channels that are likely responsible for cellular K*
homeostasis, blockage of any one specific route of entry/exit may be insufficient to cause a
change in K" status. These data would therefore suggest that clozapine and Tl are affecting
distinct pathways of K" handling, and that only the blockade of both of these pathways is
sufficient to disrupt K™ handling.
5.4.3. Pharmaceutical effect on whole-body thallium and K following an 8-h exposure

In order to find a more effective experimental protocol in which to study impacts of T1 on
K" homeostasis, an 8-h study was performed, which initially examined the effects of two Tl
concentrations on daphnid whole-body K* (Figure 5.4). This study showed that 100 mg L' TI
could be effective in reducing daphnid K" status. Although the exact mechanisms by which K*
homeostasis is affected by T1 have not been described, there are several studies that support this
finding. For example, Tl inhibits gut K™ transport in Chironomus riparius (Belowitz and
O’Donnell 2013), and also impairs both influx and efflux of K" across the mitochondrial
membranes of rat liver (Barrera and Gomez-Puyou 1975). It is noteworthy that no change in K*
homeostasis was found after a 1-h exposure to a lethal Tl concentration (Section 5.4.2), and it
took 8-h of exposure to induce a downwards trend in whole-body K* in the current experiment.
This suggest that it takes time for the effects of T1 on this endpoint to develop. This would argue

against a direct effect of Tl at an apical epithelial surface, as has been noted for ionoregulatory
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impacts of other trace metals in aquatic biota (e.g., Hogstrand et al. 1994; Grosell and Wood
2002; Bianchini and Wood 2003).

In the 8-h exposure study incorporating pharmaceuticals, there was a trend towards
decreasing whole-body K" in the presence of Tl alone, but this effect was not significant (P-
valuepunn: 0.075 — 0.300), as it had been in the preliminary studies without pharmaceuticals (Fig.
5.4). However, the presence of K* channel-blocking drugs did affect whole-body K", although
not in the manner that may have been predicted. None of the pharmaceuticals tested reduced
daphnid whole-body K". In fact, the only significant effect of a pharmaceutical agent alone was
chlorpropamide, which increased whole-body K" relative to the unexposed control. There are
several potential explanations for the lack of observed effect. For example, it is possible that the
effectiveness of the drugs may have been limited. The pharmaceutical exposure concentrations
were chosen based on data from studies in other systems, and thus may not have been
sufficiently high to cause effects in daphnids. However, since the clozapine and amiodarone
concentrations were based on lethal doses of the drugs to fathead minnows, and fathead minnows
are generally less sensitive to toxicants than Daphnia magna (Maki 1979; Overturf et al. 2012),
this was unlikely to be the cause of the observed pattern. It is also possible that the efficacy of
the drugs may have been limited by degradation over time. In human systems plasma half-lives
for chlorpropamide, clozapine and amiodarione are 34, 8, and 80-h respectively (Sartor et al.
1980; Latini et al. 1984; Mahoney et al. 1999). It is therefore unlikely that exposure of these
drugs via the water, in the absence of metabolizing enzymes and lower temperatures than in
human systems, would have resulted in complete degradation. Finally, given the multitude of
possible K™ channels involved in cellular transport of K* (Buckingham et al. 2005), it is possible

that blockade of single (or in the case of the mixed exposure treatment, several) pathways,
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simply results in the diversion of transport through other pathways that are not blocked. This
would result in no net change in transport and thus no net change in whole-body K" status. A
similar outcome has been observed in blocker studies of epithelial Ca** uptake in whole tissue
preparations (Glover and Goss 2020).

It is clear, however, that chlorpropamide generated a significant effect, raising whole-
body K" status. In mammals, chlorpropamide blocks inwardly rectifying K* channels in tissues
such as human kidney and guinea pig intestine (Zini et al. 1991; Lang et al. 2012). A gene for the
chlorpropamide target (KIr6) is found in the D. magna genome (Genbank accession number
XP 032790563.1). Although the target for chlorpropamide is an inwardly rectifying channel, it
nevertheless conducts K in either direction depending on the prevailing concentration gradient
(Lang et al. 2012). In most cells this would result in efflux of K™ (intracellular K" concentration
is approximately 135 mM, extracellular K" concentrations approximately 12 mM; Wright 2004).
If chlorpropamide was blocking K™ efflux from cells, then this could ultimately result in an
increase in cellular and whole-animal K.

Chlorpropamide, amiodarone (a blocker of K, and Katp), clozapine (a blocker of K) and
the mixture of all three pharmaceuticals also significantly modified the effect of T1 on whole-
body K. In all these cases the whole-body K status of daphnids was significantly elevated in
the presence of the drug and Tl compared to daphnids exposed to T1 alone. This indicates that all
three blocking agents likely ameliorated the capacity of Tl to alter K™ handling. This therefore
suggests that Tl is capable of uptake through multiple K* channels. Indeed, although T1 uptake
through the chlorpropamide-inhibited KIr6 channel has not been determined, Tl flux has been
measured through other inwardly rectifying K* channels (Wydeven et al. 2014). Just as Kj; and

Ky11.1 homologues (targets of chlorpropamide and clozapine, respectively) are present in the D.
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magna genome so too are targets for amiodarone (Genbank accession numbers:

XP _032780879.1, XP_032790563), lending circumstantial support for the hypothesis that these
channels are potential pathways of Tl uptake in D. magna. Of course, this conclusion contrasts
with those drawn from the effects of Cs" on Tl toxicity (discussed in Section 5.4.1, above). The
presence of Cs", a generalized K" channel blocker, exacerbated TI toxicity, which would be
inconsistent with passage of Tl through a K* channel and inconsistent with the ameliorative
effects of Tl toxicity seen in the presence of pharmaceutical K" blockers. This inconsistency
requires further exploration.

The other key conclusion that can be drawn from the pharmaceutical data is that the
mode of action of Tl is clearly distinct from the mode of action of the blocking agents
themselves. If T1 and pharmaceuticals were having similar actions, then their effects on whole-
body K" status would be similar. This lends support to the concept that while TI likely enters
cells via K" transporters, its effects on K™ homeostasis appear to be mediated at distinct loci. This
is consistent with previous studies showing that TI has a high permeability through K*
transporters (Brismar 1998), but does not block transport of K (Belowitz and O’Donnell 2013).
5.4.4. Potassium uptake

The use of Rb" as a tracer for uptake of K* is a common practice due to the
physicochemical similarity of the two ions, a property that translates to similar cellular handling
(Brismar 1998; Carmosino et al. 2013). In the current study, T1 was shown to decrease K" uptake
in daphnids. This indicates that at least part of the changes in whole-body K" observed upon Tl
exposure are mediated by an inhibition of cellular K uptake. In neonate D. magna, K* uptake
from the environment can be achieved by the nuchal organ (Morris and O’Donnell 2019), a

tissue specialized for ion transport located in the “neck” region of the animal. Later in
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development, the nuchal organ disappears and epipodites take over ionoregulation (Aladin and
Potts 1995). The specific transporters that achieve K uptake have not been characterized, but
these are likely targets for the effects of Tl on K™ uptake identified in the current study.

It should be noted, however, that K uptake rates as determined in the current study are
relatively low. The basal K" uptake rate in the absence of Tl was 0.044 pg g h'!, with T1 at 588
ng L reducing K* uptake by 45%. Assuming no effect of T1 on K* efflux rates, and assuming
complete inhibition of K* uptake by 100 mg L' TI (Fig. 5.4), then a decrease in whole-body K*
of 0.025 mg g™ over 8-h would be predicted. Whole-body K* concentrations of control daphnids
as measured in the current study are in the order of 0.2 mg kg™!. Therefore, it is unlikely that the
effects on whole-body K™ mentioned in Section 5.4.3 are solely based on inhibition of uptake by
Tl.

5.5. Conclusion

The presented work shows that interactions between K* and Tl are, at least in part,
responsible for Tl toxicity. These effects are K -specific as Na* did not modify TI toxicity. Based
on studies with pharmacological blockers of K" channels, evidence was provided that T1 uses
such channels to induce toxicity, but toxicity is not mediated by interactions at the uptake locus.
The interaction between K" and Tl may ultimately provide a mechanism for site-specific risk

assessment of T1 in natural waters.
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6. Accumulation of thallium in rainbow trout (Oncorhynchus mykiss) following acute and
sub-chronic exposure
6.1. Introduction

Trace metals are widely distributed throughout freshwater ecosystems (Meena et al.
2018), and their presence poses potential risks to aquatic animals such as fish. However, in order
for metals to exert effects on organismal biology, they first must be accumulated (DeForest et al.
2007). To characterize accumulation of toxicants from the environment, two metrics are
commonly used: BCF and BAF. The BCF refers to the ratio of chemical accumulated in the
organism relative to the water exposure concentration (DeForest et al. 2007). The BCF is most
commonly applied to laboratory studies where the diet is not a factor that contributes
meaningfully to accumulation. In contrast, BAF is the ratio of organism accumulation to the
chemical concentrations in the surrounding medium from all possible exposure routes (i.e., both
dietary and waterborne) (Gobas and Morrison 2000). As such, BAF is mostly applicable to field
studies. Measures of accumulation are important as it has been shown that accumulation of
metals in freshwater organisms often equates to sub-lethal toxic effects. For example, following
exposure of gilthead bream (Sparus aurata) to Cd, a relationship between Cd burden and
oxidative stress was observed (Souid et al. 2013). Similar relationships have been observed
linking effects on ionoregulatory enzymes with Cu burden in kidney tissue of goldfish (Moyson
et al. 2016).

Due to the relationship between accumulation and toxic effect, measuring accumulation
can be critical for regulatory approaches. One approach that utilizes the relationship between
acute toxicity and trace metal bioaccumulation in aquatic systems is the BLM (D1 Toro et al.

2001). Briefly, this is a regulatory tool that takes measures of water chemistry to determine trace
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metal bioavailability to an aquatic organism (or a metal-sensitive tissue (i.e., biotic ligand) of an
aquatic organism, such as the fish gill). Bioavailability, or short-term bioaccumulation, which is
considered to reflect bioavailability, can then be used to predict toxic effects (Di Toro et al.
2001). Accordingly, this model has been applied globally in the development of guidelines for
the protection of aquatic biota against trace metal toxicity (De Schamphelaere and Janssen 2002;
USEPA 2007; Riidel et al. 2015; Gondek et al. 2017). Another model that considers
bioaccumulation in risk assessment is the tissue residue approach (TRA) (Meador et al. 2008).
The TRA uses critical body residue (CBR), the concentration of chemical bioaccumulated (in the
whole body or in a specific tissue) corresponding to measured toxicity, to correlate
bioaccumulation with mortality to predict toxicity within and across species (Barron et al. 1997;
Leonard et al. 2014). One benefit of the TRA model over the BLM is that it considers the
biologically effective dose, which relates to the internally bioavailable portion of the
concentration of the chemical. This is important, as it provides a mechanism for differentiating
risk in scenarios where the toxicity of chemicals does not correlate to gross measures of tissue
toxicant burden (Barron et al. 1997). The application of TRA to ecological risk assessment has
facilitated an improved assessment of bioavailability for metals and organic compounds
(Sappington et al. 2011). For example, the TRA has been used by the USEPA to develop
guidelines for new pesticides that show bioaccumulative potential (USEPA 2009b).

In fish, the gills are the primary route of waterborne metal uptake from the environment
(Zia and McDonald 1994). Metals are absorbed from the water principally as free metal ions
(Cuss et al. 2020). This occurs either through dedicated metal transporters for those elements that
are essential (Bury et al. 2003), or in the case of non-essential metals, via mimicry of major ions

such as Na* or Ca?* (Olsson et al. 1998). Once absorbed, metals may be sequestered in the gill
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tissue, through association with metal-binding ligands such as the cysteine-rich protein
metallothionein (MT; Olsson and Hogstrand 1987). In some invertebrate species, trace metals
may also be sequestered in tissues as insoluble granules (Rainbow 2002). Following
accumulation in the gill, labile metals may be released across the basolateral surface into the
blood, which delivers metals to other tissues where they are sequestered or excreted (Olsson et
al. 1998). A trace element accumulates in a given tissue, depending on that elements ultimate
disposition (i.e., sequestration or excretion) (Calamari et al. 1982), its physicochemical
properties (Veltman et al. 2008), and biological factors such as exposure history and
physiological status (Cain et al. 2006; Urien et al. 2017). Ultimately, metal accumulation in
specific tissues can be of importance for a number of different applications. As noted above,
branchial accumulation is of value for regulatory risk assessment, while accumulation of metals
in fish muscle tissue is important in assessing risk to human health (Ali and Khan 2019), and
metal accumulation in otoliths is useful for determining the metal exposure history of fish (Hiissy
et al. 2020).

As introduced in Sections 1.1.7 and 1.1.8, T1 is a trace metal that is known to accumulate
and cause toxic effects in aquatic organisms (Couture et al. 2011). While dissolved
concentrations in uncontaminated surface water are generally low (e.g., 3 ng L!; Shotyk et al.
2019), field studies have measured T1 accumulation in several aquatic species (Table 6.1). Near
the Wengjiang River, a water body impacted by activities at the Dabaoshan mine, measured total
water concentrations of Tl average 0.1 pg L' In a study examining Tl bioaccumulation in 19
species of freshwater organisms collected from this watershed, BAF values in muscle tissue from
the fishes ayu (Plecoglossus altivelis) and Chinese false gudgeon (Abbottina rivularis) were

8750 and 3548, respectively (Chan et al. 2021). Interestingly, T1 even appears to accumulate in
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biota collected from waters where there is no known anthropogenic source of the metal. For
example, in the Athabasca River, Tl concentrations in otoliths of trout perch (Percopis

omiscomaycus) were 6071 times greater than the Tl concentration dissolved in the river (Shotyk

et al. 2019).
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Table 6.1. Bioaccumulation factors for T1 of field collected fish.

Exposure Tissue
Common name Latin name concentration concentration BAF Source
(ng L) (ng kg)
T ) Gill 34 1140
Bitterling Acheilognathus macropterus
Muscle 23 760
Gill 19 640
Goldfish Carassius auratus
Muscle 30 1000
C Coori . Gill 25 840
ommon ca c
P YIS CaTpio Muscle 39 1300
. Gill 18 600
Spotted steed Hemibarbus maculatus
Muscle 14 460
Sichuan taimen Hucho bleekeri 0.03! Muscle 19 640 Ch2a (r)lzeltaal.
) o Gill 51 1700
Mozambique tilapia Oreochromis mossambicus
Muscle 78 2600
Gill 42 1400
Yellowhead catfish Pseudobagrus fulvidraco
Muscle 53 1760
. Gill 35 1160
Chinese perch Siniperca chuatsi
Muscle 50 1660
_ Gill 43 1440
Yellowtin Xenocypris argentea
Muscle 35 1160
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Table 6.1 cont.

Exposure Tissue
Common name Latin name concentration Tissue  concentration Source
(ng LY (ng kg™
Topmouth gudgeon Pseudorasbora parva Muscle 26 264
Rainbow gudgeon Sar’c;gczle)ziii;}iz;hy s 0.1 Muscle 31 308
Topmouth culter Erythroculter ilishaeformis Muscle 26 264
Ayu Plecoglossus altivelis Muscle 875 8750 Chzan etaal.
. ) o Gill 196 1779 021
White seabass Atractoscion nobilis
11! Muscle 43 395
Sharpbelly Hemiculter leucisculus Muscle 87 791
Chinese false gudgeon Abbottina rivularis Muscle 390 3548
Shiner Notropis spp. Muscle 10 900
Walleye Sander vitreus 0.01¢ Jardine et al.
Northern pike Esox lucius ' Muscle 30 2500%* 2019
Lake whitefish Coregonus clupeaformis
Trout-perch Percopis omiscomaycus 0.003¢ Otolith 17 6071 Sho;}ékl gt al.
Lake trout Salvelinus namaycush 0.01™ \ggg}l,e 141 10071 | Lin et al. 2001

*: Pooled samples

: Values from Chan et al. (2021) were recalculated from reported water and tissue Tl concentrations.
" Total concentration

d: Dissolved concentration

"S: Total or dissolved not specified
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Thallium bioaccumulation in aquatic species has also been shown experimentally under
controlled laboratory conditions, indicating waterborne Tl bioavailability (Table 6.2). For
example, Zitko et al. (1975) exposed juvenile Atlantic salmon (Salmo salar) for 12.5 days to
concentrations of Tl ranging from 17.9 to 200 pg L' and measured significant TI accumulation
in gill and muscle tissue. Accumulation of T1 has also been observed in larvae of fathead
minnows (Lapointe and Couture 2010), where whole-body Tl accumulation over a 21-day
exposure to 0.9 pug T1 L was significantly elevated relative to control fish. The BCF values
calculated from these studies range from 7 to 1430. However, under Canadian guidelines that
consider BCF values >5000 to be of concern (Environment Canada 2000a), Tl is not classified as
a priority environmental toxicant. However, the data to date are insufficient to identify whether
there are specific tissues in which TI preferentially accumulates, an outcome that has

implications for risk assessment.
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Table 6.2. Bioconcentration factors for Tl in laboratory-exposed aquatic organisms.

. Common Latin Exposure Exposurfe . Tissue concentration
Organism concentration  Tissue 1 Source
name name length (d) i (mg kg™)
Common |  Lemna 0.01° 880° 88000 | Kwanand
Plant . 10 Fronds Smith
duckweed minor 0.75% 4426° 5901 1938
. Hyalella ns Whole Borgmann
Amphipod azteca / 30 body 174 5800 et al. 1998
Harlequin Chzrono'm 14 0.6 0.6
fly us riparius 1000™ Dumas and
vert, | Ametid | T ”If?jffex 14 03 03 | Hare2008
. ubifex . Whole
0.9 body 8 8889
j 9 26 2889
Crustacean Daphnia 21 3 Chapter 3
magna 83 188 2265
4244 394 929
2 nmol cm™
" g kg
¢: nmol g!
™ mg L

" Total concentration

d: Dissolved concentration (filtered through 0.45 micron membrane filter)
"5: Total or dissolved not specified

¢+ standard deviation
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Table 6.2 cont.

Exposure Exposure Tissue
Organism Latin name lenlg) th ( d) concentration Tissue concentration BCF Source
(4 99) (mg kg™
17.9™ Muscle 2 130
17.9™ Gill 26 1430
45" Muscle 5 114
Atlantic 45™ Gill 1 27 Zitko et al.
Salmo salar 12.5
salmon 100" Muscle 15 146 1975
100" Gill 30 300
200™ Muscle 27 135
200™ Gill 32 161
. 16783 +
i Gill 15 5875¢
is
0.9¢ : 13114 +
Otolith 12 1536°
Rainbow | Omncorhynchus 78 Muscle 7 7995 & 1442° Chapter 6
trout mykiss Gill 339 2771 +582¢ P
141 Plasma 415™ 2944 + 1688°
Otolith 568 4029 + 842¢
Muscle 95 671 £ 154°
. Lapointe
Fathead | - Pimephales 21 0.08" Whole 0.0008 10 and Couture
minnow promelas body 2010
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By generating tissue-specific data for T1 accumulation, a greater understanding of
interactions between body burden and toxic effects associated with T1 can be applied to risk
management practices such as the BLM and TRA (D1 Toro et al. 2001; Meador et al. 2008). This
study therefore aimed to investigate Tl accumulation in the gill, plasma, muscle, and otolith of
rainbow trout exposed to dissolved waterborne Tl. Accumulation in the gill and plasma provides
insights into the uptake and subsequent distribution of Tl, while muscle Tl burden is of value for
understanding the risks associated with human consumption of fish sourced from TI-
contaminated waters. Additionally, given its utility in field studies examining trace metal
exposure history, otolith T1 concentration was measured to determine if burdens reflect exposure
conditions in laboratory studies. In this chapter, K" concentration was also measured in muscle
and plasma, in order to determine if Tl accumulation disrupted K™ homeostasis in these tissues
(Brismar 1998; Chapter 5). This study focused on rainbow trout, an important regulatory species
(Dwyer et al. 1995), and one that is generally considered sensitive to trace metal toxicity
(Environment Canada 2000c). Rainbow trout are also a surrogate species for cold-water fishes,
providing an understanding of toxic mechanisms that can be applied to other fish species
inhabiting cold freshwaters.

6.2. Methods
6.2.1. Fish

Rainbow trout (Strain: Trout Lodge Jumpers, TLTLJ) were acquired from Raven Creek
Brood Trout Station (Caroline, Alberta, Canada), and maintained in the Department of
Biological Sciences at the University of Alberta. Trout were grown to experimental size (19 - 55

g) in flow-through tanks supplied with aerated and dechlorinated facility water (hardness 160 mg
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CaCO; L!; alkalinity 120 mg L™'; K" 2 mg L!; pH 8.2; temperature 10 + 1°C). Fish were fed dry
commercial trout pellets (Purina trout chow) daily and maintained at a 14:10 photoperiod. All
animal use was approved by the University of Alberta/Athabasca University Animal Care
Committee under Protocol AUP2712.
6.2.2. Exposure design

Twenty-four hours prior to exposure, acid-washed glass treatment tanks (8 L) were
placed in a water table and filled with 4 L of dechlorinated facility water. Tanks were then spiked
with a pH 7.5 TINO; stock (1000 mg L) to the appropriate concentration for exposure, and
aerated. The experiment was run with 8 replicates per treatment for either an acute (96-h; 0, 0.8,
2000, 4000 pg L) or sub-chronic (28-d; 0, 0.8, 170 pg L") exposure. Nominal exposure
concentrations were based upon CCME water quality guidelines for T1 (0.8 pg L), elevated
environmental concentrations (170 ug L'; Williams-Beam and Twidwell 2003), a value 50% of
the 96-h median lethal concentration (LCso) of T1 to rainbow trout (2000 pug L), and the acute
LCso value itself (4000 pg L!; Pickard 2001). After a 24-h equilibration period following T1
addition to facilitate steady state TI speciation, trout were placed individually into tanks and
exposed for either 96-h or 28-d. Acutely-exposed fish were fasted for the entirety of exposure,
whereas sub-chronically-exposed fish were fed every 4 days to satiation immediately prior to a
100% water change (where the new exposure water had been allowed to equilibrate for 24-h
prior to fish addition). Treatment conditions were monitored and measured once daily (temp =
11°C, pH = 7.7). Fish health was assessed at least twice daily. Following exposure, the fish were
removed and immediately euthanized in 100 mg L™! tricaine mesylate solution buffered to pH 7.5
with sodium bicarbonate. Blood samples were collected using a 1 mL syringe with a 20-gauge

needle via caudal puncture, and transferred into a 1.5 mL Eppendorf tube. Plasma was obtained
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by centrifuging freshly-collected blood samples at room temperature for 30-60 seconds at 10,000
g, or until a clear separation of cells and plasma was achieved. Plasma samples were transferred
to clean 1.5 mL tubes. Immediately following plasma collection, and after severing of the spinal
cord, heads of fish were removed with a razor blade, cutting behind the opercula to ensure no
damage to gills. Second and third gill filaments were removed from each side of the fish and
stored in separate Eppendorf tubes. Otoliths were carefully removed from both sides of the
severed head by inserting curved tapered fine-point tweezers just behind the eye. White muscle
was collected by taking two 1 x 1 cm tissue samples from between the pectoral and pelvic fins.
Whole liver and trunk kidney were also dissected for uses described in other chapters. All
collected tissues were flash frozen in liquid nitrogen and stored at -80°C. Processing of tissues is
described in Section 6.2.4 (plasma, gill, muscle), in Sections 7.2.1 (gill and kidney), or in Section
8.2.1 (liver).
6.2.3. Water sampling and Tl analysis

Within each water change cycle, triplicate 10-mL water samples were taken at 0-h
(immediately after water change) and 96-h (immediately before water change). To determine
dissolved concentrations, collected samples were passed through a 0.45 um syringe filter and
acidified with 1% trace metal grade HNOs3. Samples were then analyzed for Tl via ICPMS. A
detailed description of Tl analysis is located in Section 3.2.4. Reported acute exposure
concentrations are the replicate mean values of 0 and 96-h measurements, then averaged across
all replicates. Reported sub-chronic Tl concentrations represent mean values taken immediately
before fish addition to a tank and immediately before a water change. All such values per
replicate were averaged, and then these mean values were themselves averaged across all

replicates.
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6.2.4. Tissue preparation and thallium analysis

Plasma volumes were measured using a P1000 micropipette, before the plasma was
transferred to a weighed Eppendorf tube. One mL of 70% trace metal grade HNO3 was then
added to the tube. Otolith tissues were weighed, dried at 65°C in a drying oven until stable
weight, then digested in 1 mL of 70% trace metal grade HNO; and placed back into the drying
oven for an additional 72-h. Prior to gill digestion for ICPMS, gill tissue was prepared and
analyzed in ionoregulatory activity assays as described in Section 7.2.1. After activity analysis,
gill homogenates were dried at 65°C until stable weight. The dried tissue was then digested
following the same procedure used for otolith digestion. An UltraClave (Milestone, Shelton,
Connecticut, USA) was used for muscle tissue digestion. Briefly, muscle tissue (0.2 g) was
placed into a clean digestion tube containing 3 mL of twice distilled HNO3 and 0.1 mL
tetrafluoroboric acid. To prepare the digestion, 330 mL ultrapure water, 30 mL H>O> and 3 mL
H>SO4 were added to the Teflon bowl in the UltraClave system. The tube containing the sample
was capped, placed into the UltraClave and digested for 2-3-h. Once completed, samples were
transferred into 15 mL Falcon tubes and stored at 4°C until analyzed. For quality assurance of
tissue digestions, a standard reference material (SRM) NIST 1566b (Oyster Tissue, National
Institute of Standards and Technology, Gaithersburg, Maryland, USA) was used, and treated as
described above for muscle tissue.

Following digestion, ICPMS was used to analyze samples for T1 concentration, as
described in Section 3.2.4. The LOD and LOQ resulting from this analysis were 0.1 and 0.3 ng
L1, respectively. For the purposes of statistical analysis, samples with concentrations below

LOQ were assigned a value halfway between the LOQ and 0.

131



Muscle and plasma tissues were also analyzed for K™ concentration. Gill tissues were not
measured for K™ concentration as the homogenization buffer used for enzyme analysis (which
was conducted prior to bioaccumulation analysis) may have added K™ to samples. Potassium
concentration was measured using FAAS as described in Section 3.2.4.

6.2.5. Bioconcentration factor

A BCF was calculated for each fish exposed to T1 sub-chronically, as described by Veith
et al. (1979). Measured TI concentration for a given tissue (Cy; ug L™! (plasma) or ug kg!') was
divided by the measured T1 concentration in the exposure water (Cyw; pg L™).

Equation 6.1:

BCF = G
T C

w

Bioconcentration factors reported in Sections 6.3 and 6.4 are the calculated means of BCF values
from each individual fish. Acute BCF values were not calculated based on the assumption that an
equilibrium between accumulation and excretion had not been reached following 96-h of
exposure (USEPA 2016).
6.2.6. Statistics

Prior to statistical analysis, Grubb’s test was employed for detection and subsequent
removal of outliers. Outliers were removed from acute plasma (one value removed from each of
the 0 and 0.9 pg L' exposure concentrations), sub-chronic plasma (one removed from 0 ug L),
acute otolith (one removed from 0, 0.9 and 2004 pg L), and sub-chronic otolith (one removed
from 0.9 and 141 ug L). For all analyses, assumptions of parametric analysis were tested using
the Shapiro-Wilk test for normality, and the Brown-Forsythe test for homogeneity of variance. If
assumptions were met, a one-way ANOV A was conducted to assess variance between

treatments, followed by Tukey’s multiple comparison test at an alpha level of 0.05. If
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assumptions were not met, a non-parametric Kruskal-Wallis test was used, followed by Dunn
multiple comparison test at an alpha level of 0.05. All reported values represent the mean +
standard deviation. All statistical analyses were conducted using Prism GraphPad. All tissue T1
concentrations are expressed on a dry weight basis.
6.3. Results
6.3.1. Thallium exposure concentrations

Measured exposure Tl concentrations were close to nominal values (Table 6.3). For the
SRM NIST 1640a, measured Tl concentrations were 95 + 0.2% of the certified value. From this
point forward in this chapter, measured exposure concentrations will be referred to in the text.
There was no certified Tl value in the tissue SRM (NIST 1566b). However, measured T1
concentration for NIST 1566b were similar to values reported in Park et al (2018).
Table 6.3. Dissolved thallium concentrations (pg L) for acute and sub-chronic waterborne

exposures.

Nominal concentration ‘ Measured concentration?

0 0.12£0.01
0.8 0.87 £0.01
170 141 +£4

2000 2004 + 73
4000 4200 + 196

#Measured Tl values represent mean (+ standard deviation) of 6 replicate water samples.
6.3.2. Morbidity in thallium-exposed trout

During acute exposures of rainbow trout, morbidity (loss of equilibrium) was observed in
7 fish. These fish were subsequently euthanized. In 2 cases morbidity was a result of a tank
aeration failure. In general, morbidity was relatively evenly distributed across all treatments, and
was therefore unlikely to be a consequence of Tl exposure itself. In total, 2 fish were euthanized

from each of the control, 0.9 pg L' and 2004 pg L' exposure treatments, and a single fish was
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euthanized from the highest exposure group (4200 pg L™). To ensure 8 replicates for each
exposure concentration, additional animals were run immediately following the conclusion of the
initial acute exposure study. No morbidity was observed in sub-chronic trout exposures.
6.3.3. Thallium accumulation in gill

Gill TI concentrations were significantly different between treatment groups following
acute Tl exposure (P-valuekuska-wattis: 0.001; Figure 6.1a). Concentrations of Tl in gill tissue of
trout exposed to 2004 and 4200 ug T1 L' were 142 and 243 times greater than gill Tl
concentrations in control fish. Similarly, in the sub-chronic experiment, significant differences in
mean gill Tl concentrations were also observed (P-valuekuskal-wattis: 0.0001; Figure 6.1b). In the
141 pg T1 L treated fish, gill Tl concentrations were 109 times greater than those measured in
control fish (P-valuepum: 0.001). Sub-chronic gill BCF values (mean + standard deviation) were

16800 + 11800 and 2770 + 1300, for the 0.9 and 141 pg T1 L treatments, respectively.
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Figure 6.1. Branchial Tl concentration (mg per kg) in rainbow trout following an acute (96-h; A)
or sub-chronic (28-d; B) exposure. Plotted points represent means (+ standard deviation) of 8
replicates. Bars that share letters are not statistically different from one another.
6.3.4. Thallium accumulation in plasma

Concentrations of T1 in plasma for both 0 and 0.9 pg L ! treatments in fish subjected to
acute and sub-chronic T1 exposure were below LOQ values (0.3 ng L™!). Mean Tl plasma
concentrations in trout acutely-exposed to 2004 and 4200 pg L' Tl were 16.7 and 20.3 mg L,
values that were significantly greater than those of control fish (P-valuetukeys: 0.047 and 0.002,
Figure 6.2a). Similar findings were observed in sub-chronically-exposed trout where mean Tl
concentration in plasma was 11.3 mg L' in fish exposed to 141 ug L'}, a value significantly
greater than that of control fish (P-valuerukeys: 0.021, Figure 6.2b). A plasma BCF of 2940 +

3380 was determined for fish exposed to 141 pg L' T1 for 28-d.
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Figure 6.2. Plasma TI concentration (mg per L) in rainbow trout following an acute (96-h; A) or
sub-chronic (28-d; B) exposure. Plotted points represent means (+ standard deviation) of 7-8

replicates. Bars that share letters are not statistically different from one another.
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6.3.5. Thallium accumulation in muscle

Following acute exposure of rainbow trout to Tl, differences were observed in muscle Tl
concentrations (P-valueanova: 0.0001, Figure 6.3a). Tukey’s multiple comparisons test showed
that muscle tissue TI burdens from fish exposed to 0.9 pg L™ Tl were not significantly different
from those of control fish, however accumulated TI concentrations in the 2004 and 4200 pg L!
groups were significantly greater than the control treatment (P-valuerukeys: 0.0001). Similarly,
sub-chronic exposure to T1 led to a significant difference between Tl concentrations in muscle
tissue of rainbow trout (P-valueanova: 0.0001, Figure 6.3b). Again, no significant differences
were observed between control and 0.9 ug L™ treatments, but trout exposed to 141 pg L™ had
significantly greater muscle T1 concentrations than both the control and 0.9 ug L™! fish (P-
valuetukeys: 0.0003 and 0.0005, respectively). The sub-chronic BCF values for muscle tissue

were 8000 + 3530 and 671 + 377, for Tl exposure concentrations of 0.9 and 141 ug TIL™,

respectively.
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Figure 6.3. Muscle thallium concentration (mg per kg) in rainbow trout following an acute (96-
h; A) or sub-chronic (28-d; B) exposure. Plotted points represent means (+ standard deviation) of

8 replicates. Bars that share letters are not statistically different from one another.
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6.3.6. Thallium accumulation in otoliths

Significant differences were observed in otolith T1 concentrations of acutely-exposed
trout (P-valuekiuska-waliis: 0.0001). Otolith T1 was greater in fish exposed to 2004 and 4200 ug Tl
L' versus the control group (P-valuepu: 0.015 and 0.0004; Figure 6.4a). Likewise, significant
differences in TI otolith concentration were measured following sub-chronic exposure of trout to
Tl (P-valueanova: 0.0001). The TI concentration in otoliths of trout exposed to 141 pg L™! for 28
days was significantly greater than in otoliths of both control and 0.9 ug L™! treatment groups (P-
valuerukeys: 0.0001; Figure 6.4b). For otoliths of sub-chronically-exposed fish, BCF values for

trout exposed to 0.9 and 141 pg TI1 L' were 13100 + 3760 and 4030 + 1880, respectively.
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Figure 6.4. Otolith thallium concentration (mg per kg) in rainbow trout following an acute (96-h,;
A) or sub-chronic (28-d; B) exposure. Plotted points represent means (+ standard deviation) of 7-
8 replicates. Bars that share letters are not statistically different from one another.

6.3.7. Effect of thallium on muscle and plasma K* concentration
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No significant differences in plasma K™ concentrations were observed in trout acutely-
exposed to T1 (P-valueanova: 0.143; Figure 6.5a). Similarly, there were no significant
differences in plasma K concentrations of sub-chronically-exposed trout (P-valueanova: 0.714;
Figure 6.5b). Potassium concentrations in muscle samples of trout undergoing acute (P-
valueanova: 0.160, Figure 6.5c) or sub-chronic Tl exposure (P-valueanova: 0.621; Figure 6.5d),

were also unaffected by Tl exposure.
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Figure 6.5. Potassium concentration in rainbow trout blood plasma (mg per L) following acute
(96-h; A) or sub-chronic (28-d; B) exposure; and K* concentration in rainbow trout muscle tissue
(g per kg) following acute (96-h; C) or sub-chronic (28-d; D) exposure. Plotted points represent
means (£ standard deviation) of 6-8 replicates.
6.4. Discussion
6.4.1. Morbidity

One notable outcome of the current study was the low morbidity in fish exposed to 4200
ug T1 L. This concentration represented a value close to the reported 28-d LCso value for
rainbow trout (4300 pg T1L™'; Pickard et al. 2001), and thus mortality close to 50% might have
been expected. Instead, just 1 of the 9 fish exposed to this concentration exhibited any morbidity.
This may be a consequence of fish size. The fish in the current study ranged in size from 19 to 55
g, whereas the mean size of fish in the LCso study of Pickard and colleagues was 0.36 g. This
suggests a size-dependent sensitivity of rainbow trout to Tl toxicity. This is a commonly-reported
phenomenon for trace metals. For example, Grosell and colleagues (2002), showed that
sensitivity to waterborne Ag and Cu scaled closely with body size, with smaller organisms being
more sensitive than larger organisms.
6.4.2. Thallium accumulation in gills

Gill tissue of rainbow trout exhibited a significantly elevated T1 burden after a 28-d
exposure to 141 pg T1 L', and following a 96-h exposure to T1 concentrations of 2004 ug L or
greater (Figure 6.1a-b). Furthermore, Tl accumulation in gill tissue was dose-dependent, in that
as Tl exposure concentration increased, accumulation increased in both acute and sub-chronic
exposures. This dose-dependent response contrasts with the findings of Zitko et al. (1975) in

Atlantic salmon. These authors showed that Tl accumulation in gill tissue did not correlate to Tl
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exposure concentration (1>: 0.280; P-value: 0.471). For example, the T1 concentration in gills of
salmon exposed to 45 pug T1 L' was lower than in those fish exposed to 17.9 ug T1 L™ (Zitko et
al. 1975). The other notable difference between the current study and that conducted in Atlantic
salmon is the markedly higher tissue burdens in the current work. After a 28-d exposure to 141
ug TI L, branchial Tl was 10 times greater than that measured in gill tissue of salmon exposed
to 200 pg T1 L for 12.5-d (Zitko et al. 1975). Such differences are unlikely related to exposure
time, as the branchial T1 burden of trout exposed to 141 pg T1 L™ for just 96-h was also
markedly greater (11-fold) than those measured in Atlantic salmon.

The factors contributing to these differences in burden between studies are unknown, but
a number of possibilities exist. For example, salmon were exposed to waters that ranged in
temperature between 7 and 17.5°C, whereas in the current study temperature was relatively
constant at 11°C. Numerous studies have shown that metal accumulation in fish is temperature
dependent. In carp, for example, higher burdens of Cu are observed at 10°C than at 20°C
(Castaldo et al. 2021). The current study was performed using a static-renewal approach,
whereas that of Zitko and colleagues used a continuous flow-through design. Because of the
potential for the exposure concentration to change over time (e.g., through adsorption,
evaporation, uptake by the test animal), static-renewal is considered a less robust approach than
flow-through (USEPA 2002b). However, in the current study Tl concentrations were measured
before and after renewal and were not found to differ (data not shown). Conversely, flow-
through systems can be difficult to balance in order to achieve a constant tank toxicant
concentration. In the study of Zitko et al. (1975) water Tl measurements were made only once a
week, and reported concentrations were highly variable (see Figure 1 in Zitko et al. 1975).

Therefore, variability in exposure concentration may have been a factor contributing towards
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different patterns of gill TI burden between the two studies. Lastly, as noted below, one potential
source of branchial Tl is the gut, via the swallowing of contaminated water during feeding. In the
study of Zitko et al. (1975) salmon were not fed over the duration of the exposure, whereas in the
current work trout were fed every 4 days in the sub-chronic exposure. This may have generated
an additional pathway of TI uptake, and contributed to the higher branchial burdens observed for
trout versus salmon. However, this phenomenon cannot explain the higher burden in acutely-
exposed trout, which were not fed over the 96-h exposure period.

The gill is known to play an important role in K handling (Lin and Lee 2005; Furukawa
et al. 2011), and it is likely that Tl uptake and accumulation in the gill of rainbow trout is linked
with K*, as it is for other aquatic biota, including Daphnia magna (Chapter 5). However, the
specific transport pathway by which TI enters the gill cell has not been characterized. Some
researchers have indicated the presence of apically-located branchial K" transporters in rainbow
trout (e.g., Kerstetter and Kirschner 1972; Eddy 1985), but the uptake of K* across the gills is
relative slow and small in magnitude (Gairdaire et al. 1991). Nevertheless, taking the maximal
transport rate of K™ characterised by Gairdaire and colleagues (7.5 pmol 100 g h'!), a
calculation can be done to estimate the burden of T1 taken up by a rainbow trout across the gill.
Assuming that Tl is absorbed across the gill equally as effectively as TI (i.e, K" and T1" share the
same maximal transport rate value), then over the course of a 28-d exposure a 30-g fish (size of
fish in the current study) would be capable of absorbing around 300 mg of Tl across the gill
epithelium. This would be more than sufficient to account for the branchial T1 burden, and the
accumulation of T1 in other studied tissues.

It is, however, possible that other routes of uptake could contribute towards branchial TI.

One such route is the skin, which has shown to be involved in K* uptake in medaka larvae,
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through a paracellular transport pathway (Horng et al. 2017). Of greater relevance to the current
study is the absorption of waterborne T1 via the gut through drinking or during feeding. While
freshwater teleosts differ from marine teleosts in that they do not need to drink to maintain
osmoregulation, some drinking in freshwater fish does occur (Fuentes and Eddy 1997). This
would expose the gut epithelium to TI, facilitating uptake through intestinal K transporters
(Rubino et al. 2019), before gaining entry into gill tissue through basolateral transporters via the
blood. However, drinking alone could explain only a small proportion of tissue T1 burden.
Taking the normal drinking rate of freshwater juvenile rainbow trout (0.9 mL kg™ h'!; Fuentes
and Eddy 1998) and a 30 g fish, then over the course of a 28-d exposure, such a fish would
imbibe only around 2.5 pg of T, insufficient to contribute substantially to tissue burden, even
assuming complete assimilation from the diet. It is possible, however, that the swallowing of
water containing Tl during feeding may also lead to gut Tl uptake, and eventual gill
accumulation. However, this would also be unlikely to contribute markedly to tissue Tl burdens.
Intracellular metal-binding ligands can play an important role in the patterns of trace
metal accumulation in tissues. For example, trace metals such as Zn, Cd and Cu bind to the
cysteine-rich protein MT, an important intracellular ligand of fish tissues such as the gill
(Hamilton and Mehrle 1986), and one which reduces the bioreactivity of metal ions (De Boeck et
al. 2003; Klassen et al. 2009). These metals bind the thiol groups of cysteine with a high affinity.
For example, calculated Log K values for Zn and Cu to MT thiol groups are 11.4 and 14.6,
respectively (Krezel and Maret 2007; Banci et al. 2010). However, the binding affinity of Tl for
thiol groups is very low (Log K = 2.40; Martin et al. 2020). This has also been shown
experimentally, with several studies noting that T1 does not bind MT (Rosabal et al. 2016; Caron

et al. 2017). Similarly, as described in Chapter 2, T1 speciation in freshwater is dominated by the
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free T1" ion and the formation of complexes in the presence of DOM (a complex organic
molecule containing thiol groups) was negligible. This supports the idea that MT is unlikely to
play an important role in the accumulation of Tl in the gill, or indeed, other tissues.

Instead, it is likely that mitochondria drive cellular Tl accumulation. For example, a study
by Fukumoto and colleagues (1997) observed that the major sites of TI localization in heart
muscle tissue were mitochondria. Similarly, in tissues of rats injected with Tl, swelling of
mitochondria was noted and attributed to Tl accumulation in this organelle (Herman and Bensch
1967). The accumulation of T1 in mitochondria is likely a consequence of K™ mimicry, with the
metal ion taking advantage of the high density of K™ channels found on mitochondrial
membranes (Laskowski et al. 2016). Gill chloride cells are especially rich in mitochondria,
which provide the ATP required to drive energetically-expensive ion transport processes (Pisam
and Rambourg 1991). It remains to be determined if mitochondrial Tl accumulation governs
patterns of branchial Tl accumulation, and if there are different accumulation patterns of Tl
according to branchial cell types with different mitochondrial densities.

6.4.3. Thallium accumulation in plasma

There was no detectable Tl in plasma at T1 exposure concentrations of 0.9 pg L™, regardless
of exposure duration (Fig. 6.2a,b). As TI" is known to mimic K", T1 handling would be expected
to be closely linked to K™ handling. Therefore, studies that detail the plasma handling of K may
help to explain the patterns of Tl accumulation observed in the current work. A study by Sanders
and Kirschner (1983) showed that following injection of *Rb (a tracer of K*; see Section 5.4.4),
greater than 90% of the injected dose disappeared from blood of rainbow trout within 1-h. It is
therefore likely that the undetectable levels of plasma Tl in low exposure concentrations reflect

rapid mobilization of T1 from the blood to other tissues. This is supported by the fact that although
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there are undetectable concentrations of Tl in plasma, under exposure to 0.9 pg T1 L', Tl
accumulates to a significant extent in muscle tissue and in the otolith. Transport via the blood is
the most reasonable explanation for the accumulation of Tl in these tissues, thus the lack of
detectable plasma Tl must be indicative of a rapid off-loading of plasma T1 burden.

Thallium concentration in blood plasma was significantly increased in trout acutely-
exposed to 2004 and 4200 pg T1 L™, relative to lower Tl exposure concentrations. As for branchial
Tl accumulation, there was no evidence for saturation of Tl accumulation in the plasma. This is
consistent with findings that show T1 does not bind to plasma proteins (Talas et al. 1983), a factor
that would ultimately limit accumulation. It is therefore probable that Tl remains unbound in the
plasma, similar to K" (Palmer 2015). Thus, accumulation of Tl in the plasma is likely a
consequence of Tl movement into the plasma being more rapid than its removal, resulting in a
higher plasma TI burden as Tl exposure concentration increases. The finding of an increased
plasma TI burden with increased exposure concentration also indicates that the gill of fish is not
an effective barrier against T1 absorption. For many trace metals, the gill can effectively buffer the
rest of the body against trace metal exposure (Zia and McDonald 1994). This lack of gill buffering
is again likely to be a consequence of the ability of TI to behave very similarly to K", which moves
relatively freely across the basolateral membranes of gill epithelia in fish with limited loss across
the apical membrane (Gardaire et al. 1991; Lin and Lee 2005).

Given the similarity in handling between T1" and K, it is interesting that no changes in
plasma K* concentrations were observed (Figure 6.5a-b). Similar findings were reported in
Chapter 3 when assessing Tl accumulation and effects on whole-body K* concentration in Daphnia
magna. In that chapter it was suggested that the effects of T1 on K™ homeostasis are a function of

exposure time, and that compensation in K* transport may occur correcting any Tl-induced
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imbalance in tissue ion concentrations. Interactions between Tl accumulation and tissue K*
concentration are discussed further in Section 6.4.4, below.
6.4.4. Thallium accumulation in muscle tissue

As noted by several previous field and laboratory studies (Tables 6.1, 6.2), and confirmed
by the current work (Fig. 6.3ab), waterborne Tl accumulates in muscle tissue. Thallium
accumulation in muscle tissue of trout exposed for 28-d to 141 ug Tl L' (98.7 mg kg™!) was
approximately three times greater than muscle Tl burden of Atlantic salmon exposed to 200 pg L-
! for 12.5-d (32 mg kg!). This would suggest that Tl burden accrues with time. However, in the
current study muscle Tl decreased between the 96-h and 28-d exposure. This suggests that there
must be mechanisms that act to either limit Tl accumulation, and/or increase Tl excretion, in
muscle over time. The specific mechanisms remain unknown. However, there is evidence for
acclimation of major ion uptake pathways that are shared with trace metals. For example, rainbow
trout exposed to waterborne Zn exhibit a decrease in the affinity of transport pathways for Ca?*,
the ion that Zn mimics to gain access to the cell (Hogstrand et al. 1994). The effect of this decreased
affinity is to reduce Zn influx, while maintaining Ca*" influx, and is considered to be an important
mechanism that facilitates acclimation to elevated waterborne Zn. It is possible that a similar
mechanism exists for K* transport pathways in response to extended exposure to waterborne TI.

It should be noted that the general patterns of Tl accumulation in the muscle were similar
to those of the gill (i.e., a decrease in burden with length of exposure; general concentration-
dependence of accumulation). This may reflect similarities in cellular Tl handling, the possible
mechanisms of which were discussed in Section 6.4.2, above.

As mentioned in Chapter 5, cellular uptake of Tl occurs via K* transporters, raising the

possibility that direct competition between Tl and K* could alter K" homeostasis (Britten and
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Blank 1968). This has been experimentally confirmed by several studies (e.g., Siegel and Siegel
1976; Belowitz and O’Donnell 2013). For example, in midgut of Chironomus riparius larvae
exposed to 60 mg T1 L™ for 48-h, K* fluxes in the anterior and posterior midgut were impaired
(Belowitz and O’Donnell 2013). However, in muscle tissue of trout exposed to Tl, there were no
changes in K" concentration (Figure 6.5¢-d). Similar findings have been observed for another K*
mimic, Rb", in rat muscle (Kernan 1969). In that study, a 2-week exposure of rats to Rb"-spiked
drinking water, resulted in Rb" accumulation in various muscles (soleus, diaphragm, extensor
digitorum longus, vastus lateralis, and gastrocnemius), but there was no effect of this accumulation
on muscle K" concentration. Similarly, taking the values of muscle Tl and K" obtained by a long-
term field study of Artic char (Gantner et al. 2009), a linear regression analysis failed to show a
relationship between K™ and T1 (1% 0.296; P-value: 0.265). Therefore, although there are reports
that T1 does impair K™ homeostasis, this does not appear to occur at the level of the muscle tissue
in rainbow trout exposed to waterborne TI, even for extended periods of 28-d. This may be a
function of the fact that Tl uses K" transporters without blocking them (Britten and Blank 1968;
Rabon and Sachs 1981; Carmosino et al. 2013), but it also indicates the lack of indirect effects of
Tl on K" handling (i.e., those that are not related to direct competition for uptake).

Metal accumulation in fish muscle tissue has relevance to human health. Indeed,
consumption of metal-contaminated fish has been associated with a number of significant public
health issues, most notably in Japan with Minamata disease resulting from methylmercury
contamination in an aquatic food chain (Harada 1995). While effects of Tl consumption are well-
described from multiple cases of intentional poisoning (ATSDR 1992), there are few regulatory
guidelines for consumption of Tl in food. The USEPA (1980) generated an acceptable daily

intake (ADI) value of 37.3 pg T1 for a 70 kg man. This value was based on an ADI generated for
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rats (533 pg kg™!), and applying a safety factor of 1000. Based on fish consumption values from a
Canadian survey (~100 g day!; Hu and Chan 2021), and taking the highest T muscle burden
measured in the current study (4131 mg kg™! in fish exposed acutely to 4200 ug L), the daily
intake of T1 from a worst-case exposure scenario would be 413,100 pg, a dose that far exceeds
the suggested ADI value. Muscle obtained from fish exposed to 141 pg T1 L' for 28-d would
also exceed the ADI value (9500 png). However, these scenarios represent rather extreme
environmental exposure scenarios. For example, T1 concentrations comparable to those used in
the chronic exposures in this study are only found in wastewaters or surface waters collected in
close proximity to mining areas (Table 1.1). Muscle T1 burdens from field studies (Table 6.1),
indicate that in most situations fish would be safe for human consumption. However,
consumption of muscle from ayu (875 pg T1kg™) and Chinese false gudgeon (390 pg Tl1kg™)
collected downstream of the Dabaoshan mine, in waters with a Tl concentration of 0.1 ug L™!
(Chan et al. 2021), would also exceed the ADI (116 and 52 mg kg™!, respectively). These ADI
values account for the higher fish consumption rates of the population of Guangdong province
where the Dabaoshan mine is located, relative to Canadian consumers (Li et al. 2013). This does,
therefore, suggest that there may be some risk to human health associated with the consumption
of fish sourced from waters moderately-contaminated with TI.
6.4.5. Thallium accumulation in otoliths

Field-collected otoliths are a useful indicator for determining the age of fish, as well as
for identifying previous exposure to trace metals (Arai et al. 2007). The data presented in this
chapter show that rainbow trout otoliths can also accumulate Tl following acute and sub-chronic
laboratory exposure (Figure 6.4a-b). For example, accumulation of T1 in otolith tissues following

acute exposure to elevated Tl concentrations (2004, 4200 ug L) resulted in mean otolith TI
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concentrations of 211 and 628 mg kg™!, respectively. In otoliths of field-collected trout perch, Tl
concentrations averaged 0.017 mg kg™! under environmental exposure concentrations averaging 3
ng L' of dissolved T1 (Shotyk et al. 2019). Although TI concentrations in otoliths of field-
collected fish are significantly lower than those in laboratory-exposed trout, these findings
provide further evidence that Tl readily accumulates in otoliths, at concentrations that reflect
exposure concentrations. This finding supports work by Hansson et al. (2020), which suggests
otoliths can be used in biomonitoring of mining areas to identify long-term exposure and serve as
a record of contamination in the surrounding environment.

Of the tissues assessed in this study, only the otoliths exhibited Tl concentrations that
increased markedly with exposure duration. In all other sampled tissues, there was either a
decrease in Tl concentration when comparing 96-h and 28-d exposures, or Tl concentrations
remained approximately the same. This lack of lability of otolith-associated T1 adds further
confidence to the concept that metal accumulation in otoliths can be a robust reflection of past
and present exposure history.

6.4.6. Bioconcentration factor

The BCF represents the magnitude of accumulation in a tissue or organism relative to the
exposure concentration. This is a measure that has been used in regulatory guidelines for hazard
assessment by Environment Canada (2000a). As mentioned in Section 6.1, Environment Canada
guidelines consider a BCF value greater than 5000 to indicate a toxicant that is bioaccumulative
(Environment Canada 2000a). Based on this guideline, the data presented in the current chapter
indicate that Tl is bioaccumulative (Table 6.2). This finding is largely distinct from studies that
have previously calculated BCF or BAF values for fish (Table 6.1 and 6.2), with a couple of

exceptions. For example, data from Shotyk and colleagues (2019) results in a BAF value for
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otolith tissue of 6071. This magnitude of accumulation is interesting, as fish in Shotyk et al.
(2019) were not collected from an area with elevated concentrations of Tl in surface water. It is,
however, important to highlight that in trout exposed for 28-d to 141 pg T1 L', a more
environmentally-realistic, albeit high, exposure scenario, BCF values were below regulatory
concern. In their review of BAF and BCF values, McGeer and colleagues (2003) noted that these
metrics are extremely variable and are not related to toxic impacts. Moreover, variability in
BCF/BAF values across studies can be attributed to exposure length, changes in exposure
concentration over time, life history and other variables. Consequently, even though BCF and
BAF values do provide some insight to Tl exposure and accumulation, and can help identify the
potential for toxic effects to occur in aquatic biota, actual measures of metal accumulation in
tissues may serve as a better indicator of exposure and risk.
6.5. Conclusion

The present study assessed the accumulation of T1 on a tissue-specific basis following the
waterborne exposure of rainbow trout to T1. At concentrations near the CCME regulatory limit of
0.8 pg L (i.e., 0.9 pg L) no significant elevation in tissue T1 burden was observed in gill,
plasma, muscle or otolith tissues, relative to unexposed controls. However, T1 accumulated in
gill, plasma, muscle and otolith tissues when trout were exposed acutely to 2004 and 4200 pg L~
!, and sub-chronically to 141 ug L', Although TI is a K" mimic, results from this study suggest
that T1 exposure to rainbow trout does not affect K™ homeostasis, as supported by the lack of
change in tissue K" concentration. However, despite significant Tl accumulation in muscle tissue
of trout exposed to 141 ug L', under regulatory guidelines the Tl BCF in this scenario would not
be considered of environmental concern. This contrasts with the finding that the muscle TI

burden in this exposure scenario does exceed concentrations considered safe for human
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consumption. This suggests that advisories for human consumption may be warranted for fish

collected in surface waters where T1 concentrations are elevated, such as near mining areas.
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7. Effects of acute and sub-chronic waterborne thallium exposure on ionoregulatory
transporters in the gill and kidney of rainbow trout.
7.1. Introduction

A freshwater teleost is hyperosmotic to its surrounding environment. As such it will
constantly lose ions via diffusion from its more concentrated body to the more dilute
environment. In order to maintain ionic and osmotic homeostasis a freshwater fish therefore
relies absolutely on epithelial ion transporters to recover lost ions (Perry et al. 2003; Horng et al.
2017; Takvam et al. 2021). Any disruption in ion regulation by, for example, environmental
toxicants, may cause changes in ionoregulatory transporter function, leading to an inability to
maintain ionic balance. This can ultimately result in mortality (Griffith 2016).

The gill epithelia of freshwater teleosts maintain cellular concentrations of major ions
such as Na“, K*, CI" through transporters located on their apical and basolateral surfaces (Horng
et al. 2017). As depicted in Figure 7.1a (adapted from Evans et al. 1999 and Horng et al. 2017),
branchial transporters mediate exchange of ions between the cell, interstitial fluid and the
surrounding freshwater environment, maintaining intracellular ion concentrations and an inside
negative electrical potential. For example, proton ATPase (H'-ATPase) actively translocates H"
from inside the cell to the external environment, contributing to an electrochemical gradient that
helps to facilitate the uptake of Na* from freshwater (Randall and Lin 1993; Lin et al. 2004).
However, the greatest contributor to the electrochemical gradient that promotes the uptake of
Na" is NKA (Moller et al. 1996; Lin et al. 2004). Located on the basolateral membrane in all
cells, NKA transports 3 Na* out of, and 2 K into, the cell for every molecule of ATP
hydrolyzed. This creates an electrochemical gradient that then becomes the driving force for
other cellular ion exchanges (Borgatti et al. 1992; Hwang et al. 2011; Shui et al. 2018). For

example, electroneutral NKCC cotransporters utilize the gradient created by NKA to move Na®,
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K" and CI into the epithelial cell (Katoh et al. 2008; Carmosino et al. 2013). There are two
isoforms of the NKCC co-transporter; the secretory isoform NKCCI1 located on the basolateral
surface and the absorptive isoform NKCC?2 located on the apical surface (Haas and Forbus I1I
1998). While the former isoform is located in many epithelia, NKCC?2 is primarily associated
with the reabsorption of Na"and CI at the renal epithelium (Katoh et al. 2008). While NKCC is
a vector for the basolateral uptake of K™ into the cell, physiological evidence in the freshwater
fish gill exists for the presence of an apical K channel that achieves uptake of K from the
environment (e.g. Kerstetter and Kirschner 1972; Eddy 1985; Gairdaire et al. 1991). Branchial
K" uptake is characterised as being of low magnitude (Gairdaire et al. 1991), possibly because it
occurs despite a significant electrochemical gradient that appears to favor K* loss across the
apical surface. This channel has not been structurally characterized and its identity remains
unknown.

As noted in Figure 7.1b (adapted from Katoh et al. 2008 and Takvam et al. 2021), the
general scheme of ion transport in the kidney is similar to that of the gill. However, to
compensate for the influx of K through the apical NKCC, efflux of K" through a K channel
occurs (Takvam et al. 2021). Although the specific K* channel is unidentified, in freshwater
teleosts a number of apically-located candidates have been suggested. These include the big
potassium (BK) channel and hyperpolarization-activated cyclic nucleotide-gated sodium
potassium channels (HCN) (Tse et al. 2006; Loncoman et al. 2015; Fehsenfeld and Wood 2020).

Trace metals can inhibit the function of ion transporters (Kramer et al. 1986). One
mechanism by which this can occur is through metal ion mimicry of major ions such as Na*,
Ca®", and K" (Wright 1995). Thallium, for example, is known to as act as a K™ mimic in

mammalian systems (Britten and Blank 1968; Cavieres and Ellory 1974; Hunter et al. 1986;
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Carmosino et al. 2013), and multiple studies have shown that Tl can enter cells through NKA
and NKCC ion transporters (Hunter et al. 1986; Lu et al. 2001; Sherstobitov et al. 2010;
Carmosino et al. 2013). For instance, the transport of K through NKCC in kidney cells can be
completely replaced by TI" (Carmosino et al. 2013), while 93% of Tl influx into freshwater
lamprey (Lampetra fluviatilis) oocytes is thought to be achieved by NKA and NKCC
(Sherstobitov et al. 2010). Similar findings have been reported in human blood cells (Cavieres
and Ellory 1974), and rabbit kidney (Britten and Blank 1968). For example, in rabbit kidney
cells, Tl was shown to have a 10 times greater affinity for the NKA K" binding site than K itself
(Britten and Blank 1968). Evidence also shows that T1" transport into cells can occur at rates
significantly greater than those of K'. In human glioma cells, TI" permeability through inwardly
rectifying K™ channels is 3.5 times greater than that of K™ (Brismar et al. 1989). Similarly, the
rate of Tl permeability through NKCC of mouse ascites tumor cells is 6.4-fold greater than that
of K* (Sessler et al. 1986). The mimicry of K™ by T1" is likely a function of similarities in charge
(+1) and ionic radii (K" = 137 pm; T1" = 150 pm; Shannon 1976).

The use of K transporters by Tl raises concerns about the effects of Tl exposure on K*
homeostasis. For example, following exposure of Chironomus riparius to 50 pmol TI L™, K*
transport was inhibited at the anterior and posterior midgut (Belowitz and O’Donnell 2013).
Such disruptions could ultimately account for Tl toxicity in aquatic organisms (Chapters 2, 3;
Nehring 1962; Pickard et al. 2001). There is also significant evidence for a protective effect of
K" on Tl toxicity. For example, suppression of Tl toxicity at high K" concentrations (and
increased T1 toxicity at low K concentrations), has been observed in Ceriodaphnia dubia,
Daphnia magna and Raphidocelis subcapitata (Rickwood et al. 2015; Section 4.3.1). However,

the specific mechanism underlying the interactions between TI toxicity and K" is still unclear.
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Evidence of interactions between Tl and K, coupled with the interdependence of the
various cellular ion transporters (Figure 7.1a,b), suggests the potential for effects of Tl on ion
transport more generally. If T1 is capable of inducing changes in K™ handling, then this may be
reflected in changes in entities that achieve K transport, but also in transport pathways that are
indirectly dependent on K transport and the maintenance of cellular electrochemical gradients.
This study sought to determine if T1 exposure caused changes in enzyme activity or gene
expression of key epithelial ionoregulatory transporters. The effects of Tl on NKA and H'-
ATPase activity were assessed via enzyme assay. As there is no readily available activity assay
for NKCC, real time quantitative polymerase chain reaction (RT-qPCR) was used to assess
changes in gene expression of the NKCC1 isoform following T1 exposure. As the apical K*
channel remains uncharacterized, effects of TI on this transporter were not examined. This work
aims to address potential mechanisms by which T1 may impair K™ homeostasis, and thus

generate toxicity in rainbow trout, an important regulatory species.
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Figure 7.1. A proposed model for branchial and renal ion regulation. A. is an overview of ion
transport across gill epithelia (adapted from Evans et al. 1999; Horng et al. 2017). B. is an
overview of ion transport across kidney epithelia (adapted from Katoh et al. 2008 and Takvam et
al. 2021). Nominal intracellular and interstitial fluid ion concentrations adopted from Wright
(2004). f = freshwater; ic = intracellular; is = interstitial. See Section 7.1 for description. The
model shows 4 mM for intracellular [Cl7], however some researchers suggest a value of 75 mM
is more realistic (Wood and LeMoigne 1991)
7.2. Methods

Methodological details regarding experimental animals, exposure design, and water
chemistry analysis can be found in Sections 6.2.1 and 6.2.2.
7.2.1. Tissue preparation and enzyme analysis

Following euthanasia, rainbow trout trunk kidney and second and third gill arches were
removed, placed into separate 1.5 mL Eppendorf tubes and flash frozen in liquid nitrogen.
Tissues subjected to enzyme analysis (approximate mass range: 250-500 mg) were homogenized
using a handheld homogenizer in 1 mL SEID-EGTA buffer (125 mM sucrose; 5 mM EGTA; 50
mM imidazole; 0.05 g 50 mL™! Na deoxycholate, pH = 7.3), and then centrifuged at 5000 g at
4°C for 3 minutes. The resulting supernatant was then transferred into a new Eppendorf tube and
stored at -80°C until used in NKA and H'-ATPase enzyme assays.

The activity of NKA and H"-ATPase was measured using assay protocols of McCormick
(1993) and Lin and Randall (1993), respectively, as modified by Delompré¢ et al. (2019b). In both
assays, ATP hydrolysis was coupled to the oxidation of nicotinamide adenine dinucleotide
(NADH), with the disappearance of NADH monitored over time. The differences between

uninhibited reactions, and those conducted in the presence of specific ATPase inhibitors were
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used to determine activity. The inhibitors used were ouabain (an NKA-specific inhibitor), and N-
ethylmaleimide (NEM) and sodium azide (which are inhibitors of plasma membrane and
mitochondrial H -ATPase activity, respectively). More specifically, to measure uninhibited
activity, triplicate 10 pL aliquots of supernatant were added to 200 uL of a master mix solution
containing 2.8 mM phosphoenolpyruvate (PEP); 3.5 mM ATP; 0.22 mM NADH; 4 U mL"!
lactate dehydrogenase (LDH); 5 U mL! pyruvate kinase (PK); 189 mM NaCl; 10.5 mM
MgCl,.6H>0; 42 mM KCI; 50 mM imidazole, in a 96-well microplate. A standard curve was
generated from a 4 mM adenosine diphosphate (ADP) stock. Disappearance of NADH was
measured at a wavelength of 340 nm on a VersaMax microplate reader (Molecular Devices,
Sunnyvale, California, USA). The assay plate was re-read until the slope of the standard curve
reached -0.01 to -0.04. At the same time activity was measured in wells where 0.65 mM ouabain
was added to triplicate samples to inhibit NKA, and 500 mM sodium azide and 100 mM NEM
were added to triplicate samples to inhibit H™-ATPase. Enzymatic activity was normalized to
sample protein content via Bradford protein assay (Bradford 1976).
7.2.2. RT-qPCR tissue preparation and analysis

Total RNA for analysis of NKCCI1 (the target gene) and 18s rRNA (the housekeeping
gene) was extracted from gill and kidney tissues using TRIzol RNA isolation, followed by RT-
qPCR. Briefly, in safe-lock Eppendorf tubes, 50 mg of tissue along with 0.75 mL of TRIzol
reagent were homogenized using a handheld homogenizer. Chloroform (0.15 mL) was then
added to the tubes, which were vigorously mixed, and then spun at 12000 g at 4°C for 15
minutes. The upper aqueous phase, which contained RNA, was then transferred to a clean 1.5
mL Eppendorf tube. Precipitation of RNA was conducted by the addition of 1 mL ofice cold

99.5% isopropanol followed by a 30-minute incubation at -20°C. Following incubation, tubes
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were spun at 12000 g for 10 minutes at 4°C, and the supernatant was then discarded. The pellet
was then washed 3 times by adding 1 mL 75% ethanol, inverting, and spinning at 10000 g for 5
minutes at 4°C, with the liquid removed after each spin. The RNA pellet was then dried and
resuspended in 30 pL of nuclease-free water. To determine RNA quality, purified RNA was
analyzed using a NanoDrop spectrophotometer (ND-1000; Nanodrop Technologies, Wilmington,
Delaware, USA). Samples with 260:280 nm absorbance ratios of ~1.80 were deemed of
sufficient purity for RT-qPCR analysis. Additionally, only samples with RNA concentration
greater than 100 ng uL! were used. Subsequently, RNA was diluted as needed and analyzed for
gene expression using iTaq Universal SYBR® Green One-Step Kit (Bio-Rad Laboratories,
Hercules, California, USA), according to the manufacturer’s 10 pL reaction thermal cycling
protocol specifications. First, a reverse transcription reaction was performed at 50°C for 10
minutes. Second, a polymerase activation and DNA denaturation reaction occurred for 1 minute
at 95°C. Amplification then was carried out by 40 thermal cycles of denaturation at 95°C for 15
seconds followed by an annealing/extension and plate read at 60°C every 60 seconds. All RT-
RT-gPCR analysis was performed using an Applied Biosystem 7500 Real-Time PCR System
(Applied Biosystems, Waltham, Massachusetts, USA). To ensure purity and specificity of the
RT-gPCR products a melt curve analysis was conducted, where a single peak confirmed
successful primer amplification. Melt-curve analysis was performed by ramping up temperature
from 65 to 95°C at 0.5°C increments with a 5 second holding step between each ramp.
Calculated AACT values for the housekeeping gene 18s rRNA showed no significant difference
between treatments and these values were therefore grouped and averaged by tissue and
exposure length. Relative levels of NKCC1 target transcript were normalized by the mean

expression of 18s rRNA from the same tissue and exposure length (e.g., gill tissue, acute
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exposure). Calculated fold-change in expression for treatment groups is expressed relative to
fold-change of gene expression in control groups. Fold changes were calculated via the 2 24¢T
method (Livak and Schmittgen 2001). Primers were designed using Prime Express Software
v3.0.1 (Thermo Fisher Scientific, Waltham, Massachusetts, USA). For optimization, primers

were designed manually with primer length set at 20 and amplicon length set at 200 for optimum

SYBR PCR efficiency (Table 7.1).
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Table 7.1. Primers for RT-qPCR analysis.

Gene  GenBank # Forward primer Reverse primer Efficiency
18s
AF243428.2 CACGCGCGCCACACT TAATTGCAATCCCCAATCCCTAT 2.01
rRNA
NKCCI | AJ417890 | GTCGTCACCACCATCACAG | CCAATAGCTCCTCCAAATTCAG 1.86
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7.2.3. Relationship between NKA and thallium burden

Analyses were conducted to assess the relationship between branchial NKA activity (this
chapter) and the T1 gill burden data (Figure 6.1a,b; Section 6.3.3). Three analyses were
performed using a simple linear regression (Prism Graph Pad), where NKA activity was plotted
against Tl burden for acute, sub-chronic, and combined (acute + sub-chronic) datasets.
7.2.4. Statistics

Details of statistical analysis can be found in Section 6.2.6. Following analysis, a single
outlier was removed from the acute gill NKA dataset (at the 0.9 ug L! exposure concentration),
and 2 outliers were removed from acute kidney H'-ATPase replicates (both at 2004 pug L).
7.3. Results
7.3.1. Water chemistry analysis

Results of the exposure water chemistry analysis can be found in Section 6.3.1. From this
point on in this chapter, treatment concentrations are reported as measured values.
7.3.2. NKA enzymatic activity

No significant differences in branchial NKA activity were found between treatment
groups following a 96-h exposure of rainbow trout to waterborne T1 (P-valueanova: 0.355,
Figure 7.2a). In contrast, significant effects on branchial NKA activity were observed after a 28-
d exposure. Specifically, NKA activity was reduced in the 141 pg L™ treatment relative to the
control group (P-valuerukeys: 0.043, Figure 7.2b). No significant differences were observed in
renal NKA activity following either acute (P-valueanova: 0.126, Figure 7.2c¢), or sub-chronic (P-

valueanova: 0.229, Figure 7.2d) Tl exposure.
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Figure 7.2. NKA activity for rainbow trout gill tissue following acute (A) and sub-chronic (B) Tl
exposure and kidney tissue following acute (C) and sub-chronic (D) T1 exposure. Plotted points
represent means (+ standard deviation) of 7-8 replicates. Asterisk represents significant

differences from the control.
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7.3.3. H"-ATPase enzymatic activity

No significant differences were observed in branchial H™-ATPase activity following
acute (P-valueanova: 0.642, Figure 7.3a) or sub-chronic (P-valueanova: 0.658, Figure 7.3b) Tl
exposure. However, a significant increase in renal H™-ATPase activity was observed in trout
acutely exposed to 4200 pug T1 L, relative to control kidney (P-valuetukeys: 0.007, Figure 7.3c).
In contrast, no differences were observed in renal H'-ATPase activity following sub-chronic TI

exposure (P-valueanova: 0.299, Figure 7.3d).
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Figure 7.3. H'-ATPase activity for rainbow trout gill tissue following acute (A) and sub-chronic
(B) TI exposure and kidney tissue following acute (C) and sub-chronic (D) Tl exposure. Plotted
points represent means (+ standard deviation) of 6-8 replicates. Asterisk represents significant

differences from the control.
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7.3.4. RT-gPCR

There were no significant differences in NKCC1 gene expression in branchial tissues
following either acute (P-valueanova: 0.093, Figure 7.4a) or sub-chronic (P-valueanova: 0.138,
Figure 7.4b) exposure of rainbow trout to Tl. Likewise, no significant differences were observed

in kidney NKCC1 expression following both acute (P-valuekruska-wanis: 0.070, Figure 7.4c) and

sub-chronic (P-valuekuskal-wanis: 0.063, Figure 7.4d) TI exposures.
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Figure 7.4. NKCC1 gene expression for rainbow trout gill tissue following acute (A) and sub-
chronic (B) Tl exposure and kidney tissue following acute (C) and sub-chronic (D) Tl exposure.
Plotted points represent means (+ standard deviation) of 8 replicates.

7.3.5. Branchial Tl burden and NKA activity
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Linear regression of NKA activity and Tl burden for 96-h-exposed rainbow trout showed
the two variables were not significantly related (r*: 0.003, P-value: 0.830, Figure 7.5a). Similarly,
in sub-chronically-exposed trout, there was no significant relationship between gill T1 burden
and branchial NKA activity (r*: 0.118, P-value: 0.210, Figure 7.5b). The linear regression
analysis for the combined acute and sub-chronic datasets also showed no significant relationship

between the two variables (r*: 0.007, P-value: 0.639, Figure 7.5c).
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C. Combined
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Figure 7.5. The relationship between branchial NKA activity and gill Tl burden of rainbow trout
following acute and sub-chronic Tl exposure. Acute (A) sub-chronic (B) or combined (both acute
and sub-chronic) (C) data sets were fitted to a linear regression. Values for 1* and p are reported
for a total of 15-34 individuals.
7.4. Discussion
7.4.1. Effect of thallium on ionoregulatory ATPases

In the present study, T1 exposure caused an inhibition of branchial NKA activity after a
28-d waterborne exposure to 141 pg TI L™ (0.7 uM; Figure 7.2b). Interactions between Tl and
NKA have been well documented in mammalian models (Britten and Blank 1968; Cavieres and
Ellory 1974; Appenroth et al. 1995). For example, Tl can substitute for K™ and subsequently
stimulate NKA activity in rabbit kidneys (Britten and Blank 1968). Similar stimulatory effects on
NKA are observed in human blood cells exposed to Tl concentrations below 0.1 mM (Cavieres
and Ellory 1974), while exposure of zebrafish to Tl concentrations of 0.02 to 1 pg L™ (0.1 to 5
nM) for 96 d, caused an increase in branchial NKA activity (Hou et al. 2017). Inhibitory effects

of Tl on NKA, similar to those reported in the current work, have also been observed. For
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example, Tl inhibits red blood cell NKA activity at concentrations greater than those that cause
stimulation of activity (Cavieres and Ellory 1974; Skulski et al. 1975).

These data suggest that, at least in mammalian systems, the effects of Tl on NKA activity
are dependent upon exposure dose. However, dose alone is unlikely to explain the inhibition of
NKA in the current work, as this effect was only observed in the gill after a 28-d exposure to 0.7
uM, while acute exposures to concentrations more than an order of magnitude higher had no
effect. Furthermore, effects of T1 on NKA did not correlate with whole gill T1 burden (Figure
7.5a-c). A fundamental assertion of regulatory approaches based on bioaccumulation, such as the
BLM, is that accumulation can be informative of toxicological impact (see Section 1.1.9; Di
Toro et al. 2001). While this relationship holds for most trace metals (Niyogi and Wood 2004), it
is dependent upon the toxic endpoint selected. For example, while inhibition of Na™ uptake does
correlate with short-term branchial Ag burden in rainbow trout, no such relationship exists for
the inhibition of NKA by Ag (Morgan and Wood 2004). This latter finding is consistent with the
outcome of the current study.

One explanation for the inhibition of NKA by Tl is through depletion of ATP.
Mitochondria, which provide ATP to the cell, rely on the influx of K* for several critical
processes. These include maintenance of matrix volume and membrane potential, which
ultimately facilitate electron transport and ATP production (Laskowski et al. 2016). In a cell,
10% of intracellular K" is conserved in the mitochondria (Szabo et al. 2012), and several classes
of K channels exist on mitochondrial membranes to facilitate K™ exchange. Mitochondrial K*
channels generally have a higher conductance than their equivalents located on the plasma
membrane (Kravenska et al. 2021). These characteristics indicate that mitochondria have a

unique K" handling phenotype relative to the rest of the cell, and that the importance of K*
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handling in these organelles may make them an especially sensitive target of Tl toxicity. As
noted in Section 5.3.3 of this thesis, there is strong evidence from the literature that TI interacts
with K™ channels to gain access to a cell (or in this case an organelle). Indeed, studies in rats
have shown the capacity for T flux through mitochondrial K™ channels including the large-
conductance Ca**-activated K* channel (BK; Testai et al. 2013) and the mitochondrial ATP-
sensitive K channel (mitoKatp; Foster et al. 2012). Evidence also exists for the accumulation of
Tl in mitochondria, a phenomenon that causes mitochondrial swelling (Herman and Bensch
1967). Ultimately, T1 can impair mitochondrial function, resulting in a cellular depletion of ATP
and therefore reduced substrate for ATPase enzymes (Melnick et al. 1976; Pourahmad et al.
2010; Jonckheere et al. 2012). Thus, based on the knowledge that T1 enters the mitochondria
where it accumulates and reduces available ATP, prolonged exposure to TI could cause an
inhibition of the activity of NKA, which is, of course, ATP dependent. In the current study the
presence of Tl effects on NKA occurred only after sub-chronic, and not acute, exposure. This
may relate to differences in mitochondrial T1 burden; a failure of mechanisms that may protect
against mitochondrial TI toxicity over time; or a gradual depletion in the ATP pool with
prolonged Tl exposure. Measures of mitochondrial T1 burden and/or cellular ATP would help to
address the underlying mechanisms behind the effect of T1 on NKA.

The hypothesis that the effects of T1 on NKA activity are related to energy metabolism is
supported by the finding that TI inhibits PK (Kanye 1971). Pyruvate kinase catalyzes transfer of
a phosphate group from PEP to ADP generating ATP (Israelsen and Vander Heiden 2015).
Potassium is essential for PK activity (Oria-Hernandez et al. 2005), but T1 has a 50 times greater
affinity for PK than does K" (Kanye 1971). These differences in affinity translate to a much

lower optimal concentration for T1 activation of the enzyme (3 mM for TI versus 100 mM for

169



K"; Kanye 1971). However, at concentrations greater than 10 mM TI inhibits activity of PK
purified from rabbit muscle (Kanye 1971). Although the experimental design is significantly
different in the current study (i.e., 28-d in vivo whole animal waterborne exposure versus in vitro
purified enzyme assay), it is possible that the inhibitory effect of Tl observed on branchial NKA
activity results from the depletion of cellular ATP through PK inhibition, in addition to the more
general effect of Tl on mitochondrial ATP production noted above.

While changes in the availability of ATP by T1 would explain effects on NKA, it does not
account for the lack in response of branchial H™-ATPase in sub-chronically-exposed trout.
Differences in responses of the two ATPase enzymes are likely related to differences in their
relative affinities for ATP. For example, if H-ATPase had a greater affinity for ATP binding
than NKA, it could effectively function at cellular ATP concentrations that affected NKA
activity. Knowledge of ATP binding affinities of ATPase enzymes in fish is scarce, but ATP-
binding affinities have been well-characterized in other systems. For example, ATP binds NKA
with an affinity constant (Km) of ~200 uM, while the equivalent value for H'-ATPase is in the
range of 8 to 40 uM (Jorgensen and Pedersen 2001; Nakano et al. 2008; Tirtom et al. 2013).
Although binding affinity depends significantly on experimental conditions and organism
physiology (Antunes et al. 2017), the ATP binding affinities derived for fish NKA are similar to
other values in the literature (210 -540 uM; Morrison et al. 2006). Assuming that binding
affinities of ATP to H'-ATPase are also similar, then this suggests that ATP has a greater affinity
for H-ATPase than for NKA. This would mean that as cellular ATP depletes effects on NKA
activity would be observed before H-ATPase activity would be impacted, consistent with the

patterns observed in the rainbow trout gill in the current study.
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As noted above, branchial H'-ATPase activity was not affected by TI exposure. In
contrast, acute exposure to Tl concentrations of 4200 pg Tl L™ resulted in an increase in renal
activity of H"-ATPase (Figure 7.3¢). This effect may also be a consequence of ATP depletion,
through effects of Tl on mitochondria. Depletion of ATP by trace metals is known to cause
intracellular acidosis (e.g., Pourahmad and O’Brien 2000). In rainbow trout, acidosis results in an
increase in H™-ATPase expression in the kidney (Perry et al. 2000). Therefore, the observed
stimulation in renal H"-ATPase may be a response to a Tl-induced acidosis resulting from
cellular ATP depletion. This effect would be transient (Perry et al. 2000), occurring only until
acid-base homeostasis was restored, thus explaining why activity of this enzyme was only
stimulated after acute exposure

In contrast to the Tl-induced stimulation of H'-ATPase noted in the kidney after acute
exposure, no effects of Tl on branchial H'-ATPase activity were observed following either acute
and sub-chronic TI exposure (Figure 7.2c and 7.2d). Similarly, the inhibitory effects of Tl
exposure on branchial NKA activity were not observed in the kidney. It is known that there are
different assortments of ion transporters in the branchial and renal epithelia of trout (see Fig.
7.1), including transporters that are associated with Tl uptake (e.g., NKCC; Sherstobitov et al.
2010). Activities of key enzymes also differ between tissues (NKA ~4-fold higher in gill than
kidney, Fig. 7.2; H"-ATPase up to 126-fold higher in gill than kidney; Fig. 7.3). Such
differences may ultimately be responsible for distinct response of the different tissues to Tl
exposure. Further research is required to delineate the key factors affecting tissue sensitivity to
TI.

7.4.2. Thallium effects on the NKCC cotransporter
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The hypothesis in the current study was that disruption of K™ handling by Tl might
directly or indirectly affect NKCC expression. Although changes in NKA and H'-ATPase were
observed, no effects of T1 on NKCC1 expression were seen. However, NKCC1 expression was
detected in both gill and kidney tissues. This differs from the suggested pattern of NKCC
isoform distribution proposed for rainbow trout. Work by Katoh and colleagues (2008) indicated
that only NKCC?2 is found in trout kidney. This conclusion was based on the binding of an
antibody that recognizes both NKCC1 and NKCC2, but the apical localization of binding was
used as evidence to indicate that binding was occurring to the absorptive isoform (i.e., NKCC2)
rather than the secretory isoform (i.e., NKCC1). It is therefore possible that the amplification of
NKCCI in the kidney tissue in the current study is a consequence of trapped blood in this tissue,
as NKCC is expressed in the erythrocytes of at least some fish species (Berenbrink et al. 2006).

Whether the NKCC1 expression was branchial or erythrocytic, it was clear that Tl had no
effect on this endpoint. Previous research has shown that T1 acts as a substrate for NKCC, and its
presence does not affect transporter activity (Sherstobitov et al. 2010; Carmosino et al. 2013). In
the current study, therefore, any change in NKCC would be anticipated to occur indirectly, a
result of changes in electrochemical gradients being driven by effects of Tl on other transporters.
Although an inhibition in branchial NKA was observed after sub-chronic exposure, and an acute
stimulation in renal H'-ATPase activity was also seen, in neither of these treatments was there an
effect of T1 on NKCC expression. This suggests that any changes in the electrochemical gradient
resulting from these effects of T1 could have been compensated by other transporters. For
example, changes in NKA activity in hypercapnic fish gill are compensated for by altered
expression of the apical Na*/H" exchanger (Deigweiher et al. 2008). However, because gene

expression does not always correspond to protein expression or transporter activity (Maier et al.
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2009), alternative techniques such as Western blotting would be required to confirm the lack of
effect of Tl on NKCC noted in the current study.
7.5.  Conclusion

In this chapter T1 was found to inhibit branchial NKA activity following sub-chronic
exposure and enhance renal H™-ATPase activity after an acute exposure. The effect of T1 on
NKA activity occurred after exposure to 141 pg L' TI, a concentration that can be exceeded in
surface waters near base metal mining sites globally (Table 1.1). This study is the first to assess
changes in ionoregulatory activity and gene expression following whole animal exposure to

waterborne TI.

173



8. Effects of Tl on hepatic antioxidant capacity and protein carbonylation in rainbow
trout (Oncorhynchus mykiss)
8.1. Introduction

Oxidative stress is caused by an imbalance between ROS and cellular antioxidant
capacity (Pizzino et al. 2017). In cells, ROS are generated through the interaction of oxygen and
electrons that have leaked from the electron transport chain in the mitochondria (Zhao et al.
2019), and include superoxide (0> ") and hydroxyl (OH') radicals (Tabassum and Jeong 2019).
Additionally, ROS can be produced through the Fenton reaction, which involves the oxidation of
Fe?* to Fe*" via H,0o, creating a hydroxide ion and OH' (Tarfefio-Saldivia et al. 2018). Although
ROS are created naturally, exposure to toxicants such as metals can increase ROS production
(Lushchak 2011). This increase in ROS can cause the oxidation of proteins (protein
carbonylation), DNA, and lipids, and alter cellular redox status (Livingstone 2003). Ultimately,
these cellular changes can affect a wide range of physiological processes, including the capacity
of an organism to adapt to environmental change and to mitigate infection (Lushchak 2011; Lee
et al. 2019).

Within a cell, enzymatic and non-enzymatic antioxidants are important for the mitigation
of toxic effects by ROS (see Figure 8.1). Ultimately, antioxidants transform ROS to non-toxic
products such as water and oxygen (Cohen and Hochstein 1963), but in so doing can generate
reactive intermediates. For example, the enzyme SOD catalyzes the dismutation of O, (Alfonso-
Prieto et al. 2009), where two O2” and two H" molecules react to produce hydrogen peroxide
(H207) and oxygen. To further detoxify the resulting H>O», the enzymatic antioxidants CAT and
GPx degrade H>O» to water and oxygen (Alfonso-Prieto et al. 2009), and water and alcohol

(Jurkovi¢ et al. 2008), respectively. Additionally, ROS can be scavenged by non-enzymatic
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antioxidants. For example, GSH reduces H>O: resulting in two water molecules and oxidized
glutathione (GSSG) (Aquilano et al. 2014). Other non-enzymatic antioxidants include vitamin C
and E, and MT (Chiaverini and De Ley 2010; Traber and Stevens 2011). Functionally, vitamin E
protects against lipid peroxidation by reducing lipid hydroperoxyl radicals (Etsuo et al. 1982).
Oxidized vitamin E is then reduced by vitamin C. Metallothionein effectively scavenges ROS
through covalent bonding with the sulthydryl groups in this cysteine-rich protein (Chiaverini and
De Ley 2010).

Exposure to trace metals is associated with the generation of oxidative stress through a
number of different mechanisms. For example, as noted above, ROS can be generated by the
Fenton reaction. In this scenario, ROS are created by an increase in free cellular Fe, likely via
displacement of Fe from cellular binding sites by other trace metals (Tarfefio-Saldivia et al.
2018). Other redox-active trace metals, such as Cu, can also generate ROS through Fenton-like
reactions with H>O» (Lloyd and Phillips 1999). The alternative mechanism by which trace metals
induce oxidative stress is by interference with antioxidants. This can include binding non-
enzymatic antioxidants thereby reducing their capacity to subsequently scavenge ROS (Lushchak
2011), or via inhibition of antioxidant enzymes, impairing their capacity to detoxify ROS (Atli
and Canli 2007).

The trace metal T1 has been observed to cause changes consistent with oxidative stress in
freshwater organisms. For example, Farag and colleagues (2021) noted a significant decrease in
liver CAT and SOD activity following exposure of Nile tilapia to 42 ug TI L™ (0.2 pM) for 60-d,
while zebrafish exposed to 0.1 nM T1 for 96-d exhibited an increase in hepatic SOD activity
(Hou et al. 2017). In the freshwater annelid Tubifex tubifex, whole-body CAT activity increased

following exposure to Tl concentrations of 0.25 ug L™ (0.001uM) and greater for 7 days (Kilig
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and Kili¢ 2017). These studies in aquatic biota are generally consistent with work in mammals
that show effects of TI on oxidative stress endpoints (e.g., Kili¢ and Kutlu 2010; Villaverde et al.
2004). However, there are distinct differences between studies in terms of the specific effects
observed. For example, in the study on Nile tilapia noted above, no effects of T1 on GSH were
reported (Farag et al. 2021), while in rats injected with 0.12 mM TI, a significant decrease in
hepatic GSH was measured (Kili¢ and Kutlu 2010). The distinct outcomes in studies of
antioxidant responses following T1 exposure are likely the result of different exposure TI
concentrations, exposure lengths, test species, and differing antioxidant capacities of the studied
tissues.

As mentioned in Chapters 5 and 7, Tl has the potential to disrupt mitochondria due to
mimicry of K*. One of the major functions of K" in the mitochondria is to trigger cell signaling
cascades that result in increased mitochondrial ROS production, which ultimately facilitates cell
growth (Garlid and Paucek 2003). Since mitochondrial K™ handling is linked to ROS production,
and previous studies show that K™ transport and oxidative stress endpoints are affected by TI
exposure, the current study aims to determine if waterborne T1 exposure causes effects on
oxidative stress endpoints in rainbow trout. This species was selected as the study organism
because in addition to being an important regulatory model (Dwyer et al. 1995), it is also
sensitive to metal ion-mediated oxidative stress (Thorgaard et al. 2002; Arabi and Alaeddini
2005; Shekh et al. 2020). The liver was chosen as the target tissue for investigation as it is known
to accumulate Tl (Zitko et al. 1975), it is a tissue that because of its involvement in oxidative
metabolism generates significant ROS (Risso-de Faverney et al. 2001), and it displays damage
following Tl exposure (Hou et al. 2017). Although several studies have observed the effects of Tl

on antioxidant capacity, to date there are limited studies in fish, and none in salmonids. The
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current chapter sought to fill this knowledge gap by assessing the effects of sub-chronic and
acute TI exposure on antioxidant capacity (CAT and GPx activity, and total GSH) and oxidative

damage (protein carbonylation) in liver of rainbow trout.
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Figure 8.1. A cellular oxidative stress pathway. Antioxidant enzymes are illustrated as boxes and
non-enzymatic antioxidants are illustrated as triangles. Components with orange fill are the
antioxidants and oxidative stress endpoints that were assessed in this study. Bold text in circles
indicates pro-oxidant molecules. In the current study protein carbonylation was used as a marker
of oxidative damage. Abbreviations as follows: Reactive oxygen species (ROS), superoxide (02"
), hydroxide radical (OH"), superoxide dismutase (SOD), catalase (CAT), hydrogen peroxide
(H203), glutathione peroxidase (GPx), oxidized glutathione (GSSG), reduced glutathione (GSH),

glutathione reductase (GR). This model was adapted from Qu et al. 2014 and Avci et al. 2015.
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8.2. Methods

Methodological details regarding experimental animals, exposure design, and water
chemistry analysis can be found in Sections 6.2.1 and 6.2.2.
8.2.1. Tissue preparation

Following euthanasia, the whole liver was removed, placed into 1.5 mL Eppendorf tubes
and flash frozen in liquid nitrogen. Tissues subjected to oxidative stress endpoint analysis
(approximate mass range: 250-500 mg) were homogenized in 1 mL ice cold phosphate buffer
saline using a handheld homogenizer and then centrifuged at 5000 g at 4°C for 3 minutes. The
resulting supernatant was then transferred into a new Eppendorf tube and stored at -80 °C until
used in CAT, GPx, GSSG, and protein carbonyl assays.

8.2.2. Catalase

The CAT activity assay was performed as described by Aebi (1984). Briefly, a sub-
sample of liver homogenate was taken and diluted up to 100 times to a total volume of 2 mL, to
meet working assay conditions that required an initial absorbance reading of ~0.5. The diluted
sample was placed into a 3-mL glass cuvette and 1 mL H,O, was added. Absorbance (A;) was
read at 240 nm using an Ultrospec 3000 UV-Visible light spectrophotometer (Pharmacia,
Bridgewater, New Jersey, USA). A second reading was taken after 30 s (Ar). To calculate CAT
activity, Equation 8.1 was used. The rate constant for CAT activity (2.3) was divided by the
length of the assay (30 s) and multiplied by the log of A; over Ar. Homogenate protein content
was measured via Bradford (1976) protein assay and CAT activity was expressed as nmol min™!
g protein™'.
Equation 8.1:

i

Reaction rate * A
time Ar

CAT activity = ( *sample dilution) / g protein
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8.2.3. Glutathione peroxidase

A GPx assay kit was purchased from a commercial supplier (Item No. 703102; Cayman
Chemical, Ann Arbor, Michigan, USA), which measured activity indirectly by a coupled
reaction with glutathione reductase (GR). The assay was initiated by the addition of 20 puL assay
buffer, GPx control (bovine erythrocyte GPx), or sample to wells in a 96 well plate. Then each
well received 50 pL assay buffer, 50 pL. co-substrate mixture (reconstituted GSH and GR), and
50 pL nicotinamide adenine dinucleotide phosphate (NADPH). Twenty pL of cumene
hydroperoxide was then added to each well. The plate was read at a wavelength of 340 nm on a
VersaMax microplate reader (Molecular Devices, Sunnyvale, California, USA) once every
minute for 5 minutes total. Activity was calculated using Equation 8.2. Time 1 and 2 are two
points 1 minute apart, which were selected to best represent the linear portion of the curve.
Dilutions represents the total volume per well, and sample V represents the volume of sample per
well. The slope of the linear relationship between absorbance and time was divided by the
extinction coefficient for NADPH (0.00373 uM™), and multiplied by the product of total well
divided by sample volume. Data were normalized to homogenate protein content following a
Bradford assay and final results are reported in nmol min! g protein™.

Equation 8.2:

slope (|A340(Time 2)-A340(Time 1)|>

.. Time 2 (min.)-Time 1 (min. dilution o .

GPx activity = e 2 (min) Tme | (@in) L *sample dilution |/ g protein
extinction coefficient sample V

8.2.4. Total glutathione

A glutathione content assay kit was purchased from a commercial supplier (Item No.
703002; Cayman Chemical, Michigan, USA). Glutathione was quantified using a standard curve
generated from a stock solution of 25 uM GSSG in MES buffer (0.4 M 2-(N-

morpholino)ethanesulphonic acid, 0.1 M phosphate, 2 mM EDTA, pH 6.0.). The assay was
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conducted by the initial addition of 50 uL of GSSG standard (0, 0.5, 1, 2, 4, 8, 12, or 16 uM), or
sample, to wells in a 96 well plate. Then each well received 150 pL of assay cocktail that
contained MES buffer, high-performance liquid chromatography grade water, reconstituted
cofactor (NADP" and glucose-6-phosphate), GSH enzyme mixture (GR and glucose-6-
dehydrogenase) and Ellman’s reagent (5,5-dithio-bis-(2-nitrobenzoic acid); DTNB). Immediately
following the addition of assay cocktail, the plate was covered to exclude light and placed on an
orbital shaker for 25 minutes. After the incubation period the plate was read at a wavelength of
405 nm on a microplate reader. Glutathione content was calculated from the standard curve and
normalized to homogenate protein content via Bradford assay. Final GSSG concentrations are
reported as umol g protein™’.
8.2.5. Protein carbonylation

A protein carbonyl colorimetric assay kit was purchased from a commercial supplier
(Item No. 100005020; Cayman Chemical, Michigan, USA). Carbonyl content was measured
through the reaction of carbonyl moieties with 2,4-dinitrophenylhydrazine (DNPH). The assay
was conducted by transferring 200 puL of sample into two separate Eppendorf tubes, one
designated the sample, the other control. Then 800 puL of 2.5 M DNPH was added to the sample
tube and 800 pL 2.5 M HCI to the control tube. Tubes were then incubated for 1-h in the dark
with a brief vortex every 15 minutes. After incubation, 1 mL of 20% trichloroacetic acid (TCA)
solution was added to each tube, vortexed and placed on ice for 15 minutes. Both control and
sample tubes were then centrifuged at 10000 g for 10 minutes at 4°C. The supernatant was
discarded and the remaining pellet was resuspended and washed in 1 mL of 1:1 ethanol/ethyl
acetate. The pellets were centrifuged again at 10000 g for 10 minutes at 4°C, and this step was

repeated two more times. Following the final wash, the pellets were resuspended in 500 pL
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guanidine hydrochloride, vortexed and centrifuged once more under the same settings. To
measure the carbonyl concentration, 220 uL of sample/control were added to a 96 well
microplate and read at 360 nm on a microplate reader. Carbonyl content was calculated using
Equation 8.3 and normalized by protein content.

Equation 8.3:

) / g protein

. (sample absorbance-control absorbance) dilution
Protein carbonyl content = ( . * -

extinction coefficient DNPH(0.011) sample V
8.2.6. Statistics

Details of statistical analysis can be found in Section 6.2.6. Following analysis, a single
outlier was removed from the acute protein carbonyl dataset (at the 0 pg L' exposure
concentration), and 1 outlier was removed from acute GSSG replicates (at 2004 ug L!). One
outlier was removed from the acute CAT dataset (at 2004 pg L™!) and two from the acute GPx
dataset (one each at 0.9 and 2004 pg L.
8.3. Results
8.3.1. Antioxidant capacity

No significant differences in hepatic CAT activity were observed following acute (P-
valuex uskal-watlis: 0.450, Figure 8.2a) or sub-chronic (P-valuekuskal-waiis: 0.955, Figure 8.2b)
exposures of rainbow trout to Tl. Glutathione peroxidase activity was also not statistically
different in acute (P-valuekruska-wattis: 0.265, Figure 8.3a) or sub-chronic (P-value kruskal-watlis:
0.711, Figure 8.3b) Tl exposures. Following a Kruskal-Wallis test, no significant differences

were observed in total glutathione concentration in either the acute (P-valuex uskal-wattis: 0.737,

Figure 8.4a) or sub-chronic (P-valuekruskal-walis 0.938, Figure 8.4b) Tl exposure treatments.
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Figure 8.2. Catalase activity in rainbow trout liver tissue following acute 96-h (A) and sub-

chronic 28-d (B) Tl exposure. Plotted points represent means (+ standard deviation) of 7-8

replicates.
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Figure 8.3. Glutathione peroxidase activity for rainbow trout liver tissue following acute 96-h

(A) and sub-chronic 28-d (B) Tl exposure. Plotted points represent means (+ standard deviation)

of 6-8 replicates.
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Figure 8.4. Total glutathione concentration for rainbow trout liver tissue following acute 96-h
(A) and sub-chronic 28-d (B) Tl exposure. Plotted points represent means (+ standard deviation)
of 7-8 replicates.

8.3.2. Protein carbonylation

No significant differences were observed in protein carbonyl content in juvenile rainbow trout
liver following acute 96-h Tl exposures (P-valueanova: 0.462, Figure 8.5a). In sub-chronic
exposures no significance in protein carbonyl content were observed in Tl-treated fish compared

to controls (P-valueanova: 0.218, Figure 8.5b).
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Figure 8.5. Protein carbonyl content for rainbow trout liver tissue following acute 96-h (A) and
sub-chronic 28-d (B) T1 exposure. Plotted points represent means (+ standard deviation) of 7-8
replicates.

8.4. Discussion

8.4.1. Effects of thallium on antioxidant capacity

There were no significant changes in any measured antioxidant endpoint following the
exposure of rainbow trout to waterborne TI, either acutely (96-h) or sub-chronically (28-d)
(Figures 8.2-8.4). Although T1 can influence the activity of CAT, GPx, and the concentration of
GSH in different tissues across several phyla (Babic et al. 2009; Osorio-Rico et al. 2015; Kilig
and Kili¢ 2017), its effect on antioxidant capacity is not consistent.

A study by Babi¢ and colleagues (2009) observed a decrease in CAT activity in the
aquatic plant Lemna minor following exposure to 400 pg L' (2 uM) Tl for 14-d, a finding
supported by Farag and colleagues (2021) who showed waterborne exposure to 42 pg L™ (0.2
uM) Tl decreased CAT activity in liver of Nile tilapia. Conversely, CAT activity was found to

increase in whole-body samples of Tubifex following a 7-d exposure to 0.25 pg L™ (1.2 nM) Tl
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(Kili¢ and Kili¢ 2017). Decreases in CAT activity have been attributed to inhibition of the
enzyme by Tl (Babi¢ et al. 2009), whereas increases in activity are likely to represent induction
in response to enhanced ROS generation or deficits in other ROS scavenging mechanisms (Kilig
and Kili¢ 2017). In the current work no changes in CAT were observed, suggesting Tl does not
affect ROS generation or antioxidant capacity, or that any such effects offset. Because of the
variability in literature studies of TI toxicity (e.g., in terms of factors such as exposure
concentrations, species and exposure duration), comparison of effects between studies are
difficult. Nevertheless, the different responses of CAT to Tl exposure across studies is similar to
the patterns observed for other trace metals on this endpoint. For example, in galaxiid fish Zn
exposure increases hepatic CAT activity (McRae et al. 2016), but in killifish Zn causes the
opposite effect (Loro et al. 2012). In galaxiid fish exposed to waterborne Cd, liver CAT activity
decreased (McRae et al. 2018), but exposure of mosquitofish to Cd induces CAT activity (Nunes
et al. 2015). Further work is required to delineate the specific factors responsible for the distinct
patterns of CAT activity following Tl exposure. However, measures of tissue burdens may be
informative as some studies in fish have suggested that effects on CAT are related to the extent
of trace metal accumulation (McRae et al. 2018).

Similar to the pattern observed for CAT, no significant differences in GPx activity were
observed in rainbow trout liver following waterborne TI exposure. This finding is also similar to
results reported for rats 24-h post injection of 39 mg L™ (190 uM) TI. In that study, no changes
in GPx activity in the brain were observed (Osorio-Rico et al. 2015). In contrast, GPx activity
was found to be a highly sensitive and responsive endpoint following the exposure of Tubifex to
Tl. A 7-day exposure to 0.5 pg L' (2 nM) Tl caused an increase in GPx activity (Kili¢ and Kilig

2017), but at a slightly higher Tl concentration of 1 pg L' (5 nM), over a more prolonged
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exposure period (15-d), GPx activity significantly decreased. Exposure concentrations of Tl in
the presented data (4200 pg L™'; 21 uM) are markedly greater than the concentrations used in
Kili¢ and Kili¢ (2017), and thus might be expected to have induced a response. The lack of
response in GPx activity in rainbow trout may reflect the greater tolerance of this species to TI.
For example, 96-h LCs values for waterborne Tl in rainbow trout are 4.3 mg L™ (Pickard et al.
2001), several orders of magnitude greater (i.e., more tolerant) than the equivalent values for
Tubifex (0.018 mg T1 L!; Kilig et al. 2011). The mechanisms underlying the differences in
sensitivity are not known, however smaller animals are considered more vulnerable to toxicants
that enact effects through disruption of ion handling (Grosell et al. 2002). This is a function of
higher ion turnover rates and a lesser capacity to buffer against ion loss. If effects of Tl on
oxidative stress are mediated through disruption of K™ homeostasis, then this could explain the
lack of impact of TI in rainbow trout versus the much smaller 7Tubifex.

Inconsistent effects of Tl on non-enzymatic antioxidant capacity have also been observed.
In the current study there were no significant changes in total GSH concentration between
treatment groups (see Figure 8.4a-b). Similarly, in rats injected with 20 mg L™ (100 uM) TI, no
significant changes in kidney GSH occurred after 48-h (Appenroth and Winnefeld 1999).
However, this study contrasts with other results for the effects of Tl exposure on rat kidney. For
example, an intraperitoneal dose of 16 mg kg™ Tl resulted in a significant decrease in renal GSH
after 5-d (Anaya-Ramos et al. 2021). Effects of Tl on GSH have also been observed in rat brain,
where an intraperitoneal dose of 32 mg kg™! resulted in an increase in hypothalamus GSH after
24-h (Osorio-Rico et al. 2015). It is possible the lack of effect of Tl on antioxidant capacity in
rainbow trout is the result of basal concentrations of antioxidants in liver tissue being greater

than in measured tissues in other studies. For example, total GSH concentration in control
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rainbow trout was 27 pmol g”'. In rat brains, where TI exposure significantly increased GSH, the
mean concentration of GSH was approximately 2 pmol g™ (Osorio-Rico et al. 2015), while basal
GSH concentrations in the study of Anaya-Ramos and colleagues (2021) conducted in rat kidney
were ~1.2 umol g'!. However, this correlation is not perfect as similar concentrations of GSH are
reported in other brain regions (Osorio and Rice et al. 2015) and in other rat kidney studies
(Appenroth and Winnefield 1999), where there was no change in GSH recorded upon T1
exposure.

In the current study none of the measured antioxidant endpoints were affected by Tl
exposure, despite T1 exposure concentrations higher than those that cause changes in antioxidant
profiles in other studies. Since only a selection of antioxidants was examined, it is possible that
changes may have occurred in antioxidants that were not assessed. For example SOD, which is
one of the first defense mechanisms against ROS (Figure 8.1), is known to be sensitive to TI
exposure (Babi¢ et al. 2009; Kili¢ and Kutlu 2010; Hou et al. 2017; Farag et al. 2021; Varao et
al. 2021). However, if SOD activity increased this would be likely to increase H2O; production,
which in turn would be expected to increase CAT and GPx activity. Indeed, linkages between
different components of the antioxidant defenses have been observed upon Tl exposure, with
reductions in SOD activity associated with similar changes in CAT in Tl-exposed tilapia (Farag
et al. 2021). Therefore, the lack of change in CAT activity suggests that SOD activity was also
likely to be unaffected by the Tl exposure regimes in the current study. Similarly, activity of the
important antioxidant enzyme GR (see Fig. 8.1) tends to be linked to activity of GPx (Villaverde
et al. 2004; Couto et al. 2016). The lack of change in hepatic GPx upon T1 exposure in rainbow

trout thus argues against an unmeasured change in GR.
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A further possibility is that antioxidants not associated with the pathways described in
Figure 8.1 were altered. Metallothionein, in addition to binding trace metals, is also known to be
an effective cellular scavenger of ROS (Chiaverini and De Ley 2010; Hauser-Davis et al. 2014).
Studies have indicated that MT protects against Tl-induced oxidative stress in mammal models,
and prevents changes in other antioxidant pathways (Kili¢ and Kutlu 2010; Anaya-Ramos et al.
2021). Similar roles have been noted for vitamin E in Zn-induced oxidative stress in fish
(Alkaladi 2019). There is also evidence that vitamin E and C are protective against Tl-induced
nephrotoxicity in rats, although this effect could not be attributed specifically to roles of these
vitamins as antioxidants (Appenroth and Winnefeld 1998). Work assessing the protective effects
of vitamin E and C, and MT on Tl-induced oxidative stress is needed to confirm roles for these
antioxidants in protecting against TI toxicity in rainbow trout.
8.4.2. Effects of thallium on protein carbonylation

In the presented work, protein carbonyl content was used as an indicator of protein
damage following exposure to T1. Protein damage results from the oxidation of protein by ROS,
and can result in loss or modification of protein function, and cellular death (Sitte 2003;
Pickering and Davies 2013). In the current study, no significant changes in protein carbonyl
content were observed in trout acutely or sub-chronically exposed to Tl (Figure 8.5a-b). Given
the lack of effect of T1 exposure on antioxidant capacity, this outcome is perhaps not surprising.
These data suggest that either T1 is not generating significant ROS in the liver, or the basal levels
of antioxidants in the liver are sufficiently high to transform ROS without any induction in
enzyme activity or depletion in GSH occurring. Protein carbonylation following T1 exposure has,
however, been shown previously. In a study by Radi¢ and colleagues (2009), increased protein

carbonylation was shown in broad bean (Vicia faba) exposed to waterborne Tl at concentrations
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of 1 mg T1 L' (5 uM) and higher. Thallium has also been observed to affect other oxidative
damage endpoints. For example, induction of lipid peroxidation occurred in the brains of rats
exposed to 1.6 mg kg™ (8 umol kg™!) T1 (Galvan-Arzate et al. 2000). While it is clear that Tl can
induce oxidative stress, these effects may be more common in tissues where basal concentrations
of antioxidants are lower.
8.5. Conclusion

In this study T1 exposure did not result in significant effects on antioxidant capacity and
protein damage in livers of rainbow trout. This is despite exposure concentrations in the acute
and sub-chronic experiments being greater than those of other studies that had observed changes
in antioxidant capacity (Hou et al. 2017; Kili¢ and Kili¢ 2017). The mechanisms underlying this
lack of effect are unknown, but under these exposure conditions oxidative stress is not a

significant mechanism of TI toxicity in the liver of rainbow trout.
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9. General Conclusion
9.1. Significant findings

The main objective of this thesis was to develop a greater understanding of the
interactions between waterborne Tl and aquatic animals, with respect to bioavailability,
bioaccumulation and mechanisms of toxicity. The goal was to provide data that could support
future risk assessment for TI in freshwater environments. Below, the key research outcomes are
identified and briefly described.

In Chapter 2, AF4 analysis was used to provide experimental evidence that the major
species of Tl in natural waters is likely to be the free ion (T1%), and that TI(I) does not readily
form complexes with dissolved ligands such as DOM. This confirmed the outcomes of
biogeochemical modelling. As ionic metal species are those considered most bioavailable (Bury
et al. 2003), this also provided an explanation for the high bioaccumulation of T1 noted later in
Chapter 6 of the thesis. Importantly, this finding will greatly simplify site-specific risk
assessments of Tl in natural waters in that DOC can largely be ignored as a measured variable.

The other major finding of the thesis with respect to the effect of water chemistry on T1
toxicity, is that water K" is clearly protective against Tl-induced mortality in daphnids (Chapters
2, 5). Mechanistically, evidence supporting a role for Tl in disruption of K" homeostasis was
equivocal. In particular, effects on whole-body K" depended on the length of the exposure to TI.
This suggests that daphnids have the capacity to compensate for Tl-induced impairment at a
whole-body level, and that may mask tissue level effects of Tl in the nervous system that may
drive toxicity. Evidence for a neurological effect of Tl on D. magna was provided in Chapter 4,
which showed that Tl affects the sensory component of the phototactic response. Ultimately, a

K":Tlratio of 6:1 was shown to be effective in protecting against Tl mortality (Chapter 5). Given
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the concentrations of K in natural waters, only in highly impacted waters would TI be likely to
reach concentrations where K™ would not protect against toxicity.

A significant finding from this thesis was that, overall, D. magna and rainbow trout are
not highly sensitivity to Tl toxicity. This conclusion is based on comparison of TI toxicity to the
toxicity of other trace metals to daphnids, the relative lack of sub-lethal Tl toxicity to rainbow
trout, and the high toxicity of Tl to humans. First, Figure 9.1 shows that T1 is less toxic to
Daphnia than trace metals such as Hg, Ag, Cd, and Cu, with a species mean acute value
calculated at 1480 pug L. Second, Chapter 7 and 8 show that even at very high acute TI
exposures, or 28-d sub-chronic exposures to Tl at elevated environmental concentrations,
relatively minor changes in activity of ionoregulatory enzymes and no effects on oxidative stress
were measured in rainbow trout. Third, in humans T1 is considered among the most toxic of all
trace metals, with significantly higher toxicity for Tl than other trace elements such as Cd and
Hg (Cheam 2001; Virarghavan and Srinivasan 2001; Peter and Viraghavan 2004). This is the
opposite of the relative toxicities observed for daphnids. Together, these three lines of evidence
support the concept that Tl toxicity to aquatic biota is relatively low. However, there is still risk
associated with waters elevated in TI, such as those contaminated by base metal mine tailing
leachates, where TI can accumulate to concentrations in the high ug L' to mg L™ range (Table
1.2).

Although this study focused on TI toxicity in the context of regulations for the protection
of aquatic animal health, a key finding was the high bioaccumulation of TI in fish muscle tissue.
In fact, accounting for fish consumption rates, and ADI values proposed by the USEPA, the
muscle TI concentration in fish could reach levels that may cause harm to human populations.

Further work would be required to identify the threshold water T1 concentration at which fish
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muscle reaches a critical concentration, and therefore to identify waters that may represent a

human health risk.
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Figure 9.1. Acute toxicity of metals to Daphnia magna. Median lethal toxicity values for
metals with black bars were compiled from Okamoto et al. (2015). Thallium (Ch. 2; red bar,
grey border) depicts data from Chapter 2 of this thesis. Thallium (mean; red bar, black
border) shows the mean T1 LCso based published values (Pickard et al. 2001; Lin et al. 2005;
Okamoto et al. 2015; Chapter 2).
9.2. Environmental and regulatory considerations
A key finding of this thesis is that the K™ concentrations of most natural waters are likely to
protect aquatic animals against any toxic effects of Tl. This is largely a consequence of the fact
that the dominant form of Tl in most waters is TI(I), which shares pathways of uptake with K*,
and this the presence of K* reduces T1 bioaccumulation and/or toxicity (see Chapters 2, 5). The

exception to this scenario is waters that are highly elevated in T1, where the capacity of water K™
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to ameliorate Tl uptake and toxicity is likely reduced. The highest risks are represented by low-
flow waters receiving base metal mine effluents. However, it should be highlighted that such
effluents will contain other toxic components such as the trace elements As, Cu, Zn, Pb and other
toxicants such as ammonia, and perhaps, cyanide (Environment Canada 2012). These
constituents may prove to be more toxic than the Tl associated with such effluents.

This thesis exclusively focused on waterborne T1. However, in natural settings animals will
also be exposed to T1 through the diet. In general, dietary metals are less bioavailable than
waterborne metals, due to factors such as metal chelation by dietary constituents, mucus
production, and sloughing of gut epithelial cells (DeForest and Meyer 2015). Consequently,
dietary Tl is likely to have less toxicological impact than waterborne T1. The few studies to date
that have examined the relative contributions of diet and water to T1 handling indicate that
waterborne route is more important than the dietborne route. For example, in a marine snail 20
times as much Tl was taken up from the water than from a Tl-contaminated diet (Turner and
Pilsbury 2013). Studies in fish early life-stages note a similar effect, but of a lesser magnitude
(Lapointe and Couture 2010), possibly a consequence of a relatively poor dietary assimilation
efficiency for Tl (~35%; Lapointe and Couture 2009). Despite this, sublethal effects of dietary Tl
have been observed in fish, with decreased glutathione-S-transferase and nucleoside diphosphate
kinase activities observed in fathead minnows feeding on Tl-contaminated D. magna (Lapointe
et al. 2009). These findings do indicate that although dietary Tl may be less bioavailable, it has
the potential to exert toxic effects, and this may ultimately affect sensitivity to Tl in natural
settings.

This thesis highlights a number of important considerations from a regulatory perspective. For

example, it is likely that the current CCME guideline value of 0.8 pg L', which is largely
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derived from data in the aquatic plant L. minor is likely to also be protective of aquatic animals.
Additionally, in terms of site-specific field assessment of toxicity, there is limited need or value
in developing a BLM for TI. Certainly, measurements of DOC which can be cost- and time-
intensive are of limited importance given its poor affinity for TI binding. Instead, toxicity
assessment could be based solely on measures of dissolved Tl and K, noting the caveat above
regarding the possible influence of dietary TI.
9.3.  Future studies

In this thesis the main focus was on TI(I), largely because this is the form of TI that
dominates most freshwaters. However, under some environmental conditions TI(IIT) may be
present. This form of Tl is more reactive with environmental ligands (Wade and Banister 1973),
and studies indicate that it has a markedly greater toxicity to aquatic biota (e.g., Rickwood et al.
2015; Molina et al. 2017). Some researchers have studied TI(III) toxicity by oxidizing TI(I)
through ultraviolet light, and coupling this reaction to an electron acceptor to maintain oxidation
state (Campanella et al. 2018). As such studies such as those in Chapters 2 and 3 could be
repeated with TI(III) to obtain a more complete perspective of Tl toxicity by accounting for those
environments in which TI(IIT) may occur.
One of the key assumptions in this thesis is that intracellular Tl remains unliganded and as such
behaves similarly to, and interferes with, K*. In Chapter 2 only a small number of organic
ligands were examined for their effect on T1 speciation, but from that study it was theorized that
Tl is generally resistant to complexation. However, it is possible that within the cell there are
ligands that might bind T1, and effectively diminish its bioreactivity. Future work could test this
hypothesis. Specifically, techniques such as X-ray differential absorption-edge computed

microtomography, micro-X-ray absorption near edge (mu-XANES) and micro-X-ray
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fluorescence (mu-XRF) could be used to assess the speciation of Tl inside tissues of rainbow
trout and D. magna, providing insight into subcellular speciation, compartmentalization, and the
interactions between Tl and mitochondria. Such techniques have been successfully used to assess
Tl speciation and distribution in plant tissues (Scheckel et al., 2004; 2007).

One common theme in the current thesis was the potential for Tl toxicity to be mediated by
its effects on mitochondria. For example, the inhibition of NKA activity was proposed to be
mediated by the cellular depletion of ATP, a consequence of Tl accumulation and toxicity in
mitochondria (Chapter 7). However, in the current work effects of T1 on mitochondrial function
were not specifically examined. This would, therefore, be an interesting focus of future studies.
Of particular interest would be the effects of T1 on chloride cells in the gills of fish. These cells
perform much of the active ion transport associated with salt and water homeostasis, and because
of the large energetic demand of these processes, are packed with mitochondria (Evans et al.
1999). Future studies could take advantage of techniques that facilitate isolation, and subsequent
enrichment of chloride cells (e.g., Goss et al. 2011), allowing examination of cellular energy
equivalents (Morciano et al. 2020) in the presence of T1. Future work could also look to isolate
mitochondria themselves (e.g., Liao et al. 2020), and examine functional changes in response to
TI1. This is an approach that has been used successfully to measure the effects of temperature
acclimation and hypoxia on mitochondrial function in fish (e.g., Iftikar et al. 2015; Devaux et al.
2019). Organelle and cellular isolation may also facilitate a more nuanced examination of the
TI/K" interaction in cells, removing the complications associated with processes such as cross-
epithelial feedback that may have obscured identification of TI/K™ interactions in the current
study, which relied on whole-animal techniques. These approaches could be combined with flow

cytometry to allow detection of oxidative stress markers, such as the production of H>O; (De
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Biasi et al. 2016). This would facilitate further interrogation of the conclusions of Chapter 8§,
which suggested oxidative stress is not a mechanism of waterborne Tl toxicity in rainbow trout.

Alternatively, techniques such as the scanning ion-selective electrode technique (SIET)
may have significant application for the understanding of TI transport across intact epithelia of
D. magna. This is an approach that allows ion fluxes to be measured in intact animals/tissues,
and recently has been successfully used to characterize ion transport across the nuchal organ in
daphnids (Morris and O’Donnell 2019). This technique could facilitate direct measurement of K*
exchanges in the presence of T, and provide evidence to support the efficacy of pharmacological
agents used in Chapter 5 to help characterize pathways of K*/T1" uptake. This would provide
significant clarity in a study system where the current data is sometimes contradictory and
difficult to interpret.

Finally, this study provided some support for the development of advanced regulatory
tools for the assessment of Tl risk in freshwater settings. For example, laboratory manipulation
of water chemistry showed that water K" is a factor that strongly influences TI toxicity (Chapter
2, 5). This is a factor that could be incorporated into risk assessment tools such as the BLM.
However, evidence was also provided that showed some of the toxic endpoints altered by T1I
exposure were not correlated to tissue T1 burden (e.g., NKA activity; Chapter 7). Consequently,
further studies that relate short-term Tl accumulation to Tl toxicity would be required to
determine whether this important principle of the BLM (Niyogi and Wood 2004) is applicable to

T1 risk in fresh waters.
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