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Abstract 

Agroforestry systems (AFS) and the application of organic amendments in croplands can 

contribute to carbon (C) sequestration and reduction in greenhouse gas (GHG) emissions from 

agricultural lands. However, previously understudied differences among AFS and organic 

amendments may underestimate their climate change mitigation potential. Additionally, land use 

and management practices that increase C inputs to soil may have dual effects on soil C dynamics, 

in some cases resulting in intensified loss (a.k.a. priming) of soil organic C (SOC) and initially 

reducing SOC storage. In a 3-year field study, I assessed various C stocks and GHG emissions 

across two common AFS (hedgerows and shelterbelts) and their component land uses: perennial 

vegetated areas with and without trees (woodland and grassland, respectively), newly planted 

saplings in grassland, and adjacent annual cropland in central Alberta, Canada. In the cropland, I 

also compared one-time additions of manure compost and its biochar derivative to a control to 

assess their effects on SOC and GHG emissions. Manure compost and biochar were applied at 

equivalent C rates (7 Mg C ha−1) and tilled into the surface 10 cm of soil. I further conducted a 

150-d incubation in a controlled growth chamber to quantify SOC changes due to living roots and 

their C inputs in soils collected from the component land uses of the AFS, as well as those amended 

with manure compost and its biochar derivative, using the C stable isotope natural abundance 

technique. In the field study, nitrous oxide emissions were 89% lower under perennial vegetation 

relative to the cropland (0.02 and 0.18 g N m−2 y−1, respectively) between 2018 and 2020. 

Heterotrophic respiration in the woodland was 53% lower in shelterbelts relative to hedgerows 

(279 and 600 g C m−2 y−1, respectively) in 2020. Within the woodland, the deadwood C stock was 

more important in hedgerows (35 Mg C ha−1 or 7% of ecosystem C) than shelterbelts (2 Mg C ha−1 

or < 1% of ecosystem C), and likely affected C cycling in the woodland by enhancing soil labile 
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C and microbial biomass in hedgerows. Total ecosystem C was 1.90–2.55 times greater within the 

woodland than in all other land uses. Shelterbelt and hedgerow woodlands contained 2.09 and 3.03 

times more C, respectively, than adjacent cropland. In the cropland, biochar led to the sequestration 

of SOC at a rate of 2.5 Mg C ha−1 y−1 relative to the control. In 2018 and 2019, manure addition 

increased total GHG (sum of carbon dioxide, methane, and nitrous oxide as CO2-equivalents) 

emissions by 33%, on average, relative to both the control and biochar addition. In contrast, in 

2020, biochar addition reduced total GHG emissions by 21% relative to both the control and 

manure addition. Results from the incubation experiment showed that priming of soil-derived C 

due to the influence of living roots was limited to the aggregated clay fraction (that is, clay within 

water-stable silt-size microaggregates), greatest in the surface soil (0.51–1.27 mg C g−1 soil), and 

similar across land uses. However, biochar minimized priming within the aggregated clay fraction. 

In soils with greater SOC content (that is, surface and woodland soils relative to subsurface and 

cropland soils, respectively), a larger proportion of clay-protected C was found in silt-size 

microaggregates. My findings are threefold: (1) AFS are important for fostering C sequestration 

and reducing GHG emissions and, in particular, retaining hedgerows (legacy woodland) and their 

associated deadwood across temperate agroecosystems is key to help mitigate climate change; (2) 

the application of biochar, rather than its manure compost feedstock, increased surface SOC 

sequestration and had either no effect on or reduced GHG emissions relative to the control; and 

(3) living roots can destabilize clay-protected C within silt-size microaggregates, leading to rapid 

and preferential decomposition of clay-protected C; however, biochar can stabilize clay-protected 

C within silt-size microaggregates under the influence of living roots. Moreover, root-driven 

stabilization or destabilization of clay-protected C within silt-size microaggregates may mediate 

SOC sequestration and SOC storage capacity, which has important implications for our 
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understanding of SOC persistence and the underlying processes used in soil C models. To help 

meet climate change mitigation goals, I recommend incentivizing the retention and establishment 

of AFS on agricultural lands, as well as supporting and optimizing biochar application in 

agriculture. 
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Chapter 1. Introduction 

Soil is the largest terrestrial carbon (C) stock (Lehmann & Kleber, 2015) and acts as a 

global C sink, sequestering around 20–30% of anthropogenic C emissions annually (Pan et al., 

2011; Le Quéré et al., 2018). However, the cultivation of soils leads to the release of large amounts 

of C to the atmosphere (Guo & Gifford, 2002; Ciais et al., 2013). The growing human population 

and demand for food and other agricultural products have led to more forests and grasslands being 

converted to intensively farmed agroecosystems. Agricultural management practices affect 

greenhouse gas (GHG) emissions from soils by altering the soil environment and, in turn, changing 

the size and composition of microbial communities and their activities, including the facilitation 

of nutrient cycling. 

Agricultural soils can act as an important source of GHG emissions to the atmosphere and 

contribute to global climate change (Ciais et al., 2013). Between 2007 and 2016, agriculture 

contributed 12% of the total global anthropogenic GHG emissions (IPCC, 2019). The three major 

GHGs contributing to agricultural emissions are carbon dioxide (CO2), nitrous oxide (N2O), and 

methane (CH4), of which CO2 is the most abundant GHG emitted from agricultural soils (Ciais et 

al., 2013). Microbial decomposition of soil organic C (SOC) results in C being released to the 

atmosphere as CO2. As a means of mitigation, efforts to increase C sequestration, especially in 

agricultural soils, have received increasing attention (Minasny et al., 2017; Zomer et al., 2017). 

Widely recognized strategies to increase SOC across agroecosystems include the use of cover 

crops, improved crop rotations, reduced tillage, and organic amendments (Lal, 2004; Paustian et 

al., 2016). Land-use management is another effective means to increase C sequestration both 

above- and belowground in agroecosystems. Compared with conventional agroecosystems, land-

use systems that deliberately incorporate woody perennials into agricultural fields, called 

agroforestry systems (AFS), facilitate C sequestration and reduce GHG emissions (Lal, 2004; 

Paustian et al., 2016; Shi et al., 2018).  

Utilizing land-use and other management practices to increase SOC storage is considered 

key to help drawdown atmospheric CO2 as we reduce fossil fuel emissions to mitigate climate 

change (IPCC, 2022). Moreover, increasing SOC can enhance the resilience of agricultural land 

to drought and other climate changes by increasing overall soil health (such as nutrient- and water-

holding capacities, soil aggregation and aeration, and microbial diversity) (Amundson & Biardeau, 

2018). Therefore, how soils cycle and store new C inputs has important implications for both the 
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global C cycle and food security (Lorenz & Lal, 2022). Land use and management practices that 

increase C inputs to soil may have dual effects on soil C dynamics, in some cases resulting in the 

intensified loss (a.k.a. priming) of SOC and initially reducing SOC storage (Dijkstra et al., 2021). 

 

1.1. Climate change mitigation potential of agroforestry 

Although less than 10% of global agricultural land contains a substantial woody vegetation 

component, trees incorporated into croplands and pastures have been estimated to store 6.93 Pg C 

(Chapman et al., 2020). Globally, the trees of AFS cover an estimated 960 M ha, with associated 

soils containing at least 3.6 Pg more C than adjacent cropland and pasture (Shi et al., 2018). Trees 

in AFS globally are estimated to sequester between 3 and 6 Mg C ha−1 y−1 up to a tree age of 50 

years (Ma et al., 2020), while temperate AFS are estimated to have SOC sequestration rates of 

about 0.18 Mg C ha−1 y−1 in the upper 40 cm of soil, not including the litter layer (Mayer et al., 

2022). Moreover, well-aerated soils under forested cover act as sinks for CH4 and release less N2O 

than intensively managed cropland soils (Baah-Acheamfour et al., 2016; Paustian et al., 2016). 

Therefore, converting more conventional agroecosystems to AFS creates substantial mitigation 

opportunities through C sequestration both above- and belowground, as well as by reducing the 

emissions of potent GHGs such as N2O and CH4.  

Globally, the adoption of agroforestry could store ~1–9 Pg more C, which is up to 8% of 

the total mitigation needed by 2030 to limit global warming to 2 °C (Meinshausen et al., 2009; 

Chapman et al., 2020). In Canada, over 65 M ha are dedicated to agricultural use, and over 30% 

of this agricultural land is in Alberta (Statistics Canada Census of Agriculture, 2008). In this 

province alone, there is a substantial opportunity for converting more intensively farmed 

agroecosystems to AFS, specifically by planting trees at road/field margins (An et al., 2022), 

thereby helping to mitigate climate change. For example, the woodlands of AFS in central Alberta 

were shown to store 2.26 times (or 178.5 Mg ha−1) more C than adjacent cropland and pasture (Ma 

et al., 2022), emphasizing the importance of AFS in this region for C sequestration. However, 

current AFS may benefit from active management, enhancement, or expansion, such as the 

planting of trees in perennial vegetated areas that lack a consistent woody component (for example, 

gaps in trees along road/field margins) (Shrestha et al., 2018) and tree planting that facilitates niche 

complementarity (Ma et al., 2022). The total amount of C that can be sequestered and stored by 

AFS remains dependent on a variety of factors, including the specific agroforestry system type, 
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time since forest stand establishment, and tree species richness (Kim et al., 2016; Feliciano et al., 

2018; Ma et al., 2020). 

Common linear agroforestry system types in the temperate climate zone include hedgerows 

and shelterbelts. Both types of AFS are usually retained or established at agricultural road/field 

margins, with hedgerows consisting of naturally-occurring legacy perennial vegetation buffers that 

include a dense woody component, while shelterbelts, also referred to as windbreaks, consist of 

planted woody perennial vegetation on previously cleared land that was usually under cultivation 

at one time (Mayrinck et al., 2019; Drexler et al., 2021). Functionally, hedgerows differ from 

shelterbelts primarily due to having greater tree density, a broader age distribution of trees, and 

the inclusion of shrubs (Drexler et al., 2021). Shrubs are less commonly planted among the row(s) 

of trees in shelterbelts but tend to proliferate within hedgerows, allowing hedgerows to play a more 

valuable ecological role compared with shelterbelts (Drexler et al., 2021). Although hedgerows 

and shelterbelts have been found to store similar amounts of C in living biomass and soil (Ma et 

al., 2022), CO2 fluxes can vary between the two AFS (Baah-Acheamfour et al., 2016, 2020), 

suggesting underlying differences in C cycling. The perennial vegetation component of AFS 

captures and stores more CO2 in biomass (namely woody biomass) and increases C inputs to the 

soil relative to adjacent cropland, especially as litter and through the extensive and deep rooting 

systems of woody species (Jandl et al., 2014; Cardinael et al., 2018). Greater protection of SOC, 

such as through the formation of aggregates due to less soil disturbance, also helps increase C 

stocks in soils under forested cover (Lorenz & Lal, 2014; Le Bissonnais et al., 2018). Moreover, 

AFS contribute to enhanced biodiversity and other vital ecosystem services relative to 

conventional agroecosystems (Kreitzman et al., 2022). 

 

1.2. Climate change mitigation potential of biochar 

In addition to the adoption of agroforestry, incorporating organic amendments into 

agricultural soils could increase SOC storage and decrease GHG emissions (Stavi & Lal, 2013; 

Gross & Glaser, 2021). Moreover, increasing SOC storage can benefit the soil by increasing soil 

nutrient- and water-holding capacities, which could enhance crop yield and the ecological goods 

and services generated by agricultural land. The application of readily available organic 

amendments such as biowastes to agricultural soils is a common practice. Manure compost 

application has shown promise for increasing SOC stocks (Tautges et al., 2019; Gross & Glaser, 
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2021), specifically within the silt and clay fraction of soil macroaggregates (Yu et al., 2012) and 

particulate organic matter (Sleutel et al., 2006), among other benefits to the soil (Martínez-Blanco 

et al., 2013). In general, manure compost is more promising than raw manure as a soil amendment 

for increasing SOC sequestration and reducing GHG emissions from agroecosystems (Ryals et al., 

2015; Shrestha et al., 2018). However, there is mounting evidence that biochar (organic material 

pyrolyzed under low or no oxygen conditions) may be a superior tool for increasing SOC storage 

and mitigating agricultural GHG emissions from soil (Lehmann et al., 2006; Sohi et al., 2010; 

Shakoor et al., 2021).  

Compared with biowaste amendments, amending soil with biochar has been shown to have 

a greater potential for increasing SOC stocks (Yousaf et al., 2017) and reducing the emission of 

GHGs, including N2O (Cayuela et al., 2014; Shakoor et al., 2021) and CH4 (Jeffery et al., 2016). 

Biochar can increase SOC protection and storage (Lehmann et al., 2011; Hernandez-Soriano et 

al., 2016a; Weng et al., 2017), as well as help reduce microbial activity and metabolism 

(Hernandez-Soriano et al., 2016b; Yousaf et al., 2017) and decrease the activities of soil enzymes 

involved in the degradation of organic C compounds (Lehmann et al., 2011; Li et al., 2018; 

Pokharel et al., 2018). However, applying biochar at large scales is complicated by the additional 

costs to produce biochar and the lack of pyrolysis facilities used to mass-produce biochar (Roberts 

et al., 2010; Galinato et al., 2011; Spokas et al., 2012). 

 

1.3. Knowns and unknowns of soil carbon dynamics 

Land use and management practices aimed at increasing SOC include conversion of 

annually cropped land to perennial ecosystems, such as secondary forest or grassland, the adoption 

of agroforestry systems, or incorporation of perennial or cover crops (Paustian et al., 2016; 

Schlautman et al., 2021; IPCC, 2022). These practices increase root litter and exudate C inputs 

(together termed rhizodeposition) to both surface and deeper soil layers. Warming and elevated 

atmospheric CO2 concentrations are expected to increase above- and belowground vegetation 

growth in many regions globally (Jones et al., 2005; Ciais et al., 2013), which would also increase 

C inputs to the soil via rhizodeposition. In terrestrial ecosystems, living roots can have both 

stabilizing and destabilizing effects on SOC (Dijkstra et al., 2021). For example, living roots 

increase microbial turnover and, in turn, microbial necromass that can be stabilized in the soil (Zhu 

et al., 2020; Dijkstra et al., 2021; Sokol et al., 2022). However, by providing fresh C inputs and 
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enhancing microbial activity, living roots can also intensify the loss of SOC, a phenomenon 

referred to as priming (Kuzyakov et al., 2000). Priming effects may lead to initial net decreases in 

SOC storage despite additional C inputs (Dijkstra & Cheng, 2007; Sulman et al., 2014; Dijkstra et 

al., 2021). 

Mineral sorption is widely considered to play a fundamental role in the protection of SOC 

from microbial decomposition and occurs mainly within the clay fraction (Angst et al., 2018; 

Rasmussen et al., 2018). This mineral-associated C is largely composed of microbial products that 

may be predominantly derived from rhizodeposition (Liang et al., 2017; Sokol & Bradford, 2019; 

Sokol et al., 2019). However, root exudates can rapidly foster the release of mineral-associated C 

into the dissolved organic C pool, rendering the C more labile (Clarholm et al., 2015; Keiluweit et 

al., 2015). Root-exudate mediated C release from mineral-C associations may help explain the 

greater contribution of root exudates relative to root litter with respect to priming effects (Shahzad 

et al., 2015; Pierson et al., 2021), as well as the increased vulnerability of finer- rather than coarser-

textured soils to rhizosphere priming (Huo et al., 2017). Deeper soil layers, where the SOC is often 

hundreds to thousands of years old (Fontaine et al., 2007; Schmidt et al., 2011) and storage mainly 

occurs via sorption to clay particles (Angst et al., 2018), are also susceptible to rhizosphere priming 

effects (Mobley et al., 2015; Tian et al., 2016; Shahzad et al., 2018). 

In addition to mineral sorption, SOC protection from microbial decomposition is provided 

by soil aggregation. Microaggregates (< 250 µm), which are stabilized within macroaggregates (> 

250 µm), are particularly important for providing SOC protection by creating anoxic conditions or 

making C less physically accessible to microorganisms (Six et al., 2002; Rasse et al., 2005; 

Totsche et al., 2018). The most stable aggregates are silt-size microaggregates (2–53 µm), which 

largely exclude bacteria from their micropores, thereby physically protecting C that is not on the 

periphery (Rasse et al., 2005; Lavallee et al., 2019; Yang et al., 2021). Several studies have 

observed that a substantial portion of SOC is in the form of C bound to clay within silt-size 

microaggregates (Virto et al., 2008, 2010; Moni et al., 2010). Because this C is both physically 

and chemically protected from microorganisms, it may persist longer in soil than C that is 

unprotected or protected by other abiotic mechanisms (Lehmann et al., 2007; Virto et al., 2010; 

Totsche et al., 2018). Whether this dual protection mechanism renders this C less susceptible to 

root-driven priming effects is unknown because most aggregation studies do not consider 

aggregates at the silt-size scale (Virto et al., 2008; Totsche et al., 2018; Lavallee et al., 2019). A 
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recent study found that clay-protected C within model silt-size microaggregates can be broken 

down by extracellular enzymes into smaller fragments that are then released into solution (Yang 

et al., 2021). However, how clay-protected C within silt-size microaggregates is affected by living 

roots in natural soils has not been investigated. 

 

1.4. Agroforestry and biochar knowledge gaps 

Identifying management practices that increase C storage and reduce GHG emissions in 

agroecosystems will help to improve our ability to mitigate climate change. Despite a general 

consensus that agroforestry establishment enhances C sequestration, some gaps in our knowledge 

remain (Nair, 2012). Moreover, field research comparing common biowaste materials and their 

biochars as agricultural amendments for the purposes of increasing SOC storage and reducing 

GHG emissions is needed to help quantify the differential benefits between the two types of 

amendments. A past bias toward sampling only the surface soil results in limitations in our 

understanding of deep SOC cycling, which is especially important in AFS due to the incorporation 

of trees and shrubs with deep rooting habits and the unique complexity of multiple land covers 

(Nair, 2012; Jandl et al., 2014; Cardinael et al., 2018). This past bias also ignores evidence that 

subsurface SOC can be affected by changes in management practices (Gross & Harrison, 2019; 

Tautges et al., 2019). Failing to properly account for changes in bulk density with land-use change 

or management practices is another confounding issue in many past studies that can have a greater 

impact on SOC stock estimates relative to actual changes in SOC concentrations (Ellert & Bettany, 

1995; Wendt & Hauser, 2013). The recommended approach to calculating SOC stocks to 

overcome biases associated with changes in bulk density is to compare equivalent soil masses 

rather than fixed soil depths (von Haden et al., 2020).  

In AFS, C contained in belowground biomass, understory vegetation, deadwood, and litter 

is often overlooked, and these potentially important C sinks are not included in many ecosystem 

C stock estimates for AFS (Ma et al., 2020; Drexler et al., 2021). As far as I am aware, I am the 

first to assess the contribution of deadwood to ecosystem C stock and its relationship to soil C 

stocks and GHG emissions within the woodland component of AFS. Forest deadwood is not only 

an important C sink globally (Pan et al., 2011), but can also influence SOC and CO2 emissions 

(Stutz et al., 2017; Bradford et al., 2021; Seibold et al., 2021), as well as play an essential role in 
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promoting biodiversity and other ecosystem services (Blaser et al., 2013; Vrška et al., 2015; 

Sandström et al., 2019). 

Soils amended with biochar may experience increased root-derived C retention relative to 

non-amended soils, as well as negative priming (Lehmann et al., 2011; Hernandez-Soriano et al., 

2016a; Weng et al., 2017). Biochar amendment can counteract rhizosphere priming through the 

sorption of root exudates onto biochar surfaces (Weng et al., 2017), both reducing priming effects 

and increasing root-derived C retention. Biochar has also been found to promote aggregate 

formation, particularly microaggregate formation, providing additional physical protection of SOC 

from microbial decomposition (Hernandez-Soriano et al., 2016a; Weng et al., 2017). If biochar 

accelerates the formation of these organo-mineral microstructures, SOC in biochar-amended soils 

may be less susceptible to root-driven priming effects (Weng et al., 2017). However, the effect of 

biochar on SOC stabilization within silt-size microaggregates is unknown. 

 

1.5. Objectives of this thesis research 

In a 3-year field study (Chapter 2), I compared hedgerow and shelterbelt AFS and their 

component land-use types: perennial vegetated areas with and without trees (woodland and 

grassland, respectively), newly planted saplings in grassland, and adjacent annual cropland. I 

assessed the effects of AFS and their component land uses on above- and belowground live 

biomass C stocks (including trees and herbaceous vegetation), soil GHG emission rates (including 

the partitioning of autotrophic and heterotrophic respiration), surface (including litter) and 

subsurface SOC stocks (including labile C and microbial biomass, and using an equivalent soil 

mass-based approach), and total ecosystem C stocks (including standing and downed deadwood). 

My objective was to elucidate the interdependence of land use, C cycling, and GHG emissions 

across the two common linear AFS in the temperate climate zone to aid in the development of 

climate mitigation policies toward increasing C sequestration and reducing GHG emissions from 

agroecosystems. 

I also directly compared one-time additions of manure compost and its biochar derivative 

in a 3-year field study (Chapter 3) to assess the effects of these organic amendments on GHG 

emissions, as well as on both the surface and subsurface storage of SOC (using an equivalent soil 

mass-based approach) in annually cropped agricultural lands. Manure compost was used as the 

feedstock for biochar production to directly compare this manure compost to its biochar. 
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Additionally, compared with raw manure, composted manure can be easily stored until transported 

to a pyrolysis facility, is less expensive to transport due to large decreases in mass and volume, 

and has reduced moisture content, which facilitates the pyrolysis process (Michel et al., 2004; 

Roberts et al., 2010). My objective was to aid in the development of targeted management practices 

across soil types to increase SOC sequestration and reduce GHG emissions from agroecosystems. 

In addition to the field studies, I conducted a 150-d incubation in a controlled growth 

chamber (Chapter 4). The 13C natural abundance technique was used to quantify root-driven SOC 

dynamics in soils with varying properties (texture, pH, C and N content, etc.) collected from three 

different land uses (cropland, grassland, and woodland) and depths (0–10, 10–30, and 30–50 cm) 

by planting a native perennial C4 plant species (blue grama, Bouteloua gracilis (Willd. ex Kunth.) 

Lag. Ex Griffiths) in soils derived from C3 plant systems. My objectives were to 1) elucidate the 

interplay of physical and chemical protection of C under the influence of living roots by 

quantifying root C incorporation and priming across different soil fractions, including clay-size 

particles within silt-size microaggregates, and 2) assess the interdependence of soil properties 

(including SOC storage within soil fractions) and root-driven SOC dynamics across land uses and 

soil depths. 

Finally, I expanded on my previous study (Chapter 4) by using the 13C natural abundance 

technique to investigate the effects of manure compost and biochar on root-driven SOC dynamics 

in a 150-d incubation in a controlled growth chamber (Chapter 5). Soils with varying properties 

(texture, pH, C and N content, etc.) were collected from annually cropped agricultural land and 

planted with a native perennial C4 plant species (blue grama, Bouteloua gracilis (Willd. ex Kunth.) 

Lag. Ex Griffiths). I used soils derived from C3 plant systems that were either amended (two years 

prior) or not amended with manure compost or its biochar derivative. My objectives were to 1) 

elucidate the effect of manure compost and biochar on the interplay of physical and chemical 

protection of C under the influence of living roots by quantifying root C incorporation and priming 

across different soil fractions, including clay-size particles within silt-size microaggregates, and 

2) assess the interdependence of soil properties (including SOC storage within soil fractions) and 

root-driven SOC dynamics across non-amended and manure- and biochar-amended agricultural 

soils. 

My overall research objective was to aid in the development of management practices that 

increase C sequestration and reduce GHG emissions from agroecosystems as a means of climate 
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change mitigation. Achieving this goal involved an approach that considered 1) land-use 

management at the whole-system level (Chapter 2, agroforestry field study), 2) management 

practices that can be implemented specifically within cropped fields (Chapter 3, organic 

amendment field study), 3) mechanisms responsible for driving SOC dynamics under the influence 

of living roots across land uses in both surface and deeper soil layers (Chapter 4, agroforestry 

incubation study), and 4) the effect of management practices specific to cropped fields on root-

driven SOC dynamics (Chapter 5, organic amendment incubation study). 
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2.1. Abstract 

Agroforestry systems (AFS) contribute to carbon (C) sequestration and reduction in greenhouse 

gas emissions from agricultural lands. However, previously understudied differences among AFS 

may underestimate their climate change mitigation potential. In this 3-y field study, I assessed 

various C stocks and greenhouse gas emissions across two common AFS (hedgerows and 

shelterbelts) and their component land uses: perennial vegetated areas with and without trees 

(woodland and grassland, respectively), newly planted saplings in grassland, and adjacent annual 

cropland in central Alberta, Canada. Between 2018 and 2020 (~April–October), nitrous oxide 

emissions were 89% lower under perennial vegetation relative to the cropland (0.02 and 0.18 g N 

m−2 y−1, respectively). In 2020, heterotrophic respiration in the woodland was 53% lower in 

shelterbelts relative to hedgerows (279 and 600 g C m−2 y−1, respectively). Within the woodland, 

deadwood C stock was particularly important in hedgerows (35 Mg C ha−1 or 7% of ecosystem C) 

relative to shelterbelts (2 Mg C ha−1 or < 1% of ecosystem C), and likely affected C cycling 

differences between the woodland types by enhancing soil labile C and microbial biomass in 

hedgerows. Deadwood C stock was positively correlated with annual heterotrophic respiration and 

total (to ~100 cm depth) soil organic C, water-soluble organic C, and microbial biomass C. Total 

ecosystem C was 1.90–2.55 times greater within the woodland than all other land uses, with 176, 

234, 237, and 449 Mg C ha−1 found in the cropland, grassland, planted saplings treatment, and 

woodland, respectively. Shelterbelt and hedgerow woodlands contained 2.09 and 3.03 times more 

C, respectively, than adjacent cropland. My findings emphasize the importance of AFS for 

fostering C sequestration and reducing greenhouse gas emissions and, in particular, retaining 

hedgerows (legacy woodland) and their associated deadwood across temperate agroecosystems to 

help mitigate climate change. 
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Graphical abstract: 
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Highlights: 

 

• Ecosystem carbon (C) was 2+ times greater in the woodland relative to other land uses. 

• N2O emissions were 89% lower under perennial vegetation relative to annual cropland. 

• Deadwood was an important C stock in the hedgerow woodland (7% of ecosystem C). 

• Deadwood C stock was positively related to soil C stocks and heterotrophic respiration. 

• Agroforestry, especially hedgerows and associated deadwood, fosters C sequestration. 
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2.2. Introduction 

Agricultural soils can act as an important source of greenhouse gas (GHG) emissions to 

the atmosphere and contribute to global climate change (Ciais et al., 2013). Between 2007 and 

2016, agriculture contributed 12% of the total global anthropogenic GHG emissions (IPCC, 2019). 

As a means of mitigation, efforts to increase carbon (C) sequestration, especially in agricultural 

soils, have received increasing attention (Minasny et al., 2017; Zomer et al., 2017). Widely 

recognized strategies to increase soil organic C (SOC) across agroecosystems include the use of 

cover crops, improved crop rotations, reduced tillage, and organic amendments (Lal, 2004; 

Paustian et al., 2016). Land-use management is another effective means to increase C sequestration 

both above- and belowground in agroecosystems. Compared with conventional agroecosystems, 

land-use systems that deliberately incorporate woody perennials into agricultural fields, called 

agroforestry systems (AFS), facilitate C sequestration and reduce GHG emissions (Lal, 2004; 

Paustian et al., 2016; Shi et al., 2018).  

Common linear agroforestry types in the temperate climate zone include hedgerows and 

shelterbelts. Both types of AFS are usually at agricultural road/field margins, with hedgerows 

consisting of naturally-occurring legacy perennial vegetation buffers that include a dense woody 

component, while shelterbelts, also referred to as windbreaks, consist of planted woody perennial 

vegetation on previously cleared land that was usually under cultivation at one time (Mayrinck et 

al., 2019; Drexler et al., 2021). Functionally, hedgerows differ from shelterbelts primarily due to 

having greater tree density, a broader age distribution of trees, and the inclusion of shrubs (Drexler 

et al., 2021). Shrubs are less commonly planted among the row(s) of trees in shelterbelts but tend 

to proliferate within hedgerows, allowing hedgerows to play a more valuable ecological role 

compared with shelterbelts (Drexler et al., 2021). Although hedgerows and shelterbelts have been 

found to store similar amounts of C in living biomass and soil (Ma et al., 2022), carbon dioxide 

(CO2) fluxes can vary between the two AFS (Baah-Acheamfour et al., 2016, 2020), suggesting 

underlying differences in C cycling. The perennial vegetation component of AFS captures and 

stores more CO2 in biomass (namely woody biomass) and increases C inputs to the soil relative to 

adjacent cropland, especially as litter and through the extensive and deep rooting systems of woody 

species (Jandl et al., 2014; Cardinael et al., 2018). Greater protection of SOC, such as through the 

formation of aggregates due to less soil disturbance, also helps increase C stocks in soils under 

forested cover (Lorenz & Lal, 2014; Le Bissonnais et al., 2018). Moreover, AFS contribute to 
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enhanced biodiversity and other vital ecosystem services relative to conventional agroecosystems 

(Kreitzman et al., 2022). 

Although less than 10% of global agricultural land contains a substantial woody vegetation 

component, trees incorporated into croplands and pastures have been estimated to store 6.93 Pg C 

(Chapman et al., 2020). The global area of agroforestry tree cover is estimated to be at least 960 

M ha, with associated soils containing at least 3.6 Pg more C than adjacent cropland and pasture 

(Shi et al., 2018). Trees in AFS globally are estimated to sequester between 3 and 6 Mg C ha−1 y−1 

up to a tree age of 50 years (Ma et al., 2020), while temperate AFS are estimated to have SOC 

sequestration rates of about 0.18 Mg C ha−1 y−1 in the upper 40 cm of soil, not including the litter 

layer (Mayer et al., 2022). Moreover, well-aerated soils under forested cover act as sinks for 

methane (CH4) and release less nitrous oxide (N2O) than intensively managed cropland soils 

(Baah-Acheamfour et al., 2016; Paustian et al., 2016). Therefore, converting more conventional 

agroecosystems to AFS creates substantial mitigation opportunities through C sequestration both 

above- and belowground, as well as by reducing the emissions of potent GHGs such as N2O and 

CH4.  

Globally, the adoption of agroforestry could store ~1–9 Pg more C, which is up to 8% of 

the total mitigation needed by 2030 to limit global warming to 2 °C (Meinshausen et al., 2009; 

Chapman et al., 2020). In Canada, over 65 M ha are dedicated to agricultural use and over 30% of 

this agricultural land is in Alberta (Statistics Canada Census of Agriculture, 2008). In this province 

alone, there is substantial opportunity for converting more intensively farmed agroecosystems to 

AFS, specifically by planting trees at road/field margins (An et al., 2022), thereby helping to 

mitigate climate change. For example, the woodlands of AFS in central Alberta were shown to 

store 2.26 times (or 178.5 Mg ha−1) more C than adjacent cropland and pasture (Ma et al., 2022), 

emphasizing the importance of AFS in this region for C sequestration. However, current AFS may 

benefit from active management, enhancement, or expansion, such as the planting of trees in 

perennial vegetated areas that lack a consistent woody component (for example, gaps in trees along 

road/field margins) (Shrestha et al., 2018) and tree planting that facilitates niche complementarity 

(Ma et al., 2022). The total amount of C that can be sequestered and stored by AFS remains 

dependent on a variety of factors, including the specific agroforestry system type, time since forest 

stand establishment, and tree species richness (Kim et al., 2016; Feliciano et al., 2018; Ma et al., 

2020). 
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Identifying management practices that increase C storage and reduce GHG emissions in 

agroecosystems will help to improve our ability to mitigate climate change. Despite a general 

consensus that agroforestry establishment enhances C sequestration, some gaps in our knowledge 

remain (Nair, 2012). A past bias toward sampling only the surface soil results in limitations in our 

understanding of deep SOC cycling, which is especially important in AFS due to the incorporation 

of trees and shrubs with deep rooting habits and the unique complexity of multiple land covers 

(Nair, 2012; Jandl et al., 2014; Cardinael et al., 2018). Failing to properly account for changes in 

bulk density with land-use change is another confounding issue in many past studies that can have 

a greater impact on SOC stock estimates relative to actual changes in SOC concentrations (Ellert 

& Bettany, 1995; Wendt & Hauser, 2013). The recommended approach to calculate SOC stocks 

to overcome biases associated with changes in bulk density is to compare equivalent soil masses 

rather than fixed soil depths (von Haden et al., 2020). Moreover, C contained in belowground 

biomass, understory vegetation, deadwood, and litter is often overlooked, and these potentially 

important C sinks are not included in many ecosystem C stock estimates for AFS (Ma et al., 2020; 

Drexler et al., 2021). As far as I am aware, I am the first to assess the contribution of deadwood to 

ecosystem C stock and its relationship to soil C stocks and GHG emissions within the woodland 

component of AFS. Forest deadwood is not only an important C sink globally (Pan et al., 2011), 

but can also influence SOC and CO2 emissions (Stutz et al., 2017; Bradford et al., 2021; Seibold 

et al., 2021), as well as play an essential role in promoting biodiversity and other ecosystem 

services (Blaser et al., 2013; Vrška et al., 2015; Sandström et al., 2019). 

In this 3-y field study, I compare hedgerow and shelterbelt AFS and their component land-

use types: perennial vegetated areas with and without trees (woodland and grassland, respectively), 

newly planted saplings in grassland, and adjacent annual cropland. I assessed the effects of AFS 

and their component land uses on above- and belowground live biomass C stocks (including trees 

and herbaceous vegetation), soil GHG emission rates (including the partitioning of autotrophic and 

heterotrophic respiration), surface (including litter) and subsurface SOC stocks (including labile C 

and microbial biomass, and using an equivalent soil mass-based approach), and total ecosystem C 

stocks (including standing and downed deadwood). My objective was to elucidate the 

interdependence of land use, C cycling, and GHG emissions across the two common linear AFS 

in the temperate climate zone to aid in the development of climate mitigation policies toward 

increasing C sequestration and reducing GHG emissions from agroecosystems.  
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2.3. Materials and methods 

2.3.1. Study area and experimental design 

I conducted a 3-y (2018–2020) field study at ten producer-operated, annually cropped 

agroforestry sites in central Alberta, Canada (Fig. A.S1). Five hedgerow and five shelterbelt 

systems were examined. Agroforestry system type was determined based on site assessment (i.e., 

there were clear distinctions between the two AFS with respect to tree density and uniformity) and 

corroborating information provided by the landowners (e.g., whether the perennial vegetation 

areas at road/field margins had ever been cleared and cultivated with subsequent planting of trees). 

The historical monocultural annual crop rotation at all ten study sites was primarily wheat 

(Triticum aestivum L.), barley (Hordeum vulgare L.), and canola (Brassica rapa L.), although pea 

(Pisum sativum L.) and soybean (Glycine max L.) were each planted on one site in 2018. More 

detailed site information is provided in Gross et al. (2022). Briefly, cropland was tilled, seeded, 

fertilized, and harvested by the landowners according to their common practices during the study. 

In general, soils were typically tilled to ~10 cm depth prior to seeding and fertilizer was applied at 

the same time as seeding. Standard fertilization rates were 112-28-17-17 kg ha−1 N-P-K-S for 

canola, 78-22-11 kg ha−1 N-P-K for wheat, and 56-28-11 kg ha−1 N-P-K for barley. In perennial 

vegetated areas, common grasses were Bromus inermis (Leyss.), Dactylis glomerata (L.), and 

Elymus sp., and common forbs were Taraxacum officinale (G. H. Weber ex Wiggers) and Cirsium 

arvense (L.). Shrubs, which were sparse, were most common in the hedgerow woodland, wherein 

Rosa woodsii (Lindl.) and Rubus idaeus (L.) were prevalent. Tree species were deciduous with 

aspen (Populus tremuloides Michx.) in hedgerows, willow (Salix pentandra L.) in shelterbelts, 

and balsam poplar (Populus balsamifera L.) in both AFS.  

The regional climate at the study sites was humid continental (Köppen climate 

classification Dfb) and characterized by large seasonal temperature differences, with warm, 

sometimes humid summers and cold winters. Historical (from 1988 to 2017) mean annual total 

precipitation and mean annual temperature in Edmonton, Alberta (township T052R24W4) during 

the May through August growing season (full year in parentheses) were 275 (432) mm and 14.9 

(3.7) °C, respectively (Alberta Climate Information Service, 2021). During the experiment, mean 

annual total precipitation and mean annual temperature were 197 (387) mm and 16.6 (3.7) °C in 

2018, 282 (410) mm and 14.5 (3.3) °C in 2019, and 402 (504) mm and 15.4 (3.8) °C in 2020, 
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respectively (Alberta Climate Information Service, 2021). Study sites ranged from 617 to 797 m 

above sea level in elevation. Soils at all ten study sites and under each land-use type generally 

exhibited high levels of surface SOC accumulation (Chernozems in the Canadian soil classification 

system or Ustic Haplocryolls in the United States soil taxonomy system). All soils were classified 

by digging an 80-cm+ deep pit next to the plots in 2017 within each land use (Table A.S1). 

The study used a split-plot design, comparing hedgerow and shelterbelt AFS (whole plots) 

and their component land-use types (subplots): perennial vegetated areas with and without trees 

(hereafter referred to as “woodland” and “grassland,” respectively), newly planted saplings in 

grassland (hereafter referred to as the “saplings” treatment), and adjacent annually cropped land 

(hereafter referred to as “cropland”). Cropland subplots (5 × 5 m in size) were set up 30 m from 

trees or road/field margins. Perennial vegetation subplots (3 × 10 m in size) were set up within 

representative areas with and without trees nearby the cropland subplots. Okanese poplar (Populus 

× ‘Okanese’) saplings were planted in one of two randomly chosen grassland subplots over a 1-

wk duration in early June 2018 at a density of 3333 trees ha−1 (10 saplings per subplot). Saplings 

were two years old and ~1-m tall at the time of planting and were chosen randomly from a batch 

with consistency in size and vigor. To help saplings establish, each sapling was planted in the 

center of a 1-m2 area within which all pre-existing herbaceous vegetation was initially removed by 

hand, the surface 10 cm of soil was tilled using a shovel, and mulching fabric was applied. Saplings 

were watered twice monthly for three months following planting to limit mortality. In early June 

2019, dead saplings (~10%) were replaced with saplings from the same batch as those planted the 

previous year, which had been maintained in an outdoor garden. 

 

2.3.2. Data collection and analysis 

2.3.2.1. Soil sampling and measurement of soil properties 

Soil samples were collected from each subplot at four depth intervals (0–10, 10–30, 30–

50, and 50–100 cm) in early May in both 2018 (from the grassland and saplings treatment subplots 

prior to planting the saplings; Table A.S2) and 2020. In late August 2020, soil samples were 

collected again from each subplot at only two depth intervals (0–10 and 10–30 cm), as the dryness 

of the soil prevented me from sampling deeper without causing severe disturbance to the subplots. 

Soil was collected by augering (3.81-cm diameter) three holes per subplot. Soil was composited 

by depth, returned to the lab, weighed, and stored at 4 °C until subsequent processing and analysis. 
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Bulk soil was sieved to 8 mm (Horwath & Paul, 1994; Datta et al., 2014), and plant fragments and 

rocks (which comprised 0.4% on average by weight of the soil samples) with a diameter > 2 mm 

were removed from the soil. Apparent bulk density for each depth layer was calculated using the 

oven-dry mass of soil < 2 mm (von Haden et al., 2020). Basic soil properties are provided in Table 

A.S1 and more detailed soil property measurement information is provided in Gross et al. (2022). 

Soil pH was measured with a digital pH meter (Thermo Scientific 710A, Beverly, MA) 

using a 1:2 ratio (w:v) in ultrapure (MilliporeSigma Milli-Q) water. Soil C and N concentrations 

were determined by dry combustion on an elemental analyzer (Vario MICRO Cube Elemental 

Analyzer, Elementar, Hesse, Germany). Prior to analysis, samples with a pH > 6.00 (Walthert et 

al., 2010) were acid fumigated for 72 h to remove any carbonates (Ramnarine et al., 2011) so that 

the measured soil C represented organic C. A conversion factor was used to account for the 

increased weight of acidified soils and not dilute organic C measurements (Ramnarine et al., 2011). 

Across all soils and depths, inorganic C comprised 5% of total C, most of which (92%) was in the 

deepest soil layer (50–100 cm) sampled.  

The chloroform fumigation-extraction procedure was used to measure soil microbial 

biomass (Vance et al., 1987; Beck et al., 1997). Briefly, duplicate subsamples of 8 g (oven-dry 

weight basis) of field-moist soil sieved to < 8 mm were fumigated in a vacuum chamber with 

ethanol-free chloroform for 48 h in darkness (Jenkinson et al., 2004). Water-soluble organic matter 

was extracted from both fumigated and non-fumigated samples (Haney et al., 2001; Jenkinson et 

al., 2004). The supernatant was collected and filtered through a 0.4-µm Whatman Nuclepore 

polycarbonate filter (Zsolnay, 2003; Chantigny et al., 2007) and then stored at 4 °C prior to 

analysis with a total organic C (TOC) analyzer (TOC-V and TN unit, Shimadzu Corporation, 

Kyoto, Japan) using 680 °C combustion catalytic oxidation and the non-purgeable organic C (to 

remove inorganic C) and total N methods. Microbial biomass C (MBC) and N (MBN) were 

calculated using an extraction efficiency of 0.45 (Jenkinson et al., 2004). The organic C and total 

N in the non-fumigated samples were defined as water-soluble organic C (WSOC) and total water-

soluble N (WSN). 

Soil organic C and total N, microbial biomass C and N, and WSOC and WSN masses were 

calculated using an equivalent soil mass-based approach (Wendt & Hauser, 2013) and a published 

R script (von Haden et al., 2020), which uses cubic spline functions to model the relationship 

between cumulative areal mineral soil mass and cumulative C or N mass. Reference soil masses 
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were calculated using the hedgerow woodland, which generally had the lowest bulk density within 

each soil depth layer and was also considered closest to a natural state (Lee et al., 2009). 

Comparing changes in SOC and N, as well as certain other soil properties, over time using 

reference soil masses helps overcome biases associated with changes in bulk density due to 

changes in land use (von Haden et al., 2020). 

Soil moisture and temperature values (at a depth of 10 cm) were recorded hourly from 

~April through October using a soil monitoring station logger, moisture probe, and temperature 

sensor (Onset Computer Corporation, Bourne, MA) installed near the center of each subplot. All 

soil moisture values recorded when the soil temperature was < 0.25 °C (n < 1%) were considered 

inaccurate (based on the specifications of the instruments) and deleted from the dataset used for 

statistical analysis. 

Soil litter (plant material at various stages of decomposition that overlies the mineral soil; 

LFH or O horizons in the Canadian or United States soil taxonomy systems, respectively) was 

collected from three randomly placed quadrats (22 × 31 cm) in each perennial vegetation subplot 

in late August 2020. Tilling practices prevented accumulation of a litter layer in the cropland. The 

thickness of the litter layer in perennial vegetation subplots was measured in the field, and samples 

from the three quadrats were composited for each subplot and returned to the lab. Samples were 

promptly weighed, thoroughly mixed, and subsamples oven-dried for 72 h at 60 °C and weighed 

again. Litter layer biomass (Mg ha−1) was calculated using the quadrat area, weight of the 

composite sample, and a conversion factor based on the subsample moisture content. To obtain 

litter C and N concentrations, oven-dried subsamples were ground in a blender and a subsample 

further ground to a fine powder (< 0.1 mm) using a ball mill was analyzed on the elemental 

analyzer. 

 

2.3.2.2. Gas sampling and measurement of greenhouse gas emission rates 

Gas samples were collected every other week between 2018 and 2020 from about April 

through October from two dark static gas chambers (headspace mean height and volume of 12.2 

cm and 0.012 m3, respectively) equipped with fans (Christiansen et al., 2011) installed in each 

subplot. In the cropland, chambers were installed between crop rows. More detailed gas sampling 

and measurement information is provided in Gross et al. (2022). Briefly, gas samples were 

collected from each chamber at 10-min intervals over 30 min (including time zero) usually between 
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1100 and 1400 h local time (Venterea et al., 2005), stored with a positive pressure in pre-evacuated 

soda glass Labco Exetainers, and gas concentrations were later measured using a gas 

chromatograph (Varian CP-3800, Mississauga, Ontario, Canada). Chamber gas concentrations 

measured by gas chromatograph analysis were converted to mass per volume units using ideal gas 

relations at standard temperature and pressure corrected for the air temperature during sampling.  

Gas flux (g m−2 h−1) and cumulative flux (g m−2 y−1) values were calculated from the 

chamber volume (m3), soil surface area (m2), and the change in chamber gas concentration (g m−3) 

over time (h) using the gasfluxes R software package (Hüppi et al., 2018) and the KAPPA.MAX 

flux calculation scheme to balance bias and uncertainty related to measurement precision and 

chamber setup (Hüppi et al., 2018). To convert CH4 and N2O to CO2-equivalents, global warming 

potentials of 27.2 and 273, respectively, were used, which are based on a 100-y frame and include 

C cycle responses (Forster et al., 2021). Total GHG flux was calculated as the sum of CO2, CH4, 

and N2O, with the latter two GHGs assessed as CO2-equivalents. 

 

2.3.2.3. Partitioning soil respiration into autotrophic and heterotrophic 

 To partition soil autotrophic (Ra) and heterotrophic (Rh) respiration within the grassland 

and woodland subplots in 2020, two plastic soil collars (21-cm diameter) were inserted into the 

soil of each subplot in June 2019, one to ~30 cm and the other to ~5 cm depth. The deeply inserted 

collars were used to exclude roots, relying on root severance around the perimeters of the collars 

to reduce Ra within the collars to negligible levels within several months (Kelting et al., 1998; 

Baah-Acheamfour et al., 2016, 2020). Emergent vegetation within the deeply inserted collars was 

minimal and was carefully removed prior to gas measurements in 2020, while leaving the litter 

and mineral soil undisturbed (Arevalo et al., 2011). I did not remove live vegetation from the 

shallowly inserted collars and static chambers within grassland and woodland subplots, with these 

gas measurements reflecting total soil respiration (Baah-Acheamfour et al., 2020). Gas 

measurements from deeply and shallowly inserted collars were made using an infrared gas 

analyzer equipped with a 20-cm inside diameter soil respiration chamber (LI-8100A, LI-COR 

Biosciences, Lincoln, Nebraska, USA). Within each subplot, gas measurements from collars were 

made from May through October 2020 during the same time period as gas sample collection from 

static chambers.  
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Autotrophic respiration for the grassland and woodland was calculated as the difference 

between total soil respiration from the shallowly inserted collars and Rh from the deeply inserted 

collars. The Ra percentage of total soil respiration for each sampling date and subplot was then 

used to estimate Rh from the static chamber system. Total GHG flux was calculated as noted 

previously, except heterotrophic CO2 rather than total CO2 emissions were used. For the saplings 

treatment, only the static chamber system resulting in total soil respiration measurements was used 

to not damage the root systems by installing deep chambers. 

 

2.3.2.4. Measurement of trees, herbaceous vegetation, and deadwood 

All trees within the woodland subplots were identified to the species level and measured 

for diameter at breast height (DBH) and maximum height (of the tallest stem of a multi-stem tree) 

in 2020. For multi-stem trees (i.e., Salix pentandra), DBH was calculated according to Amichev 

et al. (2016). Wood cores were collected using an increment borer from three dominant trees (and 

the dominant stem of a multi-stem tree) within the woodland subplots to determine stand age by 

manually counting the rings. Above- and belowground biomass (Mg ha−1) for the tree species 

Populus tremuloides and Populus balsamifera were estimated using allometric equations for 

Alberta (Xing et al., 2019; Ma et al., 2022). For Salix pentandra, aboveground biomass was 

estimated using an allometric equation from Saskatchewan for the shelterbelt tree species 

Manitoba maple (Acer negundo L.) (Kort & Turnock, 1998; Amichev et al., 2016) and 

belowground biomass was estimated using an allometric equation for all Canadian hardwood 

species (Li et al., 2003). Specific plant organ C concentrations for deciduous trees were used to 

convert biomass to C stocks (Ma et al., 2018). 

Aboveground live herbaceous vegetation biomass (consisting of wheat, barley, and canola 

in the cropland subplots, and grasses and forbs in perennial subplots, all generally under 1 m in 

height) was destructively sampled ~1–2 weeks prior to swathing/harvest in 2020. Three 50 × 50 

cm quadrats were randomly located in each subplot, and all aboveground live herbaceous 

vegetation was collected and weighed in the field. Subsequently, a randomly selected composite 

subsample of the herbaceous vegetation for each subplot was returned to the lab, immediately 

weighed, oven-dried for 72 h at 60 °C, and weighed again. Aboveground live herbaceous 

vegetation biomass (Mg ha−1) and C stocks were calculated using the quadrat area, the average 

weight of the three field samples, a conversion factor based on the moisture content of the 
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composite subsamples, and the C concentrations obtained as described previously for the litter 

layer. Belowground live herbaceous vegetation biomass (Mg ha−1) and C stocks were estimated 

using root:shoot ratios (RSR) for soil from 0–100 cm in depth (Thiagarajan et al., 2018) and 

herbaceous plant root C concentrations (Ma et al., 2018). In my subplots, shrub coverage was 

minimal (0–2 shrubs per woodland subplot) and therefore I did not sample or include shrub 

biomass in my estimates. Species richness in perennial subplots was surveyed within two 50 × 50 

cm quadrats placed randomly within each third of the subplot (total of six quadrats per subplot) in 

2020 and included the over-, mid-, and understory. Additionally, plant percent cover of each 

species was estimated to the nearest 1% (Fig. A.S2).  

Downed deadwood was surveyed within two 1 × 1 m quadrats placed randomly within 

each third of the woodland subplots (total of six quadrats per subplot) in 2020. Within the quadrats, 

deadwood with a diameter ≥ 3.0 cm was measured for both diameter and length (Teissier Du Cros 

& Lopez, 2009). Deadwood with a diameter < 3.0 cm was counted within two size classes 

(diameter 1–2 and 2–3 cm) and length was averaged (n = 2–13) for each size class. Decay class 

was determined for coarse (diameter ≥ 7.0 cm) deadwood, while fine deadwood (1 ≤ diameter < 

7.0 cm) was designated as either decayed or non-decayed (Harmon et al., 2008; Teissier Du Cros 

& Lopez, 2009). Downed deadwood mass (Mg ha−1) and C stocks were calculated by multiplying 

the absolute density (specific for tree species, decay, and size variables) by the volume (using 

Huber’s formula) of each deadwood piece or size class within each quadrat and using decay and 

size-class specific mass to C conversion factors (Harmon et al., 2008; Teissier Du Cros & Lopez, 

2009). All standing dead trees (snags) within the woodland subplots were measured for DBH and 

height and classified as having primary/secondary or no branches. Snag deadwood mass (Mg ha−1) 

and C stocks were estimated as described previously for living trees, except foliage was not 

included in the estimate and branches were included only if applicable (UNFCCC, 2015). All 

stumps were also measured and their mass and C stocks estimated according to the methods 

detailed above for downed deadwood (Harmon et al., 2008; Teissier Du Cros & Lopez, 2009). 

 

2.3.3. Statistical analysis 

Linear mixed-effect models were used to determine whether AFS and land-use type 

affected live biomass C stocks, soil GHG emission rates, SOC stocks, and total ecosystem C 

stocks. A split-plot design model was used for each response variable. The fixed effects were AFS 
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(whole plot) and land-use type (subplot), while the random effect was site. Repeated measurements 

were averaged for emissions of GHGs collected within plots (n = 2) and months (n = 2 or 3) and 

cumulated for annual emissions of GHGs. Autotrophic respiration percentage of total soil 

respiration data were assessed using the Jenks Natural Breaks Optimization to remove outliers (6% 

of the data consisting of four negative and ten positive values). Outliers from cumulative CH4 and 

N2O emissions data for 2019 and 2020 were identified using Cook’s Distance and removed (1–3 

data values). Where necessary for the biomass, GHG, and soil variables, data transformations using 

the lambda value for the maximum log likelihood for obtaining minimum error sum of squares 

were conducted to conform data to the assumptions of homogeneous variance and normality of 

distribution. Non-transformed data were used in the models to calculate least-squares means and 

standard errors. When significant effects were detected at p < 0.05 after using type-III analysis-of-

variance (ANOVA), pairwise post-hoc comparisons using the Tukey method for p-value 

adjustment were conducted to compare individual land-use type means. The effect of AFS on tree 

and deadwood variables was assessed using linear regression and ANOVA. Associations among 

continuous variables of interest for the woodland were determined using Pearson’s parametric 

correlation and principal components analysis (PCA), the former of which I corrected for the false 

discovery rate across multiple comparisons using the Benjamini and Hochberg (1995) technique 

with α = 0.1. Specifically, I assessed the relationships among woodland characteristics, soil 

properties, and various C stocks. All data were analyzed using RStudio Version 1.4.1106 (RStudio 

Team, 2021). 

 

2.4. Results 

2.4.1. Soil properties 

Compared with the grassland, the saplings treatment had no effect on any measured soil 

properties. The cropland had higher soil temperatures than all other land-use types across the three 

years studied (p < 0.001, Fig. A.S5a). In 2018, the cropland had greater soil water content (cm3 

cm−3) relative to the woodland (p = 0.043), with a similar but non-significant (p > 0.05) trend in 

2019 and 2020 (Fig. A.S5c). The cropland also had the greatest bulk density (g cm−3) in all soil 

depth layers, although these differences were only significant in the 0–10, 10–30, and 50–100 cm 

mineral soil depth layers (p ≤ 0.001, Fig. A.S3). The cropland had the lowest pH in soil depth layer 

0–10 cm and the highest pH in soil depth layer 50–100 cm (p ≤ 0.007, Fig. A.S4). 
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Soil organic C and total N (Mg ha−1) in the litter layer (plant material at various stages of 

decomposition that overlies the mineral soil, which was absent in the cropland) were almost three 

times greater in the woodland than the other land-use types (p = 0.004, Table 2.1 & Fig. 2.1). The 

cropland had the lowest SOC and N in all equivalent soil mass (ESM) depth layers, although these 

differences were only significant in the surface and deep subsoil (ESM depth 0–10 and 50–100 

cm, respectively). The woodland contained 1.82 times more SOC than the cropland in the surface 

soil (p = 0.045, Fig. 2.1a) and 1.48 times more N than the cropland in the deep subsoil (p = 0.017, 

Fig. 2.1b). The woodland contained 1.59 and 1.49 times more total SOC and N (to ESM depth 100 

cm), respectively, than the cropland, although these differences were not significant (p = 0.07).  

The woodland and cropland tended to have the highest and lowest WSOC (kg ha−1), 

respectively, with this pattern reversed for WSN (Fig. 2.2). Total WSN (ESM depth 0–100 cm) 

was 2.37 times greater in the cropland relative to the woodland (p = 0.012, Fig. 2.2b). In contrast, 

the hedgerow woodland had 2.2 times more total MBC (ESM depth 0–100 cm) than the cropland 

(p = 0.011), and total MBN (ESM depth 0–100 cm) was 1.81–2.15 times greater under perennial 

vegetation relative to the cropland (p < 0.001, Fig. 2.3).  

 

2.4.2. Greenhouse gas emission rates 

 Trends of annual emissions of GHGs from the soil (~April–October) across land-use types 

and AFS were generally similar for each year of study (Figs. 4 & S6). Compared with the 

grassland, the saplings treatment had no effect on emissions of GHGs from the soil (Fig. 2.4). 

Between 2018 and 2020, CO2 emissions (total respiration) were 47–57% lower in the cropland and 

shelterbelt woodland relative to the hedgerow woodland (p = 0.012, Fig. 2.4a). Methane uptake 

was 3.34–5.1 times greater under hedgerow perennial vegetation and shelterbelt grassland relative 

to the cropland (p = 0.019, Fig. 2.4b), while N2O emissions were 88–91% lower under perennial 

vegetation relative to the cropland across both AFS (p < 0.001, Fig. 2.4c). Cropland N2O emissions 

were greatest shortly after fertilizer application during spring seeding, as evidenced by observed 

emissions in June (Fig. A.S6). Similar to CO2 emissions, the cropland and shelterbelt woodland 

had 46–53% lower total GHG emissions (sum of CO2, CH4, and N2O, with the latter two GHGs 

assessed as CO2-equivalents) relative to the hedgerow woodland (p = 0.014, Fig. 2.4d). Total GHG 

emissions were largely driven by CO2, with a minor role of N2O emissions in the cropland and a 

negligible role of CH4 flux. 
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 Autotrophic respiration (measured in 2020) averaged 26% of total respiration and was not 

affected by land-use type (where only the grassland and woodland were assessed) or AFS (Fig. 

A.S7). Annual Rh and total GHG emissions (calculated using heterotrophic CO2) were 53% lower 

in the shelterbelt woodland relative to the hedgerow woodland (p ≤ 0.015), while no significant 

differences (p > 0.05) were found between the grassland and woodland land-use types within or 

across the AFS (Fig. 2.5). 

 

2.4.3. Trees, deadwood, and ecosystem carbon storage 

 Among sampled woodlands, tree density was greater (p < 0.001) in the hedgerows, while 

DBH was greater (p < 0.001) in the shelterbelts (Table 2.2). Total and above- and belowground 

live tree biomass C (Mg ha−1), tree age, dominant tree height, and vegetation species richness did 

not differ (p > 0.05) between the two AFS (Tables 2.1 & 2.2). Total deadwood C (Mg ha−1) was 

17 times greater (p = 0.044) in the hedgerow woodland, with the shelterbelt woodland having no 

coarse downed deadwood and minimal fine downed and snag deadwood (Table 2.1). Within the 

hedgerow woodland, snag deadwood comprised most of the deadwood C stock (79%), followed 

by coarse (16%) and fine (4%) downed deadwood (Table 2.1). 

 Woodlands contained 1.90–2.55 times more total ecosystem C stock (Mg ha−1) than all 

other land uses (p < 0.001), with the shelterbelt and hedgerow woodlands containing 2.09 and 3.03 

times more C, respectively, than the adjacent cropland (Table 2.1 & Fig. 2.6). Soil was the largest 

contributor to total ecosystem C across land uses and AFS (59–99%), and comprised 37% of the 

difference in total ecosystem C stock between the woodland and cropland. In the hedgerow 

woodland, soil (to ESM depth 100 cm) comprised 62% of ecosystem C (with 61% in mineral soil 

and 2% in litter), while live biomass comprised 31% (with 31% in trees and < 1% in herbaceous 

vegetation) and deadwood comprised 7% (with 5% in snag deadwood and 1% in downed 

deadwood). In the saplings treatment, sapling biomass contributed negligibly to total ecosystem C 

(Table 2.1). 

 

2.4.4. Woodland characteristics and carbon stocks and flux 

 Variation in woodland tree age and density, vegetation species richness, annual Rh, total 

SOC (to ESM depth 100 cm), live biomass C, and deadwood C stocks among the two AFS was 

well explained by the first and second principal components axes, which explained 44% and 26% 
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of the variation among study sites, respectively (Fig. 2.7). The first axis was associated with total 

SOC and deadwood C stocks, as well as annual Rh, while the second axis was associated with tree 

density, tree age, and vegetation species richness (Fig. 2.7). Hedgerow and shelterbelt woodlands 

were clearly separated in the biplot, with minimal overlap of their 95% confidence ellipses (Fig. 

2.7). The hedgerow woodland also had far greater variation among study sites than the shelterbelt 

woodland (Fig. 2.7). 

 Among the two AFS, tree age in the woodland was positively correlated with aboveground 

live biomass C stock (Fig. 2.8). Snag deadwood C stock was positively correlated with total SOC 

stock (to ESM depth 100 cm), total WSOC and MBC stocks (ESM depth 0–100 cm), and annual 

Rh (Fig. 2.8). Coarse and fine downed deadwood C stocks were positively correlated with surface 

SOC stock (ESM depth 0–10 cm). Additionally, coarse downed deadwood C stock was positively 

correlated with total SOC and WSOC stocks, as well as with annual Rh (Fig. 2.8). Total SOC and 

WSOC stocks were positively correlated, while only the latter was positively correlated with 

annual Rh (Fig. 2.8).  

 

2.5. Discussion 

The substantial amount of additional C stored in woodland relative to cropland and 

grassland land uses emphasizes the importance of using agroforestry to help meet climate 

mitigation goals (Shi et al., 2018; Chapman et al., 2020). Nonetheless, the lack of measured effect 

of the planted saplings relative to the grassland after two years highlights the fact that adding trees 

to agroecosystems requires a relatively long time frame to increase C stocks (Ma et al., 2020) and 

could even lead to slight decreases in SOC over the short term (Arevalo et al., 2011), including 

when trees are added to grassland rather than cropland (Poeplau et al., 2011). Notably, I also found 

important differences in SOC stocks and C cycling between the two woodland types of the AFS. 

The rather substantial (albeit non-significant) difference between ecosystem C stocks for the 

hedgerow and shelterbelt woodlands may reflect a combination of SOC losses following the 

former cultivation of the now wooded shelterbelts (Poeplau et al., 2011) and, in the hedgerow 

woodland, both the long-term accumulation of deadwood C and its associated effects on C cycling 

(Pan et al., 2011; Stokland et al., 2012), as well as the increased protection and storage of SOC 

over time due to the lack of prior soil disturbance (Lorenz & Lal, 2014; Baah-Acheamfour et al., 

2015; Le Bissonnais et al., 2018). The hedgerow woodland also had increased Rh relative to the 



35 

 

shelterbelt woodland, likely reflecting different SOC equilibriums between the two AFS, wherein 

the hedgerow woodland had greater C inputs (such as from deadwood C) and thus greater C outputs 

(+321 g C m−2 y−1 or 10% of the difference in deadwood C stocks between the two AFS) relative 

to the shelterbelt woodland. 

My study is the first to show that deadwood is a potentially important, but previously 

ignored, component of AFS. Here I show that deadwood C was an important C stock in the 

hedgerow woodland (35 Mg C ha−1 or 7% of ecosystem C) and was positively related to SOC, 

WSOC, and MBC stocks, as well as annual Rh. Deadwood may enhance soil labile C (such as 

WSOC), microbial biomass, and, in turn, microbial necromass, potentially explaining its positive 

relationship with SOC stock and annual Rh (Kaiser & Kalbitz, 2012; Stutz et al., 2017; Liang et 

al., 2019). For example, dissolved organic C released from decomposing deadwood may become 

protected through mineral sorption and incorporation into soil aggregates, or it may support soil 

microbial activity (Stokland et al., 2012; Sandström et al., 2019). I found that the proportion of 

deadwood C to live biomass C (22%) and total ecosystem C (7%) within the hedgerow woodland 

was similar to that found in global forests (20% and 8%, respectively) (Pan et al., 2011). Deadwood 

is not only an important C sink, but also contributes to increased biodiversity in forests (Blaser et 

al., 2013; Vrška et al., 2015; Sandström et al., 2019), especially concerning fungal communities, 

which are key to forest C cycling (Lustenhouwer et al., 2020; Seibold et al., 2021; Wang et al., 

2021). For instance, the coarse roots of snag deadwood can support substantial microbial 

communities belowground (Jonsson & Stokland, 2012; Bradford et al., 2021) that also increase 

SOC stocks (Wang et al., 2021). The contribution of deadwood to total ecosystem C in the 

hedgerow woodland (particularly snag deadwood, which comprised ~80% of the total deadwood 

C stock) highlights its potential to affect woodland C cycling and supports the need to include 

deadwood assessments in future studies of AFS, as does its capacity to enhance biodiversity.  

Compared with the cropland, increased mineral surface SOC in the woodland can be 

attributed to greater above- and belowground C inputs, including through incorporation of C from 

deadwood and the overlying litter layer, while the tendency for increased deeper SOC may be 

primarily due to greater root- and microbial-derived C (Gross & Harrison, 2019; Sokol & 

Bradford, 2019; Sokol et al., 2019). Across all land uses, the subsoil contained nearly half of total 

SOC (to ~100 cm depth), emphasizing the need to sample deeper soil layers, particularly in AFS 

(Cardinael et al., 2018). Observed differences in soil bulk density across land uses also underscores 
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the need to use equivalent soil masses to calculate soil C and N stocks to overcome biases 

associated with changes in bulk density due to land use activity, such as compaction from 

agricultural equipment within croplands (von Haden et al., 2020). Soil contributed to over a third 

of the difference in total ecosystem C stocks between the cropland and woodland, likely due to the 

combined effect of rapid SOC losses following cultivation and the ongoing accrual of SOC under 

forest cover (Poeplau et al., 2011; Kim et al., 2016; Ma et al., 2020). However, the small sample 

size and large variation in SOC among study sites (particularly among hedgerows) prevented me 

from detecting a significant difference in total SOC stocks across land uses, despite the grassland 

and woodland containing 1.34 and 1.59 times more SOC than the cropland, respectively. This 

highlights the importance of using larger sample sizes for field studies examining land use impacts 

on SOC, particularly for more natural land uses such as hedgerow woodlands, which can vary 

substantially across a landscape.  

Soil was the largest contributor to total ecosystem C stock across land uses and AFS (59–

99%), confirming the importance of soils in terrestrial C storage, particularly in Canada (Sothe et 

al., 2022). Within the woodland, the litter layer (plant material at various stages of decomposition 

that overlies the mineral soil) contributed only ~2% to total ecosystem C, which is lower than 

reported in a recent study of AFS in western Canada (Ma et al., 2022), but is similar to a study of 

shelterbelt AFS in Saskatchewan, Canada (Dhillon & Van Rees, 2017). The amount of C stored in 

the litter layer is dependent on site-specific variables, such as microenvironmental conditions and 

tree species (Dhillon & Van Rees, 2017; Joly et al., 2017; Ma et al., 2022), as well as soil 

macrofauna (Ashton et al., 2005). For example, the Ma et al. (2022) study included AFS with 

evergreen tree species, which may have contributed to decreased litter decomposition rates (Gao 

et al., 2014; Joly et al., 2017), in turn increasing litter accumulation and associated C stock over 

time (Dhillon & Van Rees, 2017). Negligible C was stored in the live herbaceous biomass of the 

woodland (< 1% of total ecosystem C), which is not surprising given the tendency of herbaceous 

vegetation to produce new growth each year, while about one third of ecosystem C was stored in 

live tree biomass, similar to the findings of Ma et al. (2022). Despite significantly higher tree 

density in the hedgerow woodland relative to the shelterbelt woodland, live tree biomass C 

remained similar between the two AFS, probably because larger trees (with greater DBH, like in 

the shelterbelt woodland) tend to contain the majority of tree biomass C (Mildrexler et al., 2020). 

I may have underestimated live biomass C in the woodland by not sampling or including shrub 
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biomass in my estimates, particularly in the hedgerows. However, shrubs contributed to < 1% of 

woodland ecosystem C stock in the aforementioned study of AFS in western Canada (Ma et al., 

2022). 

Under perennial vegetation, CH4 uptake was generally elevated (especially within 

hedgerows) and N2O emissions were negligible relative to the cropland. Due to chamber distance 

from roots (and rhizosphere-stimulated microbial activity) in the cropland, I note that CO2 

emissions (both autotrophic and heterotrophic), CH4 uptake, and N2O emissions may have been 

underestimated (Kelting et al., 1998; Olfs et al., 2018). Nonetheless, installing chambers between 

crop rows for taller-growing crops is a common practice for gas flux measurements (Olfs et al., 

2018). In addition to significantly increased N2O emissions, the cropland had higher WSN and 

lower microbial biomass within the subsoil during spring relative to the soils under perennial 

vegetation, indicating a potential loss of excess N through leaching in the cropland, especially 

during the spring thaw (Nyborg et al., 1997). The deep-rooting perennial vegetation of AFS can 

limit cropland N leaching via the uptake of excess N (Wang et al., 2011; Lin et al., 2016), as well 

as by fostering soil aggregation and the protection of SOC and soil nutrients (Dierks et al., 2021). 

While the magnitude of impact is dependent on crop distance from perennial vegetation, the 

retention of additional N and prevention of its leaching within AFS contributes to sustainable 

agriculture. 

 Given both the C sequestration and GHG emission mitigation potential of AFS, I 

recommend the adoption of frameworks that promote the retention and establishment of AFS on 

agricultural lands across Canada. While AFS establishment increases agroecosystem C storage on 

decadal timescales, removal of woody vegetation from AFS results in rapid and substantial losses 

in agroecosystem C storage (Amichev et al., 2020; An et al., 2022). I therefore stress retention of 

AFS foremost, in accordance with the decision-making framework proposed by Cook-Patton et al. 

(2021). Furthermore, where possible, landowners should be encouraged not to remove deadwood 

from the woodlands of AFS. As cleared trees and deadwood are usually burned rather than 

salvaged from agricultural lands (Rudd et al., 2021), thereby releasing the C stored in tree biomass 

to the atmosphere, retaining deadwood within the woodlands of AFS is essential to avoid 

reductions in total ecosystem C stocks and help mitigate climate change. Moreover, deadwood 

enhances biodiversity (Blaser et al., 2013; Vrška et al., 2015; Sandström et al., 2019) and supports 

healthy soil and ecosystem functions (Stokland et al., 2012; Stutz et al., 2017). Future research 
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should further explore the relationships between deadwood and both SOC stocks and Rh in forests, 

including the woodlands of various AFS. For example, the effects of direct manipulations of 

deadwood within AFS, such as the creation of deadwood on-site from live trees (Sandström et al., 

2019), on SOC stocks and Rh would help inform management decisions. Moreover, the benefits 

of deadwood, such as enhanced biodiversity and soil health, as well as other potential deadwood 

ecosystem effects, should be quantified in more detail. 

 

2.6. Conclusions 

 I conclude that AFS are important for fostering C sequestration and reducing GHG 

emissions. In particular, retaining hedgerows (legacy woodland) and their associated deadwood 

across temperate agroecosystems is key to help mitigate climate change. I highlight important 

differences between two common agroforestry woodlands, namely the greater deadwood and soil 

C stocks, as well as increased Rh, within hedgerows. As such, deadwood C (which contributed 

substantially to hedgerow woodland ecosystem C stock) should be quantified in future assessments 

of forest C stocks, including among AFS. Further investigating the ecological importance of 

deadwood within AFS will enhance our understanding of these systems and the services they 

provide to society. With the urgent need to address climate change and governments globally 

committing resources to reduce GHG emissions and increase C sequestration, I recommend 

incentivizing the retention and establishment of AFS on agricultural lands as an important step to 

help meet climate change mitigation goals. 
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2.8. Tables 

Table 2.1. Carbon stocks (Mg ha−1) in various components among the different land uses of two 

agroforestry systems in central Alberta, Canada (n = 10). Least-squares means (one standard error) 

within each component accompanied by different lowercase letters are significantly different 

(Tukey-adjusted, α = 0.05) among the land-use types and agroforestry systems. Main components 

are in bold, followed by subcomponents; when subcomponents are further broken down, these sub-

subcomponents are in italics. 

Component Hedgerow Shelterbelt 

 Cropland Grassland Saplings* Woodland Cropland Grassland Saplings* Woodland 

Live 

biomass† 

3.84 

(15.85) b 

3.16 

(15.85) b 

4.73 

(15.85) b 

161.99 

(15.85) a 

4.53 

(15.85) b 

3.28 

(15.85) b 

2.45 

(15.85) b 

153.61 

(15.85) a 

Trees na‡ na 0.13 

(0.04) 

160.69 

(31.59) 

na na 0.13 

(0.04) 

152.47 

(31.59) 

Aboveground na na 0.01 

(0.01) 

125.79 

(26.03) 

na na 0.01 

(0.01) 

129.42 

(26.03) 

Belowground na na 0.12 

(0.03) 

34.90 

(6.49) 

na na 0.11 

(0.03) 

23.05 

(6.49) 

Herbaceous† 3.84 

(0.83) a 

3.16 

(0.83) a 

4.59 

(0.83) a 

1.30 

(0.83) b 

4.53 

(0.83) a 

3.28 

(0.83) a 

2.32 

(0.83) a 

1.14 

(0.83) b 

Aboveground† 3.12 

(0.61) a 

1.69 

(0.61) a 

2.47 

(0.61) a 

0.70 

(0.61) b 

3.78 

(0.61) a 

1.77 

(0.61) a 

1.24 

(0.61) a 

0.61 

(0.61) b 

Belowground† 0.73 

(0.27) b 

1.46 

(0.27) a 

2.13 

(0.27) a 

0.61 

(0.27) b 

0.75 

(0.27) b 

1.51 

(0.27) a 

1.08 

(0.27) a 

0.52 

(0.27) b 

Deadwood na na na 34.99 

(10.22) a 

na na na 2.06 

(10.22) b 

Snag na na na 27.77 

(8.99) 

na na na 1.65 

(8.99) 

Downed na na na 7.22 

(1.77) a 

na na na 0.41 

(1.77) b 

Coarse na na na 5.67 

(1.35) 

na na na na 

Fine na na na 1.55 

(0.52) 

na na na 0.41 

(0.52) 

Soil 168.30 

(57.01) 

276.71 

(57.01) 

256.17 

(57.01) 

324.95 

(57.01) 

175.96 

(57.01) 

184.99 

(57.01) 

210.36 

(57.01) 

221.29 

(57.01) 

Litter† na 2.68 

(2.74) b 

3.21 

(2.74) b 

9.16 

(2.74) a 

na 5.28 

(2.74) b 

4.62 

(2.74) b 

11.17 

(2.74) a 

Mineral 168.30 

(56.35) 

274.03 

(56.35) 

252.97 

(56.35) 

315.79 

(56.35) 

175.96 

(56.35) 

179.71 

(56.35) 

205.74 

(56.35) 

210.11 

(56.35) 

Total† 172.15 

(64.85) b 

279.86 

(64.85) b 

260.90 

(64.85) b 

521.93 

(64.85) a 

180.49 

(64.85) b 

188.27 

(64.85) b 

212.81 

(64.85) b 

376.96 

(64.85) a 

* Saplings were not included in tree biomass tests.  † Only land-use type was significant.  ‡ na indicates that the 

component was not present within the given land-use type. 
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Table 2.2. Characteristics of the woodlands within two agroforestry systems in central Alberta, 

Canada (n = 10). Least-squares means (one standard error) within each row accompanied by 

different lowercase letters are significantly different (Tukey-adjusted, α = 0.05) between 

agroforestry systems. DBH, diameter at breast height. 

 Hedgerow Shelterbelt 

Tree age (years)* 26.60 (2.77) 28.60 (2.77) 

Tree density (tree ha−1) 7533 (775) a 1200 (775) b 

DBH (cm) 9.57 (2.23) b 29.10 (2.23) a 

Tree height (m)* 11.33 (1.72) 10.40 (1.72) 

Species richness† 11.40 (2.44) 7.20 (2.44) 

Tree species Populus tremuloides, Populus balsamifera Salix pentandra, Populus balsamifera 

* Dominant tree age and height (n = 3).  † Includes over-, mid-, and understory. 
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2.9. Figures 

 

Figure 2.1. Soil (a) organic carbon and (b) total nitrogen stocks among the different land uses of 

two agroforestry systems in central Alberta, Canada (n = 10). Transparent columns are cumulative 

stocks based on equivalent soil mass (ESM). Error bars represent ± one standard error. Least-

squares means within each ESM depth layer or total cumulative mass accompanied by different 

lowercase and uppercase letters, respectively, are significantly different (Tukey-adjusted, α = 0.05) 

among the land-use types. The soil profile illustrates the relationship between soil mass and 

approximate sampling depth within the reference soil (hedgerow woodland). 
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Figure 2.2. Soil water-soluble (a) organic carbon (WSOC) and (b) total nitrogen (WSN) stocks 

among the different land uses of two agroforestry systems in central Alberta, Canada (n = 10). 

Transparent columns are cumulative stocks based on equivalent soil mass (ESM). Error bars 

represent ± one standard error. Least-squares means within each ESM depth layer or total 

cumulative mass accompanied by different lowercase and uppercase letters, respectively, are 

significantly different (Tukey-adjusted, α = 0.05) among the land-use types. The soil profile 

illustrates the relationship between soil mass and approximate sampling depth within the reference 

soil (hedgerow woodland). 
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Figure 2.3. Soil microbial biomass (a) carbon (MBC) and (b) nitrogen (MBN) stocks among the 

different land uses of two agroforestry systems in central Alberta, Canada (n = 10). Transparent 

columns are cumulative stocks based on equivalent soil mass (ESM). Error bars represent ± one 

standard error. Least-squares means within each ESM depth layer or total cumulative mass 

accompanied by different lowercase and uppercase letters, respectively, are significantly different 

(Tukey-adjusted, α = 0.05) among the land-use types. The soil profile illustrates the relationship 

between soil mass and approximate sampling depth within the reference soil (hedgerow 

woodland). 
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Figure 2.4. Soil (a) carbon dioxide (CO2), (b) methane (CH4), (c) nitrous oxide (N2O), and (d) 

total greenhouse gas (GHG; sum of CO2, CH4, and N2O) fluxes by year (~April–October) among 

the different land uses of two agroforestry systems in central Alberta, Canada (n = 10). Error bars 

represent ± one standard error. Least-squares means within each year accompanied by different 

lowercase letters are significantly different (Tukey-adjusted, α = 0.05) among the land-use types 

and agroforestry systems. Note that CO2 (and GHG) flux includes autotrophic respiration. 
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Figure 2.5. Soil heterotrophic carbon dioxide (CO2) flux (or heterotrophic respiration) by (a) year 

(2020) and (b) month, and total greenhouse gas (GHG; sum of heterotrophic CO2, CH4, and N2O) 

flux by (c) year (2020) and (d) month, among the grassland and woodland land uses of two 

agroforestry systems in central Alberta, Canada (n = 10). Error bars and ribbons represent ± one 

standard error. Least-squares means by year accompanied by different lowercase letters are 

significantly different (Tukey-adjusted, α = 0.05) among the land-use types and agroforestry 

systems. 
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Figure 2.6. Carbon stocks in various components among the different land uses of two 

agroforestry systems in central Alberta, Canada (n = 10) and (inset) the woodland within each 

agroforestry system. Error bars represent ± one standard error for total ecosystem carbon stocks. 

Least-squares means for total ecosystem carbon stocks accompanied by different lowercase letters 

are significantly different (Tukey-adjusted, α = 0.05) among the land-use types and agroforestry 

systems. 
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Figure 2.7. Principal components analysis showing associations between woodland characteristics 

and carbon stocks and flux among two agroforestry systems in central Alberta, Canada (n = 10).  
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Figure 2.8. Pearson correlations (with R2 values reported) between woodland characteristics, soil 

properties, and carbon (C) stocks and flux among two agroforestry systems in central Alberta, 

Canada (n = 10). Only statistically significant (α = 0.05) correlations are reported. Values in white 

were significant using the Benjamini and Hochberg (1995) technique (α = 0.1) to correct for the 

false discovery rate across multiple comparisons. Sp, species; AGB, aboveground live biomass; 

BGB, belowground live biomass; dwn, downed; DW, deadwood; SOC, soil organic C; WSOC, 

water-soluble organic C; MBC, microbial biomass C; Rh, heterotrophic respiration. 
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3.1. Abstract 

Applying organic amendments to soil can increase soil organic carbon (SOC) storage and reduce 

greenhouse gas (GHG) emissions generated by agriculture, helping to mitigate climate change. 

However, it is necessary to determine which type of amendment produces the most desirable 

results. I conducted a 3-y field study comparing one-time additions of manure compost and its 

biochar derivative to a control to assess their effects on SOC and GHG emissions at ten annually 

cropped sites in central Alberta, Canada. Manure compost and biochar were applied at equivalent 

carbon rates (7 Mg ha−1) and tilled into the surface 10 cm of soil. Two years post-treatment, biochar 

addition increased surface (0–10 cm) SOC by 12 and 10 Mg ha−1 relative to the control and manure 

addition, respectively. Therefore, the biochar led to the sequestration of SOC at a rate of 2.5 Mg 

ha−1 y−1 relative to the control. No treatment effect on deeper (10–100 cm) or cumulative SOC was 

found. In 2018 and 2019, manure addition increased cumulative GHG (sum of CO2, CH4, and 

N2O) emissions by 33%, on average, due to greater CO2 emissions relative to both the control and 

biochar addition. In contrast, in 2020, biochar addition reduced cumulative GHG emissions by an 

average of 21% due to lower CO2 emissions relative to both the control and manure addition. My 

study shows that the application of biochar, rather than its manure compost feedstock, increased 

surface SOC sequestration and had either no effect on (first two years) or reduced GHG emissions 

(year three) relative to the control. I recommend that policy and carbon sequestration initiatives 

focus on optimizing biochar production-application systems to fully realize the potential of biochar 

application as a viable climate change mitigation practice in agriculture.  
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Graphical abstract: 

 

 

 

 

Keywords: biochar, climate change mitigation, greenhouse gas emissions, manure compost, soil 

organic carbon sequestration, sustainable agriculture 

 

 

Highlights: 

 

• Biochar (BT) was produced from manure compost (MT) for cropland application. 

• BT, MT, and control (CT) treatments were compared during a 3-y field study. 

• MT increased annual greenhouse gas (GHG) emissions by 34% relative to BT. 

• Annual GHG emissions were 19% lower in BT than in CT in year three. 

• BT increased soil organic carbon sequestration by 2.5 Mg ha−1 y−1 relative to CT. 
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3.2. Introduction 

The ability of soils to sequester and store large amounts of carbon (C) has received 

increasing attention in our efforts to mitigate the human-mediated flux of greenhouse gases 

(GHGs) to the atmosphere. The cultivation of soils leads to the release of large amounts of C to 

the atmosphere (Guo & Gifford, 2002; Ciais et al., 2013). However, the growing human population 

and demand for food and other agricultural products have led to more forests and grasslands being 

converted to intensively farmed agroecosystems. Agricultural management practices affect GHG 

emissions from soils by altering the soil environment and, in turn, changing the size and 

composition of microbial communities and their activities, including the facilitation of nutrient 

cycling. Globally, agriculture contributed 14% of the total anthropogenic GHG emissions in 2010 

(IPCC, 2014). 

Incorporating soil amendments into agricultural soils could increase soil organic C (SOC) 

storage and decrease GHG emissions (Stavi & Lal, 2013; Gross & Glaser, 2021). In addition to 

mitigating climate change, increasing SOC storage can benefit the soil by increasing soil nutrient- 

and water-holding capacities, which could enhance crop yield and the ecological goods and 

services generated by agricultural land. The application of readily available organic amendments 

such as biowastes to agricultural soils is a common practice. Manure compost application has 

shown promise for increasing SOC stocks (Tautges et al., 2019; Gross & Glaser, 2021), 

specifically within the silt and clay fraction of soil macroaggregates (Yu et al., 2012) and 

particulate organic matter (Sleutel et al., 2006), among other benefits to the soil (Martínez-Blanco 

et al., 2013). In general, manure compost is more promising than raw manure as a soil amendment 

for increasing SOC sequestration and reducing GHG emissions from agroecosystems (Ryals et al., 

2015; Shrestha et al., 2018). However, there is mounting evidence that biochar (organic material 

pyrolyzed under low or no oxygen conditions) may be a superior tool for increasing SOC storage 

and mitigating agricultural GHG emissions from soil (Lehmann et al., 2006; Sohi et al., 2010; 

Shakoor et al., 2021).  

The three major GHGs contributing to agricultural emissions are carbon dioxide (CO2), 

methane (CH4) and nitrous oxide (N2O), of which CO2 is the most abundant GHG emitted from 

agricultural soils (Ciais et al., 2013). Microbial decomposition of SOC results in C being released 

to the atmosphere as CO2. Compared with biowaste amendments, amending soil with biochar has 

been shown to have a greater potential for increasing SOC stocks (Yousaf et al., 2017) and 



62 

 

reducing the emission of GHGs, including N2O (Cayuela et al., 2014; Shakoor et al., 2021) and 

CH4 (Jeffery et al., 2016). Biochar has been shown to accelerate microaggregate formation and 

SOC protection, as well as to increase mineral-associated root-derived C retention and the sorption 

of root exudates to biochar surfaces (Lehmann et al., 2011; Hernandez-Soriano et al., 2016a; Weng 

et al., 2017). Biochar can also help reduce microbial activity and metabolism (Hernandez-Soriano 

et al., 2016b; Yousaf et al., 2017) and decrease the activities of soil enzymes involved in the 

degradation of organic C compounds (Lehmann et al., 2011; Li et al., 2018; Pokharel et al., 2018). 

However, applying biochar at large scales is complicated by the additional costs to produce biochar 

and the lack of pyrolysis facilities used to mass produce biochar (Roberts et al., 2010; Galinato et 

al., 2011; Spokas et al., 2012). 

Field research comparing common biowaste materials and their biochars as agricultural 

amendments for the purposes of increasing SOC storage and reducing GHG emissions is needed 

to help quantify the differential benefits between the two types of amendments. This information 

will help inform management practices and policy decisions on reducing GHG emissions 

generated by agricultural, as well as increasing C sequestration in soils. Additionally, a past bias 

toward sampling only the surface soil has left knowledge gaps in our understanding of soil C 

dynamics (Harrison et al., 2011; Stockmann et al., 2013; Jandl et al., 2014) by ignoring evidence 

that subsurface SOC can be affected by changes in management practices (Gross & Harrison, 

2019; Tautges et al., 2019). Another confounding issue in some past studies is not properly 

accounting for management-related changes in bulk density over time, which can impact SOC 

stock estimates to a greater degree than actual changes in SOC concentrations (Ellert & Bettany, 

1995; Wendt & Hauser, 2013). Comparing equivalent soil masses (rather than fixed depths) is the 

recommended approach to calculate SOC stocks to overcome biases associated with changes in 

bulk density due to the application of treatments (von Haden et al., 2020). In this 3-y field study, 

I directly compared one-time additions of manure compost and its biochar derivative to assess the 

effects of these organic amendments on GHG emissions, as well as on both the surface and 

subsurface storage of SOC (using an approach based on equivalent soil masses) in annually 

cropped agricultural lands. Manure compost was used as the feedstock for biochar production to 

directly compare this manure compost to its biochar. Additionally, compared with raw manure, 

composted manure can be easily stored until transport to a pyrolysis facility, is less expensive to 
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transport due to large decreases in mass and volume, and has reduced moisture content, which 

facilitates the pyrolysis process (Michel et al., 2004; Roberts et al., 2010). 

My objective was to aid in the development of targeted management practices across soil 

types to increase SOC sequestration and reduce GHG emissions from agroecosystems. I 

hypothesized that both the manure compost and its biochar would increase SOC, but that biochar 

would result in lower GHG emissions than its manure compost feedstock due to biochar’s relative 

recalcitrance to microbial decomposition (Lehmann et al., 2011). 

 

3.3. Materials and methods 

3.3.1. Study area and experimental design  

The 3-y (2018–2020) field study was conducted at ten producer-operated, annually cropped 

sites in central Alberta, Canada (Fig. B.S1). The historical monocultural annual crop rotation at all 

ten study sites was wheat (Triticum aestivum), barley (Hordeum vulgare), and canola (Brassica 

rapa). In 2018, the cereal crops (wheat and barley) were planted on five sites, canola was planted 

on three sites, and pea (Pisum sativum) and soybean (Glycine max) were each planted on one site. 

In 2019 and 2020, the cereal crops were planted on four and seven sites respectively, and canola 

was planted on the remaining sites following a crop rotation plan for each site. During the study, 

all sites were tilled, seeded, fertilized, swathed and harvested by the landowners according to their 

common practices, with all treatments at each site receiving identical management. In general, 

soils were typically tilled to ~10 cm depth prior to seeding and fertilizer was applied at the same 

time as seeding. Standard fertilization rates were 112-28-17-17 kg ha−1 N-P-K-S for canola, 78-

22-11 kg ha−1 N-P-K for wheat, and 56-28-11 kg ha−1 N-P-K for barley.   

The regional climate at the study sites is humid continental (Köppen climate classification 

Dfb) and characterized by large seasonal temperature differences, with warm, sometimes humid 

summers and cold winters. Historical (from 1988 to 2017) annual mean total precipitation and 

annual mean temperature in Edmonton, Alberta (township T052R24W4) during the May through 

August growing season (full year in parentheses) were 275 (432) mm and 14.9 (3.7) °C, 

respectively (Alberta Climate Information Service, 2021). During the experiment, mean annual 

total precipitation and mean annual temperature were 197 (387) mm and 16.6 (3.7) °C in 2018, 

282 (410) mm and 14.5 (3.3) °C in 2019, and 402 (504) mm and 15.4 (3.8) °C in 2020, respectively 

(Alberta Climate Information Service, 2021). The sites ranged from 617–797 m above sea level in 
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elevation. The soils at all ten study sites exhibited high levels of surface soil organic matter 

accumulation (Chernozems or Ustic Haplocryolls in the Canadian or United States soil taxonomy 

systems, respectively). All soils were classified by digging an 80-cm+ deep pit in 2017 next to the 

treatment plots (Table B.S1). 

The study compared one-time additions of manure compost (MT) and its biochar derivative 

(BT) to a control (CT, no treatment). Cropland plots (7 × 7 m in size, with 2-m buffers between 

plots and all sampling conducted within the interior 5 × 5 m, leaving a 2-m buffer within each plot) 

were randomized and set up 30 m from trees or field margins on level ground. Treatment 

application occurred over a 1-wk duration in early May 2018 prior to seeding (which occurred in 

mid-May). Manure compost and biochar were applied at equivalent C rates of 7 Mg C ha−1. The 

manure compost and biochar were applied at 25 and 20 Mg ha−1 (dry-weight), respectively, based 

on the lower C concentration for manure compost (280 mg C g−1 manure compost) relative to the 

biochar (347 mg C g−1 biochar). The applied material was tilled into the surface 10 cm of soil using 

a gas-powered tiller with 2–3 passes. The amount of total nitrogen (N) applied was 185 and 138 

kg N ha−1 for manure compost and biochar, respectively, due to the lower C:N ratio of the manure 

compost (37.5) relative to the biochar (50.2). During the application, biochar plots were evenly 

watered to account for the difference in moisture content between the manure compost and the 

biochar (52.5% and 0.1%, respectively), as well as to prevent treatment cross-contamination or 

biochar loss due to the dry biochar being transported by wind. None of the plots or sites were 

otherwise irrigated for the duration of the study.   

The manure (derived from steers fed alfalfa hay, barley straw, lentil pellets, and activated 

carbon) was composted outdoors for one full year on a farm in south-central Saskatchewan, 

Canada in a compost pile ~5 × 2 × 60 m (w × h × l), which was turned several times over the 

course of the year. The manure was composted with livestock bedding material consisting of equal 

parts barley and wheat straw (~5:1 ratio of manure to straw, mass-basis). A minor component of 

pine (Pinus spp.) and spruce (Picea spp.) wood chips was later added to the bulk manure compost 

prior to biochar production to aid in the pyrolysis process (~10:1 ratio of manure compost to wood 

chips, mass-basis). Biochar was produced by processing the bulk manure compost at 650 °C for 

90 min under low to no oxygen conditions until it was fully pyrolyzed using a retort pyrolysis 

system. 
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3.3.2. Data collection and analysis 

3.3.2.1. Measurement of soil properties 

Soil was collected from each plot at four depth intervals (0–10, 10–30, 30–50, and 50–100 

cm) immediately prior to treatment application (early May 2018) and again in early May 2020. In 

late August 2020, soil samples were collected again from each plot at only two depth intervals (0–

10 and 10–30 cm), as the dryness of the soil prevented my ability to sample deeper without severe 

disturbance to the plot. A hand-rotated auger (3.81 cm diameter) was used to collect the soil 

samples. Three holes were augered per plot and soil was composited by depth, sealed in pre-

weighed plastic bags, and returned to the lab. Composite samples were immediately weighed in 

the lab and stored at 4 °C until subsequent processing and analysis. Bulk soil was sieved to 8 mm 

by carefully separating the soil at natural breaks to pass through the sieve openings to minimize 

disturbance to aggregate structure and soil microbial biomass size and activity (Horwath & Paul, 

1994; Datta et al., 2014). Plant fragments and rocks (0.3% on average by weight) with a diameter 

>2 mm were removed from the soil. Sieved soil was stored at 4 °C until subsequent processing 

and analysis. 

Soil pH was measured with a digital pH meter (Thermo Scientific 710A, Beverly, MA) 

after mixing oven-dried (40 °C) subsamples with ultrapure (MilliporeSigma Milli-Q) water in a 

1:2 ratio (w:v), agitating on a shaker for 30 min at 180 rpm, and standing for 1 h. To obtain total 

soil C and N concentrations, representative subsamples (oven-dried at 40 °C) were ground to a 

fine powder with an agate mortar and pestle and analyzed using dry combustion on an elemental 

analyzer (Vario MICRO Cube Elemental Analyzer, Elementar, Hesse, Germany). For each run of 

60 samples on the elemental analyzer, five standards were run to verify accuracy (deviation <2%) 

and calculate a correction factor.  

Total C was equated to organic C for soil with a pH ≤6.00 (Walthert et al., 2010). Soil 

samples with a pH >6.00 were acid fumigated for 72 h to remove potential carbonates and 

determine organic C (Ramnarine et al., 2011). Briefly, subsamples of ~300 mg of the fine-ground 

soil were moistened with 150 µL of ultrapure water, fumigated in a vacuum chamber with 12 M 

HCl for 72 h, oven-dried at 40 °C to a constant weight, agitated back to a fine powder using a 

stainless-steel soil scoop, and analyzed on the elemental analyzer as previously described. A 

conversion factor was used to account for the increased weight of acidified soils that contained 

carbonates so as not to dilute organic C measurements according to: 
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𝑀𝑠𝑜𝑖𝑙−𝑎𝑑𝑗 = 𝑀𝑠𝑜𝑖𝑙 × 𝑐𝑓𝑎𝑐𝑖𝑑𝑓𝑢𝑚 [3.1]

 

where 𝑀𝑠𝑜𝑖𝑙−𝑎𝑑𝑗 is the corrected mass of the acidified soil (mg), 𝑀𝑠𝑜𝑖𝑙 is the mass of the acidified 

soil (mg), and 𝑐𝑓𝑎𝑐𝑖𝑑𝑓𝑢𝑚 is a correction factor equal to the oven-dry pre-fumigated mass divided 

by the oven-dry post-fumigated mass (Ramnarine et al., 2011). Carbonates were considered to be 

absent for measurements of low amounts of inorganic C relative to organic C (Hedges & Stern, 

1984; Walthert et al., 2010) and the two values (total C and organic C) were averaged to obtain 

the organic C concentration for the sample. Across all soils, inorganic C in the deepest soil layer 

sampled (50–100 cm) comprised ~36% of total C, while inorganic C was largely absent from soil 

above 50 cm. 

The chloroform fumigation-extraction procedure was used to measure soil microbial 

biomass (Vance et al., 1987; Beck et al., 1997). Briefly, duplicate subsamples of 8 g (oven-dry 

weight basis) of field-moist soil sieved to <8 mm were fumigated in a vacuum chamber with 

ethanol-free chloroform for 48 h in darkness (Jenkinson et al., 2004). Water-soluble organic matter 

was extracted from both fumigated and non-fumigated samples by shaking the samples with 0.01 

M K2SO4 (1:5 w:v) in 50-mL polyethylene tubes for 1 h at 180 rpm (Haney et al., 2001; Jenkinson 

et al., 2004). Tubes were then centrifuged at 10,000 × g for 10 min, after which 20 mL of the 

supernatant was collected and filtered through a 0.4-µm Whatman Nuclepore polycarbonate filter 

(Zsolnay, 2003; Chantigny et al., 2007). The filtrates were stored at 4 °C prior to analysis with a 

total organic C (TOC) analyzer (TOC-V and TN unit, Shimadzu Corporation, Kyoto, Japan) using 

680 °C combustion catalytic oxidation and the non-purgeable organic C (to remove inorganic C) 

and total N methods. For each run of 60 samples on the TOC analyzer, six standards were run to 

verify C and N accuracy (deviation <5%), and six blanks were run, averaged, and subsequently 

subtracted from the raw sample values. Microbial biomass C was calculated according to: 

 

𝑀𝐵𝐶 =  
𝐸𝐶

𝑘𝐸𝐶
  [3.2]

 

where 𝐸𝐶 is the difference between average organic C in the fumigated and non-fumigated 

samples, and 𝑘𝐸𝐶  of 0.45 represents the extraction efficiency of the biomass C (Jenkinson et al., 
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2004). An equation with the same form as Eq. 3.2, and 𝑘𝐸𝑁 of 0.45, was used to calculate microbial 

biomass N. The organic C and total N in the non-fumigated samples were defined as water-soluble 

organic C (WSOC) and water-soluble total N (WSN). 

An equivalent soil mass-based approach (Wendt & Hauser, 2013) was used to calculate 

SOC and total N, microbial biomass C and N, and WSOC and WSN mass using a web-accessible 

spreadsheet (Wendt, 2013), which uses a cubic spline function to model the relationship between 

cumulative areal soil mass and cumulative C or N mass. Reference soil mass layers were calculated 

using the pretreatment soil mass means for each soil depth layer. Comparing changes in SOC and 

N, as well as certain other soil properties, over time using reference soil mass layers helps 

overcome biases associated with changes in bulk density due to the application of treatments or 

other agricultural management practices (von Haden et al., 2020). Based on the treatment 

application C rates of 7 Mg C ha−1, only a significant increase in SOC stocks >7 Mg C ha−1 was 

considered as SOC sequestration. 

Soil texture was determined using 8–15 g (oven-dry weight basis) of field-moist soil sieved 

to <8 mm using the protocol and size-separation device described in detail by Virto et al. (2008). 

Briefly, soil aggregates >53-µm in size were broken up on a shaker (4 h at 180 rpm) using glass 

beads within a 30-mL plastic bottle sealed with a nylon cloth (Gilson Co. Inc., Columbus, OH) 

with a 53-µm opening and contained within a 250-mL plastic bottle with 200 mL of ultrapure 

water. Sand and particulate organic matter collected in the smaller plastic bottle were poured onto 

a 53-µm sieve, rinsed with ultrapure water until the solution passing through the sieve was clear, 

backwashed into a pre-weighed aluminum dish, oven-dried at 60 °C to a constant weight, and 

weighed. The amount of sand was calculated using a correction factor determined by mechanically 

grinding (ball mill) the sand + particulate organic matter fraction and placing a subsample in a 

muffle furnace at 500 °C for 4 h (loss-on-ignition method) (Cambardella et al., 2001; Kettler et 

al., 2001). The silt + clay fraction (collected in the 250-mL bottle after shaking and recovered from 

the 30-mL bottle after passing through the 53-µm sieve) was subjected to the sequential application 

of a total of 1500 J cm−3 ultrasonic energy to achieve complete dispersion (Kaiser & Berhe, 2014). 

The silt fraction was separated from the clay fraction by sieving (>20 µm) and through 

sedimentation and centrifuging according to Stoke’s Law (Virto et al., 2008). The silt and clay 

fractions were collected in pre-weighed aluminum dishes, oven-dried at 40 °C to a constant weight, 

and weighed to determine their respective amounts. 
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Soil moisture and temperature values were recorded hourly from ~April through October 

using a soil monitoring station logger, moisture probe, and temperature sensor (Onset Computer 

Corporation, Bourne, MA) installed near the center of each plot. Probes and sensors were installed 

horizontally in undisturbed soil at a depth of 10 cm and the soil excavated to place the probes was 

carefully refilled. Care was taken not to disturb this area throughout the sampling period. All soil 

moisture values recorded when the soil temperature was <0.25 °C were considered inaccurate 

(based on the specifications of the instruments) and deleted from the dataset used for statistical 

analysis. 

 

3.3.2.2. Measurement of greenhouse gas emission rates 

Gas samples were collected every other week from ~April through October from two dark 

static gas chambers (headspace mean height and volume of 11.1 cm and 0.011 m3, respectively) 

equipped with fans (Christiansen et al., 2011) installed in each plot between crop rows to exclude 

roots. Living vegetation within chambers was largely absent due to herbicides applied at the same 

time as seeding, greatly minimizing the contribution of soil autotrophic respiration to measured 

total respiration. Any emergent vegetation was carefully removed from within each chamber prior 

to gas collection, while leaving the mineral soil and any crop litter undisturbed. Gas collection 

chambers were carefully installed to avoid soil disturbance inside the chambers and were inserted 

~4 cm into the soil to create a seal between the soil and the chamber. Soil chamber headspace 

height was averaged from post-installation and pre-removal measurements at four points within 

each chamber. Collection of gas samples from each chamber occurred at 10-min intervals over 30 

min (including time zero) and gases were stored with positive pressure in pre-evacuated soda glass 

Labco Exetainers until subsequent analysis. Gas collection generally occurred between 1100 and 

1400 h local time and the order of grouped sites visited in a single day was reversed each trip to 

avoid potential impact of diurnal temperature changes on soil respiration measurements (Venterea 

et al., 2005). All sites were generally sampled over a 3-d period.   

Concentrations of gasses sampled from dark static chambers were measured using a gas 

chromatograph (Varian CP-3800, Mississauga, Ontario, Canada) equipped with a thermal 

conductivity detector, a flame ionization detector, and an electron capture detector to measure the 

concentrations of CO2, CH4, and N2O, respectively. Six standards of a known concentration for 

each gas were run for every 100 samples to verify accuracy (deviation <5%). Chamber gas 
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concentrations measured by gas chromatograph analysis were converted to mass per volume units 

using ideal gas relations at standard temperature and pressure corrected for the air temperature 

during sampling according to: 

 

Chamber𝐺𝑐𝑜𝑛𝑐
= (𝐺𝑐𝑜𝑛𝑐 ×  44.6 ×  

273.15

𝑇𝑎
× 𝑀𝑢) ÷ 106 [3.3] 

 

where Chamber𝐺𝑐𝑜𝑛𝑐
 is the gas concentration in the chamber at a given time (g m−3), 𝐺𝑐𝑜𝑛𝑐 is the 

gas concentration determined by gas chromatograph analysis (µmol mol−1), 44.6 is moles of gas 

at standard temperature (273.15 K) and pressure (1.00 atm) (mol m−3), 𝑇𝑎 is the measured air 

temperature during sampling (K), and 𝑀𝑢 is the molar mass of the gas (g mol−1).  

Gas flux (g m−2 h−1) and cumulative flux (g m−2 y−1) values were calculated from the 

chamber volume (m3), soil surface area (m2), and the change in chamber gas concentration (g m−3) 

over time (h) using the gasfluxes R software package (Hüppi et al., 2018), which uses linear 

interpolation to calculate cumulative gas fluxes. The KAPPA.MAX flux calculation scheme was 

used to determine linear or nonlinear (i.e., Hutchinson-Mosier regression model, HMR (Pedersen 

et al., 2010)) flux estimates. The KAPPA.MAX method balances bias and uncertainty related to 

measurement precision and chamber setup (Hüppi et al., 2018). The minimum detectable flux was 

calculated for CO2, CH4, and N2O using ambient concentration (401, 1.82, and 0.328 µmol mol−1, 

respectively) and gas chromatograph measurement uncertainty (5, 0.01, and 0.001 µmol mol−1, 

respectively), as well as the mean chamber volume (m3) and air temperature (K) at the standard 

pressure. To convert CH4 and N2O to CO2-equivalents, global warming potentials of 34 and 298, 

respectively, were used, which are based on a 100-y frame and include climate-carbon feedbacks 

(IPCC, 2014). Total GHG flux was calculated as the sum of CO2, CH4, and N2O, with the latter 

two GHGs assessed as CO2-equivalents. 

 

3.3.2.3. Crop standing biomass 

Total aboveground crop biomass samples were collected annually ~1–2 wk prior to 

swathing or harvest. Three 50 × 50 cm quadrats were randomly located in each plot, and all 

aboveground biomass was collected and weighed in the field. A composite subsample of the three 

samples was stored in a pre-weighed bag, returned to the lab, immediately weighed, oven-dried 

for 72 h at 60 °C, and weighed again. Total aboveground biomass (Mg ha−1) was calculated using 
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the quadrat area, the average weight of the three field samples, and a conversion factor based on 

the moisture content of the composite subsamples.  

 

3.3.3. Statistical analysis 

Linear mixed-effect models were used to determine whether the treatments affected GHG 

emissions, soil properties, or crop biomass. The fixed effect was treatment and the random effect 

was site. Pretreatment values for soil properties were included in the model as a covariate. 

Repeated measurements were averaged for emissions of GHGs collected within plots (n = 2) and 

months (n = 2 or 3) and cumulated for annual emissions of GHGs. Where necessary for the GHG 

and soil variables, data transformations using the lambda value for the maximum log likelihood 

for obtaining minimum error sum of squares were conducted to conform data to the assumptions 

of homogeneous variance and normality of distribution. Non-transformed data were used in the 

models to calculate least-squares means and standard errors. A randomized complete block design 

model was used for each response variable. When significant effects were detected at p < 0.05 

after using type-III analysis-of-variance (ANOVA), pairwise post-hoc comparisons using the 

Tukey method for p-value adjustment were conducted to compare individual treatment means. 

Associations between continuous variables of interest were determined using Pearson’s parametric 

correlation to assess the relationships between GHG emissions and soil properties among the 

treatments and within a given treatment. All data were analyzed using RStudio Version 1.4.1106 

(RStudio Team, 2021). 

 

3.4. Results 

3.4.1. Soil properties and crop standing biomass 

In the surface soil (0–10 cm), BT increased soil pH by 0.30 to 6.04 (p = 0.030) relative to 

the CT and increased OC:N ratios relative to both the CT and MT (p < 0.001) (Table 3.1). 

Additionally, BT increased WSOC:WSN ratios relative to the CT in spring 2020 (p = 0.030) and 

relative to both the CT and MT in fall 2020 (p < 0.001 and p = 0.005, respectively) (Table 3.2). 

On a mass basis, differences in SOC and total N between the treatments were similar to the 

comparisons made for concentrations within soil depth layers (Table 3.1 & 3.2). In the surface soil 

(~0–10 cm, or the 0–1050 Mg ha−1 soil mass layer), BT increased SOC relative to the CT (p < 

0.001) and MT (p < 0.001) (43.46 ± 1.15, 45.65 ± 1.15, and 55.75 ± 1.15 Mg C ha−1, for the CT, 
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MT, and BT, respectively) and increased total N relative to the CT (p = 0.003) (3.88 ± 0.06, 4.02 

± 0.06, and 4.22 ± 0.06 Mg N ha−1, for the CT, MT, and BT, respectively) (Fig. 3.1). However, 

these surface SOC and N mass increases were not large enough to lead to overall SOC or N mass 

differences among treatments at ~100 cm soil depth (i.e., soil cumulative mass of 13950 Mg ha−1). 

Compared with CT, the MT increased WSOC (p = 0.025) in the subsurface soil (~10–30 cm, or 

the 1050–3650 Mg ha−1 soil mass layer) in spring 2020 (41.26 ± 3.36, 48.99 ± 3.35, 44.65 ± 3.35 

kg C ha−1, for the CT, MT, and BT, respectively) and the BT decreased WSN (p < 0.001) in the 

surface soil in fall 2020 (6.40 ± 1.14, 6.32 ± 1.14, and 4.24 ± 1.14 kg N ha−1, for the CT, MT, and 

BT, respectively) (Fig. 3.2). Microbial biomass C (MBC) and N (MBN) masses were not affected 

by the treatments, except in the deepest soil layer (~50–100 cm, or the 6300–13950 Mg ha−1 soil 

mass layer), wherein BT increased MBC relative to the CT (p = 0.032) in spring 2020 (104.95 ± 

17.33, 124.81 ± 16.74, and 144.87 ± 17.20 kg ha−1, for the CT, MT, and BT, respectively) (Fig. 

B.S2). 

Differences in soil temperature and water content (measured at 10 cm depth) across 

treatments were limited to the year in which treatments were applied (2018). Compared with BT, 

soil temperatures within the MT were lower (p = 0.029) in 2018 (15.29 ± 0.56, 14.64 ± 0.56, and 

15.51 ± 0.56 °C, for the CT, MT, and BT, respectively), primarily due to an immediate treatment 

response in May 2018 (Fig. B.S3a–b). Soil water content was reduced by BT relative to both the 

CT (p = 0.009) and MT (p = 0.011) in 2018 (30.03 ± 1.55, 29.89 ± 1.55, and 25.33 ± 1.55%, for 

the CT, MT, and BT, respectively) (Fig. B.S3c–d).  

The treatments did not affect total aboveground crop biomass for either the cereal crops 

(wheat and barley) or canola across the years (Fig. B.S4). 

 

3.4.2. Greenhouse gas emissions 

Annual GHG emissions from the soil were largely driven by CO2 emissions, with a minor 

role of N2O emissions (primarily in June, immediately after fertilizer application) and a negligible 

role of CH4 fluxes (Fig. 3.3 & 3.4). Compared with both the CT and BT, MT increased cumulative 

CO2 emissions by 32 (p < 0.001) and 44% (p < 0.001), respectively, in 2018, and by 37 (p < 0.001) 

and 28% (p = 0.001), respectively, in 2019. Similarly, MT increased cumulative GHG emissions 

relative to both the CT and BT by 32 (p < 0.001) and 43% (p < 0.001), respectively, in 2018, and 

by 32 (p = 0.002) and 29% (p = 0.003), respectively, in 2019. In 2020, BT reduced cumulative 
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CO2 and GHG emissions by 17 (p = 0.013) and 19% (p = 0.022), respectively, relative to the CT, 

and by 24 (p < 0.001) and 23% (p = 0.004), respectively, relative to the MT. Methane flux was 

significantly affected by the treatments only in 2018, wherein BT increased cumulative CH4 uptake 

by 37% (p = 0.026) relative to the MT. Nitrous oxide emissions were not affected by treatment (p 

≥ 0.05). However, BT tended to have the lowest cumulative N2O emissions during both 2019 and 

2020, an average of 42% lower than the CT, while the MT had an average of 25% lower cumulative 

N2O emissions over the same two years relative to the CT. 

Monthly CO2 and GHG emissions averaged across treatments were positively correlated 

with surface soil temperature (r = 0.67, p < 0.001; r = 0.62, p < 0.001, respectively), while monthly 

CH4 flux was negatively correlated with surface soil temperature (r = −0.17, p = 0.032) (Fig. 

B.S5). Monthly CO2, N2O, and GHG emissions were generally positively correlated with surface 

soil water content (r = 0.27, p < 0.001; r = 0.21, p = 0.009; r = 0.30, p < 0.001, respectively), while 

monthly CH4 flux exhibited a stronger positive correlation with surface soil water content (r = 

0.52, p < 0.001). Within BT, average cumulative CO2, N2O, and GHG emissions over the three 

years of the study were not significantly correlated with pretreatment surface soil properties (i.e., 

% clay, pH, OC:N ratio, or SOC mass) or the change in surface SOC mass (two years post-

treatment minus pretreatment) (Fig. B.S6). The change in surface SOC mass also was not 

significantly correlated with pretreatment surface soil properties. Average cumulative CH4 

emissions were positively correlated only with pretreatment surface soil pH (r = 0.66, p = 0.039). 

 

3.5. Discussion 

3.5.1. Carbon sequestration, dynamics, and flux 

The biochar led to surface SOC sequestration at a rate of 2.5 Mg C ha−1 y−1 relative to the 

CT (Fig. 3.1a). Although I did not find a significant decrease in cumulative CO2 emissions or a 

significant increase in aboveground crop biomass for the BT relative to the CT over the same two 

years, other (non-exclusive) factors may account for the increased SOC sequestration rate (Fig. 

3.3a & B.S4). One possibility is that I missed differences in CO2 emissions across treatments in 

2018 and 2019, owing to the inability to collect gas samples between November and March 

(inclusive) or in October 2019 (Fig. 3.4). For example, the spring thaw can lead to substantial GHG 

emissions (Nyborg et al., 1997), during which time the BT may have emitted less CO2 relative to 

the CT if the biochar in fact helped slow SOC decomposition, as some studies have found 
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(Lehmann et al., 2011). Another possibility is that biochar addition enhanced root activity and 

exudation (Weng et al., 2017), as well as increased sorption and protection of dissolved organic C 

(DOC) in the surface soil that otherwise would have been transported with water to deeper soil 

layers. Specifically, the sorption of root-derived C, including root exudates, on biochar surfaces 

may have contributed to the sequestration of surface SOC (Weng et al., 2017). Biochar surfaces 

potentially sorbed DOC derived from other sources as well, such as litter incorporated during 

tillage and microbial-derived C residues. The increase in spring and fall WSOC:WSN ratios and 

decrease in fall WSN for the BT relative to the CT in the surface soil (~0–10 cm) may have resulted 

from biochar sorbing and protecting nitrogenous, proteinaceous microbial-derived C residues 

(Kleber et al., 2007), particularly during the growing season (Table 3.2 & Fig. 3.2b). If biochar 

addition resulted in less DOC being transported vertically down the soil profile, which is the 

primary mechanism contributing to deep SOC accumulation (Gross & Harrison, 2019), this also 

may help explain the (non-significant) trend of the BT having the lowest SOC mass in all soil 

layers below ~10 cm (Fig. 3.1a). Nonetheless, increased MBC in the BT relative to the CT in the 

deepest soil layer in the spring, along with a slight (non-significant) increase in WSOC, suggests 

that DOC transport (and subsequent microbial processing) was not reduced in the BT, at least 

during peak periods such as during the spring thaw (Fig 2a & S2a). Over time, biochar may have 

contributed to increased SOC protection mechanisms in the surface soil, as evidenced by the 17% 

reduction in cumulative CO2 emissions from the BT relative to the CT in the third year post-

treatment (Fig. 3.3a). For example, in addition to SOC protection via direct sorption of C to biochar 

surfaces, biochar may have fostered the formation of physically-protective aggregates (Hernandez-

Soriano et al., 2016b, 2016a; Weng et al., 2017) and reduced microbial activity and metabolism, 

including the activity of C-degrading enzymes (Lehmann et al., 2011).  

Compared with the BT, the C contained in the manure compost was highly available to 

microorganisms and therefore more readily decomposed, as evidenced by increased (35% on 

average) cumulative CO2 emissions for the MT relative to the BT for all three years of study (Fig. 

3.3a). Organic matter contained in composting materials generally stabilizes after ~100 days (as 

indicated by reduced and negligible CO2 emissions from windrows by this time) (Hao et al., 2004; 

Michel et al., 2004), suggesting that the manure compost used in this study was relatively stable, 

having been composted for one year. Nonetheless, when used as an amendment and exposed to 

the soil microbiome, organic matter in compost is still much more biodegradable than the organic 
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matter in its biochar derivative (Bolan et al., 2012), with the latter persisting from years to 

millennia (Lehmann et al., 2006; Gurwick et al., 2013). The greater total N in the manure compost 

relative to the biochar may have also hastened the decomposition of the organic matter in the 

manure compost by more readily providing soil microbes with the needed N for metabolic 

processes. However, due to the annual application of inorganic N fertilizer at the study sites, the 

effect of the difference in added total N between treatments was likely suppressed. 

Given the similar SOC masses in the surface soil of the MT and CT, as well as the similar 

cumulative CO2 emissions between the MT and CT during the third year following treatment, a 

substantial portion of the C contained in the manure compost was likely lost via microbial 

respiration over the first two years when cumulative CO2 emissions for the MT were, on average, 

35% higher than the CT (Fig. 3.1a & 3.3a). However, some portion of the manure-compost and 

subsequent microbially-processed C may have been transported to deeper soil layers (Tautges et 

al., 2019), as evidenced by increased WSOC mass in the subsurface soil (~10–30 cm) during spring 

2020 in the MT relative to the CT (Fig. 3.2a). This increased WSOC mass in the subsurface soil 

of the MT indicates the presence of fresher, less-oxidized and thus less-strongly-sorbed organic C 

compounds (Lehmann & Kleber, 2015), potentially transported from the surface soil during 

precipitation events and the spring thaw (Neff & Asner, 2001; Sanderman et al., 2008). 

Although the contribution of CH4 uptake on cumulative GHG emissions was negligible, 

cumulative CH4 uptake was increased (more negative) by the BT relative to the MT during the 

first year (Fig. 3.3b). This increase in CH4 uptake corresponded to a decrease in surface soil water 

content for BT relative to MT, with monthly surface soil water content being positively correlated 

with CH4 flux and explaining 27% of the variation (Fig. B.S3c & B.S5). Reduced soil water would 

have decreased microsites in the soil with the anaerobic conditions required for CH4 production, 

thereby reducing CH4 emissions (Oertel et al., 2016). Lower soil water content immediately 

following biochar application may have been related to hydrophobic aliphatic compounds on the 

biochar surfaces and in pores, resulting in the biochar-amended soil becoming water repellent, 

thereby interrupting infiltration (Mao et al., 2019). However, soil water was similar across 

treatments in the second and third years of the study, potentially due to the oxidation of biochar 

surfaces or biofilm formation allowing the biochar to become hydrophilic over time (Ojeda et al., 

2015).  
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3.5.2. Nitrous oxide flux 

Emissions of N2O from soils were highest following fertilizer application and followed a 

trend of CT>MT>BT in the second and third year post-treatment (Fig. 3.3c & 3.4c), consistent 

with the recent literature (Cayuela et al., 2014; Shrestha et al., 2018; Shakoor et al., 2021). 

However, N2O emissions were not significantly affected by treatment and played only a minor role 

in cumulative GHG emissions. Limited soil-surface coverage and alternate-week measurements 

likely limited my ability to detect statistical differences across treatments by not accounting for 

the spatial heterogeneity or the precise contribution of fluxes during periods of high N2O 

emissions, such as following fertilizer application (Butterbach-Bahl et al., 2013). As noted 

previously, I was also unable to collect gas samples during the spring thaw, which can be another 

peak emission period for N2O (Nyborg et al., 1997; Butterbach-Bahl et al., 2013). Moreover, the 

response of soil N2O emissions to organic amendments (including the magnitude and direction of 

change) is highly dependent on numerous soil properties such as texture, pH, and C:N ratios 

(Cayuela et al., 2014; Shakoor et al., 2021). The soils of the agricultural lands studied herein 

differed drastically, including varied surface soil texture (% sand: 10.05–62.41; % clay: 23.21–

35.86), pH (5.06–8.04), and C:N ratios (9.97–12.13), and this high variation may have reduced the 

consistency in treatment responses and thus my ability to detect statistical differences across 

treatments (Table B.S1).  

 

3.5.3. Implications for climate change mitigation 

My results, alongside decades of literature elucidating the benefits of biochar as a soil 

amendment, support that biochar application can act as a climate change mitigation strategy by 

enhancing surface SOC sequestration, thereby reducing GHG emissions resulting from 

agricultural practices. While changes in surface SOC due to organic amendments should not be 

viewed independently of potential effects on C-cycling processes occurring deeper in the soil, the 

latter effects may require longer-term assessments of treated soils, including across different 

amendment rates and frequencies. Ultimately, effects such as increased SOC, N, and pH in the 

surface soil due to biochar addition are expected to promote increased soil nutrient- and water-

holding capacities and enhance nutrient availability for crop uptake (Atkinson et al., 2010; Major 

et al., 2010; Spokas et al., 2012).  
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To fully realize the potential of biochar to mitigate climate change when used as an organic 

amendment in croplands, lifecycle assessments should be considered. Lifecycle assessments of 

biomass-pyrolysis systems, wherein the biochar was used as an agricultural soil amendment, have 

shown promise as far as avoiding net GHG emissions (Roberts et al., 2010; Galinato et al., 2011). 

However, optimizing biochar production-application systems is necessary to both reduce GHG 

emissions and support economic viability (Roberts et al., 2010; Galinato et al., 2011; Spokas et 

al., 2012). The selection of appropriate feedstocks is one way in which to optimize biochar 

production-application systems. For example, biowaste feedstocks, including livestock manures, 

were identified as key resources for biochar production that have the potential for economic 

viability and renewable energy generation, as well as for increasing C sequestration and reducing 

GHG emissions (Roberts et al., 2010), the latter of which my results have also shown. Indeed, 

further efforts should be made to assess and optimize biochar production-application systems, 

especially for processing biowaste feedstocks such as manure compost, the direct application of 

which only increased GHG emissions and did not increase SOC storage in my study. 

 

3.6. Conclusions 

My 3-y field study supports the use of biochar as a soil amendment for the purposes of 

sequestering SOC and mitigating GHG emissions from annually cropped agricultural lands. 

Ultimately, the effects of biochar application on surface soil properties, evidenced here by 

increased SOC, N, and pH, are expected to help foster sustainable agriculture. Although the 

production of biochar necessitates additional processing and therefore costs relative to more easily 

available organic feedstocks such as manure, I show that manure compost application had none of 

the benefits of biochar, namely increasing surface SOC sequestration (2.5 Mg C ha−1 y−1, based on 

equivalent soil masses to overcome biases associated with changes in bulk density) and reducing 

GHG emissions (19%) from agroecosystems across a range of soil types. By using ten sites with 

different baseline soil properties, I was able to assess the performance of manure compost and its 

biochar on a broad scale as far as their differential abilities to mitigate climate change when 

amended into the soil of agroecosystems. Although I found no correlation between baseline soil 

properties and SOC sequestration due to biochar amendment, future studies should investigate the 

performance of biochar across specific soil properties to help prioritize application. Additionally, 

ongoing and future biochar-amendment studies should sample subsoil as well as surface soil to 
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continue to monitor and determine treatment effects on deeper SOC-cycling processes over time. 

I further recommend that policy and carbon sequestration initiatives focus on optimizing biochar 

production-application systems to fully realize the potential of biochar application as a viable 

climate change mitigation practice in agriculture.  
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3.8. Tables 

Table 3.1. Soil properties among three soil amendment treatments sampled across ten agricultural 

sites in central Alberta, Canada, as measured in spring 2020 (spring 2018 pretreatment values were 

used as a covariate for statistical analysis). Least-squares means (one standard error) within each 

depth layer accompanied by different lowercase letters are significantly different (Tukey-adjusted, 

α = 0.05) among the treatments. BD, bulk density; OC, organic carbon; N, total nitrogen; Conc., 

concentration. 

Soil depth & 

treatment 

BD 

(g cm−3) 

pH 

 

OC Conc. 

(mg g−1 soil)  

N Conc. 

(mg g−1 soil)  

OC:N 

 

0–10 cm      

Control 1.30 (0.04) 5.74 (0.20) b 40.24 (1.10) b 3.60 (0.07) b 11.10 (0.21) b 

Manure compost 1.34 (0.04) 5.92 (0.20) ab 42.29 (1.10) b 3.72 (0.07) b 11.31 (0.21) b 

Biochar 1.27 (0.04) 6.04 (0.20) a 51.90 (1.10) a 3.95 (0.07) a 13.11 (0.21) a 

10–30 cm      

Control 1.32 (0.04) 6.43 (0.08) 21.09 (1.91) 1.99 (0.16) 10.42 (0.24) 

Manure compost 1.30 (0.04) 6.39 (0.08) 23.57 (1.92) 2.16 (0.16) 10.49 (0.25) 

Biochar 1.29 (0.04) 6.48 (0.08) 19.49 (1.94) 1.86 (0.16) 10.47 (0.24) 

30–50 cm†      

Control 1.30 (0.07) 6.97 (0.09) 10.17 (0.81) 0.99 (0.07) 10.16 (0.44) 

Manure compost 1.30 (0.07) 7.06 (0.09) 9.28 (0.82) 0.98 (0.07) 9.34 (0.44) 

Biochar 1.32 (0.07) 7.06 (0.09) 9.27 (0.81) 1.03 (0.07) 9.00 (0.44) 

50–100 cm†      

Control 1.62 (0.06) 8.10 (0.11) 7.04 (0.86) 0.58 (0.05) 11.65 (0.68) 

Manure compost 1.52 (0.06) 8.10 (0.11) 6.91 (0.86) 0.61 (0.05) 11.25 (0.68) 

Biochar 1.51 (0.06) 8.07 (0.11) 6.39 (0.86) 0.60 (0.05) 10.94 (0.68) 

† Each soil layer was tested for post-hoc statistical differences only if the overlying layer showed a main effect of 

treatment for the respective soil property. 
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Table 3.2. Soil water soluble and microbial carbon and nitrogen among three soil amendment 

treatments sampled across ten agricultural sites in central Alberta, Canada, as measured in (a) 

spring 2020 (spring 2018 pretreatment values were used as a covariate for statistical analysis) and 

(b) fall 2020. Least-squares means (one standard error) within each depth layer accompanied by 

different lowercase letters are significantly different (Tukey-adjusted, α = 0.05) among the 

treatments. WSOC, water-soluble organic carbon; WSN, water-soluble total nitrogen; MBC, 

microbial biomass carbon; MBN, microbial biomass nitrogen; Conc., concentration. 

Soil depth & 

treatment 

WSOC Conc. WSN Conc. WSOC:WSN MBC Conc. MBN Conc. 

(µg OC g−1 soil) (µg N g−1 soil)  (µg OC g−1 soil) (µg N g−1 soil) 

(a) Soils collected in spring 2020 

0–10 cm      

Control 27.86 (2.66) 19.99 (2.90) 2.35 (0.39) b 271.46 (25.38) 22.55 (2.57) 

Manure compost 30.43 (2.66) 16.87 (2.90) 2.70 (0.39) ab 262.42 (25.24) 24.69 (2.54) 

Biochar 29.45 (2.66) 16.06 (2.90) 3.71 (0.39) a 233.91 (25.49) 22.50 (2.58) 

10–30 cm      

Control 14.71 (1.16) b 4.80 (0.68) 3.55 (0.31) 81.30 (6.96) 6.29 (0.64) 

Manure compost 17.26 (1.16) a 5.26 (0.68) 3.82 (0.31) 77.44 (6.90) 6.06 (0.63) 

Biochar 16.20 (1.16) ab 5.82 (0.68) 3.81 (0.31) 76.48 (7.10) 5.83 (0.65) 

30–50 cm†      

Control 11.69 (2.43) 2.42 (0.29) 5.08 (0.53) 37.41 (4.76) 2.88 (0.33) 

Manure compost 11.78 (2.43) 2.35 (0.29) 5.15 (0.53) 40.94 (4.72) 2.84 (0.32) 

Biochar 16.64 (2.42) 2.76 (0.29) 6.56 (0.53) 40.22 (4.76) 3.37 (0.35) 

50–100 cm†      

Control 17.36 (3.22) 1.81 (0.18) 9.90 (1.24) 12.66 (2.38) 1.15 (0.14) 

Manure compost 14.11 (3.24) 1.67 (0.18) 9.57 (1.22) 14.25 (2.31) 1.19 (0.14) 

Biochar 22.34 (3.20) 1.90 (0.18) 11.41 (1.21) 18.54 (2.35) 1.39 (0.14) 

(b) Soils collected in fall 2020 

0–10 cm      

Control 31.15 (3.12) 5.91 (1.04) a 5.71 (0.78) b 275.98 (39.81) 28.39 (4.12) 

Manure compost 31.92 (3.12) 5.81 (1.04) a 6.56 (0.78) b 241.92 (39.81) 26.42 (4.12) 

Biochar 28.70 (3.12) 3.95 (1.04) b 8.23 (0.78) a 249.20 (39.81) 28.09 (4.12) 

10–30 cm      

Control 18.21 (2.52) 2.50 (0.45) 7.88 (0.95) 84.82 (9.26) 6.53 (0.96) 

Manure compost 19.67 (2.52) 2.48 (0.45) 8.90 (0.95) 80.34 (9.26) 6.62 (0.96) 

Biochar 20.66 (2.52) 2.53 (0.45) 8.59 (0.95) 96.28 (9.26) 7.64 (0.96) 

† Each soil layer was tested for post-hoc statistical differences only if the overlying layer showed a main effect of 

treatment for the respective soil property. 
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3.9. Figures 

 

Figure 3.1. (a) Soil organic carbon (SOC) and (b) total nitrogen (N) stocks among three soil 

amendment treatments sampled across ten agricultural sites in central Alberta, Canada, as 

measured in spring 2020 (spring 2018 pretreatment values were used as a covariate for statistical 

analysis). Transparent columns are cumulative stocks based on equivalent soil mass (ESM). Error 

bars represent ± one standard error. Least-squares means within each ESM depth layer or total 

cumulative mass accompanied by different lowercase letters are significantly different (Tukey-

adjusted, α = 0.05) among the treatments. The soil profile illustrates the relationship between soil 

mass and approximate sampling depth. CT, control treatment; MT, manure compost treatment; 

BT, biochar treatment. 
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Figure 3.2. (a) Soil water-soluble organic carbon (WSOC) and (b) soil water-soluble total nitrogen 

(WSN) stocks among three soil amendment treatments sampled across ten agricultural sites in 

central Alberta, Canada, as measured in spring 2020 (spring 2018 pretreatment values were used 

as a covariate for statistical analysis) and fall 2020. Transparent columns are cumulative stocks 

based on equivalent soil mass (ESM). Error bars represent ± one standard error. Least-squares 

means within each ESM depth layer or total cumulative mass accompanied by different lowercase 

letters are significantly different (Tukey-adjusted, α = 0.05) among the treatments. The soil profile 

illustrates the relationship between soil mass and approximate sampling depth. CT, control 

treatment; MT, manure compost treatment; BT, biochar treatment. 
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Figure 3.3. Soil (a) carbon dioxide (CO2), (b) methane (CH4), (c) nitrous oxide (N2O), and (d) 

total greenhouse gas (GHG; sum of CO2, CH4, and N2O) fluxes by year among three soil 

amendment treatments sampled across ten agricultural sites in central Alberta, Canada. Error bars 

represent ± one standard error. Least-squares means within each year accompanied by different 

lowercase letters are significantly different (Tukey-adjusted, α = 0.05) among the treatments. CT, 

control treatment; MT, manure compost treatment; BT, biochar treatment.  

  



89 

 

 

Figure 3.4. Soil (a) carbon dioxide (CO2), (b) methane (CH4), (c) nitrous oxide (N2O), and (d) 

greenhouse gas (GHG; sum of CO2, CH4, and N2O) fluxes by month and year among three soil 

amendment treatments sampled across ten agricultural sites in central Alberta, Canada. Error 

ribbons represent least-squares means ± one standard error. CT, control treatment; MT, manure 

compost treatment; BT, biochar treatment. 
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4.1. Abstract 

Living roots and their fresh carbon (C) inputs can initially result in intensified loss (a.k.a. priming) 

of soil organic C (SOC), which has important implications for C-capture initiatives. Protection of 

SOC occurs through mineral sorption and soil aggregation. How sorption of C to clay within silt-

size microaggregates may protect SOC from microbial decomposition and play a role in root-

driven SOC dynamics is not well understood. Here I quantified SOC changes due to the influence 

of living roots in soils with varying properties collected from three different land uses (cropland, 

grassland, and woodland) and soil depths (0–10, 10–30, and 30–50 cm) using the C stable isotope 

natural abundance technique. Following a 150-d incubation in a controlled growth chamber, paired 

non-planted and planted (Bouteloua gracilis) soils were fractioned into particulate organic matter, 

silt, non-aggregated clay, and clay within water-stable silt-size microaggregates (aggregated clay). 

Nearly a third of total SOC was associated with the aggregated clay fraction. In soils with greater 

SOC content (that is, surface and woodland soils relative to subsurface and cropland soils, 

respectively), a larger proportion of clay-protected C was within silt-size microaggregates. Priming 

of soil-derived C was limited to the aggregated clay fraction, greatest in the surface soil (0.51–

1.27 mg C g−1 soil), and similar across land uses. Microbial growth, root-derived C incorporation 

into the aggregated clay fraction, and reductions in the mass of the aggregated clay fraction, were 

positively correlated with priming. Root-derived C comprised 7–13% of the C associated with the 

aggregated clay fraction, indicating rapid incorporation of root-derived C into silt-size 

microaggregates. I show that living roots can destabilize clay-protected C within silt-size 

microaggregates, leading to rapid and preferential decomposition of clay-protected C. This has 

important implications for our understanding of SOC persistence and the underlying processes 

used in soil C models. 
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Graphical abstract: 

 

 

 

 

Keywords: labile carbon, microbial biomass, mineral-associated organic carbon, particulate 

organic matter, rhizosphere priming, soil aggregation, stable isotopes  

 

 

Highlights: 

 

• The aggregated clay fraction stored nearly a third of total soil organic carbon. 

• Priming was limited to the aggregated clay fraction and greatest in the surface soil. 

• Priming increased with microbial growth and root-derived carbon in aggregated clay. 

• Priming increased with reductions in the mass of the aggregated clay fraction. 

• Living roots can destabilize clay-protected carbon within silt-size microaggregates. 
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4.2. Introduction 

Soil is the largest terrestrial carbon (C) stock (Lehmann & Kleber, 2015) and acts as a 

global C sink, sequestering around 20–30% of anthropogenic C emissions annually (Pan et al., 

2011; Le Quéré et al., 2018). Utilizing land use and management practices to increase soil organic 

C (SOC) storage is considered key to helping drawdown atmospheric CO2 as we reduce fossil fuel 

emissions to mitigate climate change (IPCC, 2022). Moreover, increasing SOC can enhance the 

resilience of agricultural land to drought and other climate changes by increasing overall soil health 

(such as nutrient- and water-holding capacities, soil aggregation and aeration, and microbial 

diversity) (Amundson & Biardeau, 2018). Therefore, how soils cycle and store new C inputs has 

important implications for both the global C cycle and food security (Lorenz & Lal, 2022). Land 

use and management practices that increase C inputs to soil may have dual effects on soil C 

dynamics, in some cases resulting in intensified loss (a.k.a. priming) of SOC and initially reducing 

SOC storage (Dijkstra et al., 2021). 

Land use and management practices aimed at increasing SOC include conversion of 

annually cropped land to perennial ecosystems, such as secondary forest or grassland, the adoption 

of agroforestry systems, or incorporation of perennial or cover crops (Paustian et al., 2016; 

Schlautman et al., 2021; IPCC, 2022). These practices increase root litter and exudate C inputs 

(together termed rhizodeposition) to both surface and deeper soil layers. Warming and elevated 

atmospheric CO2 concentrations are expected to increase above- and belowground vegetation 

growth in many regions globally (Jones et al., 2005; Ciais et al., 2013), which would also increase 

C inputs to soil via rhizodeposition. In terrestrial ecosystems, living roots can have both stabilizing 

and destabilizing effects on SOC (Dijkstra et al., 2021). For example, living roots increase 

microbial turnover and, in turn, microbial necromass that can be stabilized in the soil (Zhu et al., 

2020; Dijkstra et al., 2021; Sokol et al., 2022). However, by providing fresh C inputs and 

enhancing microbial activity, living roots can also intensify the loss of SOC, a phenomenon 

referred to as priming (Kuzyakov et al., 2000). Priming effects may lead to initial net decreases in 

SOC storage despite additional C inputs (Dijkstra & Cheng, 2007; Sulman et al., 2014; Dijkstra et 

al., 2021). 

Mineral sorption is widely considered to play a fundamental role in the protection of SOC 

from microbial decomposition and occurs mainly within the clay fraction (Angst et al., 2018; 

Rasmussen et al., 2018). This mineral-associated C is largely composed of microbial products that 
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may be predominantly derived from rhizodeposition (Liang et al., 2017; Sokol & Bradford, 2019; 

Sokol et al., 2019). However, root exudates can rapidly foster the release of mineral-associated C 

into the dissolved organic C pool, rendering the C more labile (Clarholm et al., 2015; Keiluweit et 

al., 2015). Root-exudate mediated C release from mineral-C associations may help explain the 

greater contribution of root exudates relative to root litter with respect to priming effects (Shahzad 

et al., 2015; Pierson et al., 2021), as well as the increased vulnerability of finer- rather than coarser-

textured soils to rhizosphere priming (Huo et al., 2017). Deeper soil layers, where the SOC is often 

hundreds to thousands of years old (Fontaine et al., 2007; Schmidt et al., 2011) and storage mainly 

occurs via sorption to clay particles (Angst et al., 2018), are also susceptible to rhizosphere priming 

effects (Mobley et al., 2015; Tian et al., 2016; Shahzad et al., 2018). 

In addition to mineral sorption, SOC protection from microbial decomposition is provided 

by soil aggregation. Microaggregates (< 250 µm), which are stabilized within macroaggregates (> 

250 µm), are particularly important for providing SOC protection by creating anoxic conditions or 

making C less physically accessible to microorganisms (Six et al., 2002; Rasse et al., 2005; 

Totsche et al., 2018). The most stable aggregates are silt-size microaggregates (2–53 µm), which 

largely exclude bacteria from their micropores, thereby physically protecting C that is not on the 

periphery (Rasse et al., 2005; Lavallee et al., 2019; Yang et al., 2021). Several studies have 

observed that a substantial portion of SOC is in the form of C bound to clay within silt-size 

microaggregates (Virto et al., 2008, 2010; Moni et al., 2010). Because this C is both physically 

and chemically protected from microorganisms, it may persist longer in soil than C that is 

unprotected or protected by other abiotic mechanisms (Lehmann et al., 2007; Virto et al., 2010; 

Totsche et al., 2018). Whether this dual protection mechanism renders this C less susceptible to 

root-driven priming effects is unknown because most aggregation studies do not consider 

aggregates at the silt-size scale (Virto et al., 2008; Totsche et al., 2018; Lavallee et al., 2019). A 

recent study found that clay-protected C within model silt-size microaggregates can be broken 

down by extracellular enzymes (exoenzymes) into smaller fragments that are then released into 

solution (Yang et al., 2021). However, how clay-protected C within silt-size microaggregates is 

affected by living roots in natural soils has not been investigated. 

Here I used the 13C natural abundance technique to quantify root-driven SOC dynamics in 

soils with varying properties (texture, pH, C and N content, etc.) collected from three different 

land uses (cropland, grassland, and woodland) and depths (0–10, 10–30, and 30–50 cm) by 
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planting a native perennial C4 plant species (blue grama, Bouteloua gracilis (Willd. ex Kunth.) 

Lag. Ex Griffiths) in soils derived from C3 plant systems. My objectives were to 1) elucidate the 

interplay of physical and chemical protection of C under the influence of living roots by 

quantifying root C incorporation and priming across different soil fractions, including clay-size 

particles within silt-size microaggregates, and 2) assess the interdependence of soil properties 

(including SOC storage within soil fractions) and root-driven SOC dynamics across land uses and 

soil depths. 

 

4.3. Materials and methods 

4.3.1. Soils used in incubation 

I collected soils from three different land uses (cropland, grassland, and woodland) and 

depths (0–10, 10–30, and 30–50 cm) in May 2020 at ten producer-operated, annually cropped 

agroforestry sites in central Alberta, Canada. Soil was collected by augering (3.81-cm diameter) 

three holes per land-use type, and the soil was composited by depth. The historical monocultural 

annual crop rotation at all ten study sites was typically a combination of wheat (Triticum aestivum 

L.), barley (Hordeum vulgare L.), and canola (Brassica rapa L.). Perennial vegetated areas with 

and without trees (woodland and grassland, respectively) were usually at agricultural road/field 

margins. Common grasses were Bromus inermis (Leyss.), Dactylis glomerata (L.), and Elymus 

sp., and common forbs were Taraxacum officinale (G. H. Weber ex Wiggers) and Cirsium arvense 

(L.). Tree species were deciduous and consisted of aspen (Populus tremuloides Michx.), willow 

(Salix pentandra L.), and balsam poplar (Populus balsamifera L.). The soils at all ten study sites 

and under each land-use type generally exhibited high levels of surface soil organic matter 

accumulation (Chernozems in the Canadian soil classification system or Ustic Haplocryolls in the 

United States soil taxonomy system). Basic soil properties are provided in Table C.S1. More 

detailed site and soil property information is provided in Gross et al. (2022).  

After the soil samples were returned to the laboratory, field-moist soil was sieved to 8 mm 

by carefully separating the soil at natural breaks to minimize disturbance of the existing aggregate 

structure and disruption of soil microbial activity (Horwath & Paul, 1994; Datta et al., 2014). Plant 

residues and coarse fragments (diameter > 2 mm) were removed from the soil. All soil samples 

were stored at 4 °C prior to the incubation.  
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4.3.2. Experimental design and incubation 

The incubation experiment used a randomized complete block design. Pre-weighed 

polypropylene jars (64-mm diameter × 70-mm height) were filled with 60 g (oven-dry weight 

basis) of sieved (< 8 mm) field-moist soil. To minimize aggregate disruption, bulk density was 

controlled by repeatedly tapping the base of the jars, attaining a similar bulk density between 

duplicates. Soil moisture content was adjusted to 60% water-holding capacity by either air-drying 

or slowly and evenly adding ultrapure (MilliporeSigma Milli-Q) water. Soils were preincubated 

for 10 days in a growth chamber (Conviron CMP6050, Winnipeg, Manitoba, Canada) with 100% 

relative humidity, a 17-h photoperiod with 400 µmol m−2 s−1 light intensity, and temperatures of 

26 and 13 °C in the day and night, respectively. To maintain the moisture content at 60% maximal 

water-holding capacity, soils were moistened with ultrapure water at 3-d intervals (see below for 

more details). 

After the preincubation period, one set of the duplicate soils was planted with 0.3 g of blue 

grama seeds (Ontario Seed Co., Limited) (hereafter referred to as planted treatment), which were 

spread evenly over the soil surface. The paired planted and non-planted (bare soil) treatments were 

then incubated for 150 days under the same conditions as the preincubation period. An additional 

subset of the soils was planted with blue grama seeds and simultaneously incubated as a reference 

to determine the amount of water to be added to soils in the planted treatment. Soil in reference 

jars was destructively sampled weekly during the first half of the incubation to quantify and 

account for the mass of the fresh grass biomass (both above- and belowground) at various stages 

of phenological development. 

After 150 days, the soil from both planted and non-planted treatments was gently removed 

from the jars and carefully separated at natural breaks to pass through an 8 mm sieve. Grass blades, 

stems, and roots were removed from the planted treatment, thoroughly washed with water on a 

250-µm sieve, dried at 60 °C for 48 h, and weighed. Most roots were removed with tweezers, 

although some very fine roots remained embedded in aggregates. Planted and non-planted 

treatments were processed similarly to avoid any differential processing effect on the pairs. 

Subsequently, bulk soils were adjusted to 50% water-holding capacity and stored at 4 °C to 

minimize microbial biomass effects, as well as limit increases in the quantity or strength of organic 

C interactions with minerals or interactions between minerals, which can affect aggregate stability, 

labile organic C concentrations, and mineral-associated organic C (Kaiser et al., 2015). 
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4.3.3. Roots, bulk soil, microbial biomass, and labile carbon analyses 

Roots were ground to a fine powder using a stainless-steel ball mill and a composite 

subsample was analyzed (n = 4) on an Elemental Combustion System (Costech EA; ECSD 4010) 

that led into a Thermo‐Finnigan Delta V isotope ratio mass spectrometer (IRMS). To obtain bulk 

soil C and nitrogen (N) concentrations, as well as δ13C values (δ15N values were generated but not 

used in this paper), subsamples were dried at 40 °C, ground to a fine powder with an agate mortar 

and pestle, and analyzed on the EA-IRMS. Prior to analysis, soils that contained carbonates (n = 

9) were subject to acid fumigation for 72 h to remove carbonates so that measured soil C 

represented only organic C (Ramnarine et al., 2011). A conversion factor was used to account for 

the increased weight of acidified soils so as to not dilute any organic C (Ramnarine et al., 2011). 

Soils containing carbonates were confirmed prior to the incubation experiment by analyzing 

subsamples of all the soils with pH > 6.00 on an elemental analyzer (Vario MICRO Cube 

Elemental Analyzer, Elementar, Hesse, Germany) before and after acid fumigation. For analyses 

on the EA-IRMS, bovine liver and wheat flour were used as internal laboratory standards. Carbon 

isotopes are reported in the conventional δ notation (‰) relative to Vienna Pee‐Dee‐Belemnite for 

C stable isotopes (Cooper & Wissel, 2012). Samples that were analyzed as laboratory duplicates 

(9% of the samples) gave isotopic compositions that agreed within 0.2‰ for δ13C. 

The chloroform fumigation-extraction procedure was used to measure soil microbial 

biomass (Vance et al., 1987; Beck et al., 1997). Duplicate subsamples of 5 g (oven-dry weight 

basis) of soil were fumigated in a vacuum chamber with ethanol-free chloroform for 48 h in 

darkness (Jenkinson et al., 2004). Water-soluble organic matter was extracted from both fumigated 

and non-fumigated samples by shaking the samples with 0.01 M K2SO4 (1:5 w:v) for 1 h at 180 

rpm (Haney et al., 2001; Werth & Kuzyakov, 2010). After centrifuging at 10,000 × g for 10 min, 

20 mL of the supernatant was collected and filtered through a 0.4-µm Whatman Nuclepore 

polycarbonate filter (Zsolnay, 2003; Chantigny et al., 2007). Filtrates were stored at 4 °C prior to 

analysis with a total organic C (TOC) analyzer (TOC-V and TN unit, Shimadzu Corporation, 

Kyoto, Japan) using 680 °C combustion catalytic oxidation and the non-purgeable organic C (to 

remove inorganic C) and total N methods. Microbial biomass C (MBC) was calculated using an 

extraction efficiency of 0.45 (Jenkinson et al., 2004). The organic C and total N in the non-

fumigated samples were defined as water-soluble organic C (WSOC) and N (WSN). To obtain 
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δ13C values, 10 mL aliquots of the filtrates were dried at 40 °C, and precipitates were agitated to a 

fine powder using a stainless-steel soil scoop and analyzed on the EA-IRMS. Prior to drying, 0.4 

mL of 1 M HCl was added to the filtrate aliquots from soils that contained carbonates to remove 

inorganic C. 

 

4.3.4. Physical soil fractionation and soil fraction analyses 

Eight grams (oven-dry weight basis) of soil was fractioned into the following: coarse and 

fine particulate organic matter (POM), coarse and fine silt, non-aggregated clay, and clay within 

silt-size microaggregates. To protect water-stable silt-size microaggregates from being destroyed 

while breaking down larger aggregates (> 53 µm), the size-separation device described in detail 

by Virto et al. (2008) was used. Briefly, soil aggregates > 53 µm in size were broken up on a 

shaker (4 h at 180 rpm) using five glass beads (5-mm diameter) within a 30-mL plastic bottle 

sealed with a 53-µm-opening nylon cloth (Gilson Co. Inc., Columbus, OH) and contained within 

a 250-mL plastic bottle with 200 mL of ultrapure water (Virto et al., 2008). This device allowed 

for the separation of materials < 53 µm in size from the abrasive effects within the small bottle, 

including water-stable silt-size microaggregates, which passed into the large bottle and remained 

in suspension during shaking (Virto et al., 2008).  

The sand + POM fraction collected in the small bottle was poured onto a 53-µm sieve and 

rinsed over a beaker with ultrapure water until the solution passing through the sieve was clear. 

The silt + clay fraction in the large bottle was added to the suspension in the beaker. The sand + 

POM fraction was backwashed into a 250-µm sieve over a larger 53-µm sieve and rinsed for an 

additional minute. For the fraction remaining on the 250-µm sieve (hereafter referred to as coarse 

POM), remaining roots in the planted treatment were removed with tweezers, oven-dried, and 

weighed. No roots were visible in the fraction collected on the 53-µm sieve (hereafter referred to 

as fine POM). The dry mass of recovered roots was added to the total root mass for a given planted 

treatment using a multiple that assumed uniformity in the remaining mass of roots in the bulk soil 

after initial root removal. 

Sedimentation and centrifuging (until the supernatant was clear) according to Stoke’s Law 

were used to separate the dispersed clay-size fraction (< 2 µm; hereafter referred to as non-

aggregated clay) from the silt + clay fraction (Virto et al., 2008). The remaining silt-size fraction 

(consisting of free silt-size particles and water-stable silt-size microaggregates) was subjected to 
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500 J cm−3 ultrasonic energy after transferring this fraction into a 100-mL glass beaker (45-mm 

diameter, 80-mm height) and adding ultrapure water to result in an 80-mL soil suspension (Kaiser 

& Berhe, 2014). The ultrasonic probe (Qsonica Q700, Newton, Connecticut, USA) was calibrated 

as described by Schmidt et al. (1999) and the probe tip (12-mm diameter) was immersed 18 mm 

into the suspension. Samples underwent sonification using 50% amplitude and a pulse:non-pulse 

ratio of 1:1 to avoid mass losses and prevent overheating of the probe and soil suspension (Yang 

et al., 2009). To maintain soil suspension temperatures below 30 °C, the base of the beaker was 

cooled by the continuous circulation of compressed air during sonification.  

Following the application of 500 J cm−3 ultrasonic energy to break up larger silt-size 

microaggregates (20–53 µm) (Kaiser & Berhe, 2014), the soil suspension was poured over a 20-

µm sieve and rinsed over a beaker with ultrapure water until the solution passing through the sieve 

was clear. The silt-size fraction remaining on the 20-µm sieve is hereafter referred to as coarse silt. 

Sedimentation was used to separate most of the clay-size fraction (< 2 µm) dispersed after 

sonication (hereafter referred to as aggregated clay) from the soil suspension. The remaining soil 

suspension, which was stored at 4 °C for a maximum of 24 h before further fractionation (Virto et 

al., 2008; Kaiser et al., 2015), was subjected to an additional 1000 J cm−3 ultrasonic energy to 

achieve complete dispersion (Kaiser & Berhe, 2014). Sedimentation and centrifuging (until the 

supernatant was clear) were used to separate the remaining clay-size fraction (< 2 µm; included in 

the aggregated clay) and silt-size fraction (hereafter referred to as fine silt). 

All soil fractions were transferred into pre-weighed aluminum dishes, oven-dried at 40 °C, 

and weighed. The soil fractions (except coarse POM) were ground to a fine powder with an agate 

mortar and pestle and analyzed on the EA-IRMS to determine their C and N concentrations and 

δ13C values. Prior to analysis, soils that contained carbonates were subjected to acid fumigation as 

previously described. Coarse POM was not analyzed on the EA-IRMS, as this fraction is the least 

homogeneous and was also contaminated with very fine root fragments in the planted treatment. 

The amount of C in coarse POM was calculated as the difference between bulk soil C and the sum 

of C across the other soil fractions for a given sample. Across all samples, the soil mass recovery 

ratio (sum of soil fractions to total sample used) was 1.01 ± 0.00 (standard error). The C recovery 

ratio (sum of soil fractions to bulk soil, not including coarse POM) was 0.92, 0.97, and 1.01 ± 0.01 

in the 0–10, 10–30, and 30–50 cm soil depths, respectively, wherein the 30–50 cm soil depth had 

no visible coarse POM in most samples. Differences between the planted and non-planted 
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treatments in % clay of the < 20 µm fraction and % fine silt of total silt were 0.06 ± 0.11 and −0.02 

± 0.11, respectively. 

 

4.3.5. Calculations 

The δ13C values of microbial biomass were calculated as 

 

𝛿13𝐶𝑚𝑖𝑐 = [(𝐶𝑓𝑢𝑚 × 𝛿13𝐶𝑓𝑢𝑚) − (𝐶𝑛𝑓𝑢𝑚 × 𝛿13𝐶𝑛𝑓𝑢𝑚)]/(𝐶𝑓𝑢𝑚 − 𝐶𝑛𝑓𝑢𝑚) [4.1] 

 

where 𝐶𝑓𝑢𝑚 and 𝐶𝑛𝑓𝑢𝑚 are the amounts of water-soluble C (µg C g−1 soil) in the fumigated and 

non-fumigated soils, respectively, and 𝛿13𝐶𝑓𝑢𝑚 and 𝛿13𝐶𝑛𝑓𝑢𝑚 are the δ13C values of the fumigated 

and non-fumigated samples, respectively (Marx et al., 2007; Werth & Kuzyakov, 2008; Vogel et 

al., 2014). 

The contribution of root-derived C (rhizodeposit-C) to total C in MBC, WSOC, soil 

fractions, or bulk soil in the planted treatment was calculated as 

 

𝐶𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 = 𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 × 𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑  [4.2] 

 

where 𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the amount of C (µg or mg C g−1 soil) in MBC, WSOC, soil fractions, or bulk 

soil in the planted treatment and 𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 is the fraction of C attributable to root-derived C, 

calculated as 

 

𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 = (𝛿13𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑 − 𝛿13𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑)/(𝛿13𝐶𝑟𝑜𝑜𝑡 − 𝛿13𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑) [4.3] 

 

where  𝛿13𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the δ13C value of C in MBC, WSOC, soil fractions, or bulk soil in the planted 

treatment, 𝛿13𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the δ13C value of C in MBC, WSOC, soil fractions, or bulk soil in 

the non-planted treatment, and 𝛿13𝐶𝑟𝑜𝑜𝑡 is the mean δ13C value of the roots (−15.37 ± 0.02‰) 

(Marx et al., 2007; Werth & Kuzyakov, 2008). For the δ13C value of the roots, I accounted for the 

magnitude of isotopic fractionation between rhizodeposits and microbial biomass, which was 

assumed to be the same as between the bulk soil and microbial biomass (Werth & Kuzyakov, 
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2008). Microbial biomass was 13C enriched by an average of 1.25 ± 0.12‰ relative to the bulk soil 

in the non-planted treatment, consistent with the findings in Werth & Kuzyakov (2010).  

Priming of C (mg C g−1 soil), i.e., the intensified loss of soil-derived C due to the presence 

of living roots over the duration of the incubation (150 days), was calculated as 

 

𝐶𝑝𝑟𝑖𝑚𝑒𝑑 = 𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑 − 𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑(1 − 𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡)  [4.4]

 

where 𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the amount of C (mg C g−1 soil) in soil fractions or bulk soil in the non-

planted treatment. 

 

4.3.6. Statistical analyses 

Linear mixed-effect models were used to determine whether priming or soil property 

differences between treatments were significantly different from zero and whether they differed 

across land-use types and soil depths. A randomized complete block design model was used for 

the statistical analyses. Land-use type and soil depth were fixed effects, and site and plot were 

random effects. Root mass was included in the models as a covariate. All data points with Cook’s 

distance > 4/n were examined as potential outliers. Four samples that were consistent outliers 

across soil fractions were removed from all soil fraction analyses, while additional outliers were 

removed only when required for the model fit. Where necessary for the soil variables, data 

transformations using the lambda value for the maximum log likelihood for obtaining minimum 

error sum of squares were conducted to conform data to the assumptions of homogeneous variance 

and normality of distribution. Back-transformed data were used to calculate least-squares means 

and 95% confidence intervals (CIs). For determining differences in soil properties across land-use 

types and soil depths for the non-planted treatment, similar linear mixed-effect models were used 

(less the covariate), but non-transformed data were used in the models to calculate least-squares 

means and standard errors. When significant effects were detected at p < 0.05 after using type-III 

analysis-of-variance (ANOVA), pairwise post-hoc comparisons using the Tukey method for p-

value adjustment were conducted to compare differences among land-use types or soil depths. 

Associations among continuous variables of interest were determined using Pearson’s parametric 

correlation. Specifically, I assessed the relationships between soil properties in the non-planted 
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treatment and root-driven soil effects. All data were analyzed using RStudio Version 1.4.1106 and 

the “lme4” package for the linear mixed-effect models (RStudio Team, 2021). 

 

4.4. Results 

4.4.1. Properties of soil fractions in the non-planted treatment 

 In the non-planted treatment, aggregated clay contained 28% of total SOC across land uses 

and soil depths (Fig. 4.1a). In contrast, the proportion of total SOC associated with non-aggregated 

clay increased (p < 0.001) with soil depth, with 27, 39, and 44% in the 0–10, 10–30, and 30–50 

cm layers, respectively, and was also greater (p = 0.008) in the cropland (41%) than the woodland 

(31%; Fig. 4.1a, c). The proportion of total SOC associated with coarse POM was minimal (≤ 4%) 

except in the 0–10 cm layer in the woodland (12%).  

The mean δ13C values in the non-planted treatment were −27.37‰ for fine POM, −26.48‰ 

for coarse silt, −26.37‰ for fine silt, −25.77‰ for non-aggregated clay, −26.17‰ for aggregated 

clay, and −26.10‰ for the bulk soil (Table C.S2). In general, δ13C values increased with soil depth. 

These trends, as well as C:N ratio differences among fractions by soil depth and land-use type 

(Fig. 4.1b, d), are consistent with expected increases in the extent of microbial processing of 

organic matter from POM to mineral-associated C and with depth (Sollins et al., 2006).  

In the non-planted treatment, aggregated clay comprised a greater (p < 0.001) proportion 

of total clay mass in the 0–10 cm layer (41%) than in the 10–30 and 30–50 cm layers (32 and 31%, 

respectively; Fig. 4.2a). Similarly, aggregated clay comprised a greater (p < 0.001) proportion of 

total clay-protected C in the 0–10 cm layer (50%) than in the 10–30 and 30–50 cm layers (41 and 

39%, respectively; Fig. 4.2a), as well as the woodland relative to the cropland (48 and 41%, 

respectively; p = 0.043; Fig. 4.2b). Across land uses and soil depths, aggregated clay was 1.53 

times more enriched in C than non-aggregated clay (Fig. C.S1). 

 

4.4.2. Microbial biomass and labile carbon 

 In the non-planted treatment, mean δ13C values for MBC and WSOC were −25.34 and 

−26.71‰, respectively (Table C.S2). Compared with the non-planted treatment, δ13C values for 

MBC and WSOC in the planted treatment increased by an average of 7.03 and 2.27‰, respectively 

(Table 4.1). The amount of rhizodeposit-C in the MBC was similar across land uses and soil depths 

(280 µg C g−1 soil), as was the increase in MBC within the planted treatment relative to the non-
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planted treatment (287 µg C g−1 soil; Fig. 4.3a–b). The proportion of MBC comprised of 

rhizodeposit-C increased (p < 0.001) with soil depth and was also greater (p = 0.007) in the 

cropland than the woodland, a reflection of the initial size of the MBC pools (Fig. 4.3c). The 

amount of rhizodeposit-C in the WSOC was negligible (4–5 µg C g−1 soil), as was the increase in 

WSOC within the planted treatment relative to the non-planted treatment (< 5 µg C g−1 soil; Fig. 

4.3a–b). Across land uses and soil depths, 50–74% of MBC was comprised of rhizodeposit-C, 

while only 16–27% of WSOC was comprised of rhizodeposit-C. 

 

4.4.3. Rhizodeposit carbon incorporation and priming 

 Compared with the non-planted treatment, δ13C values in the planted treatment increased 

by 3.06‰ for fine POM, 0.82‰ for coarse silt, 0.54‰ for fine silt, 0.77‰ for non-aggregated 

clay, 1.16‰ for aggregated clay, and 1.42‰ for the bulk soil (Table 4.1). Across all soil fractions 

and the bulk soil, the proportion of C comprised of rhizodeposit-C increased (p < 0.05) with soil 

depth and was also typically greater in the cropland than the woodland, a reflection of the initial 

size of the C pools (Fig. 4.4). Across land uses and soil depths, rhizodeposit-C comprised 7–13% 

of the C associated with aggregated clay, which represented an overall higher proportion relative 

to non-aggregated clay and the silt fractions (Fig. 4).  

Priming (i.e., the intensified loss of C) within the soil fractions was limited to aggregated 

clay (Fig. 4.5a). Root-driven soil-derived C losses within aggregated clay were greatest (p = 0.012) 

in the surface soil (1.27, 0.60, and 0.51 mg C g−1 soil in the 0–10, 10–30, and 30–50 cm layers, 

respectively) and similar across land uses (0.78 mg C g−1 soil; Fig. 4.5a). Within the bulk soil, 

priming was similar in magnitude (0.99 mg C g−1 soil) and followed a trend of decreasing with 

soil depth (Fig. 4.5a).  

The amount of rhizodeposit-C incorporated into the soil fractions was minimal for the silt 

fractions relative to the clay fractions and fine POM (Fig. 4.5b). A similar amount of rhizodeposit-

C was incorporated into the clay fractions across land uses (0.66 and 0.68 mg C g−1 soil for non-

aggregated and aggregated clay, respectively; Fig. 4.5b). In contrast to non-aggregated clay, the 

amount of rhizodeposit-C incorporated into aggregated clay was greater (p = 0.011) in the 0–10 

than 30–50 cm layer (0.88 and 0.56 mg C g−1 soil, respectively; Fig. 4.5b). Rhizodeposit-C 

incorporation into the bulk soil was an average of 0.99 mg C g−1 soil greater than the sum of the 

measured soil fractions (Fig. 4.5b). This additional rhizodeposit-C was attributable to the amount 
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of C in the roots remaining in the bulk soil that were removed from coarse POM after physical soil 

fractionation (0.96 ± 0.06 mg C g−1 soil).  

Net C changes within the soil fractions were substantial and consistent for fine POM and 

non-aggregated clay, which both had net C gains (0.76 and 0.61 mg C g−1 soil, respectively) across 

land uses and soil depths (Fig. 4.5c). Aggregated clay had no net C change across land uses or soil 

depths (Fig. 4.5c). The net C gain for the bulk soil was an average of 0.87 mg C g−1 soil greater 

than the sum of the measured soil fractions, a difference again attributable to the amount of C in 

the roots remaining in the bulk soil (Fig. 4.5c). 

  Across land uses and soil depths, priming within aggregated clay was positively correlated 

with the bulk soil C, the proportion of clay-protected C within aggregated clay, MBC, WSOC, and 

WSN in the non-planted treatment (p < 0.003; Fig. C.S2). All these variables were also positively 

correlated with each other (p < 0.012; Fig. C.S2). The bulk soil C explained 62% of the variation 

in the proportion of clay-protected C within aggregated clay, while the latter variable explained 

41% of the variation in priming within aggregated clay (Fig. C.S2). Root mass (Table C.S3), MBC 

growth (difference between planted and non-planted treatments), and rhizodeposit-C incorporation 

into aggregated clay were all positively correlated with priming within aggregated clay and each 

other (p < 0.03; Fig. C.S2). Rhizodeposit-C incorporation into non-aggregated clay was also 

positively correlated with root mass and MBC growth (p < 0.001; Fig. C.S2). The loss of 

aggregated clay mass in the planted treatment (difference between the aggregated clay to total clay 

mass proportions in the planted and non-planted treatments), which averaged 2.29% and was 

similar across land uses and soil depths (Fig. C.S3), was positively correlated with priming within 

aggregated clay (p < 0.001), explaining 37% of the variation (Fig. C.S2). Additionally, the 

proportion of clay-protected C within aggregated clay in the non-planted treatment was positively 

correlated with rhizodeposit-C incorporation into aggregated clay and the loss of aggregated clay 

mass (p < 0.001), explaining 17 and 12% of the variation, respectively (Fig. C.S2). 

 

4.5. Discussion 

 I show that living roots can destabilize clay-protected C within silt-size microaggregates, 

leading to rapid and preferential decomposition of clay-protected C and further challenging the 

assumption that C associated with clay or silt-size microaggregates is stable (Keiluweit et al., 

2015; Yang et al., 2021). Additionally, my results illustrate an interplay between physical and 
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chemical protection of SOC, while representative soil C models and most studies consider SOC 

protection within aggregates and on mineral surfaces as distinct processes (Lehmann & Kleber, 

2015; Lavallee et al., 2019). Priming of soil-derived C (i.e., the intensified loss of C) despite 

overall net C gains in soils subject to plant inputs in my experiment emphasizes the complex effect 

that living roots have on SOC dynamics. This effect has been referred to as a double-edged sword, 

wherein roots result in both desirable (stabilization or net gain) and undesirable (destabilization or 

net loss) effects on SOC (Dijkstra et al., 2021). While the replacement of clay-protected C within 

silt-size microaggregates with root-derived C resulted in no net C change for the aggregated clay 

fraction, an overall reduction in the mass of aggregated clay suggests that living roots resulted in 

SOC destabilization within the parameters of my experiment.  

A root-driven reduction in the mass of aggregated clay is important because my study 

showed that soils with greater SOC content (i.e., surface and woodland soils relative to subsurface 

and cropland soils, respectively) have higher proportions of clay-protected C within silt-size 

microaggregates. This indicates that aggregated clay is pivotal in SOC sequestration and 

stabilization (Chenu & Plante, 2006; Vogel et al., 2014). In fact, aggregated clay was about 1.5 

times more enriched in C than non-aggregated clay, potentially due to mineralogy (Virto et al., 

2008), preferential attachment of C to aggregated clay (Chenu & Plante, 2006; Vogel et al., 2014; 

Asano et al., 2018), or the physical protection of C bound to clay-size particles within silt-size 

microaggregates (Rasse et al., 2005; Yang et al., 2021). Clay-protected C within silt-size 

microaggregates also comprised nearly a third of total SOC across land uses and soil depths, 

highlighting the important role that aggregated clay plays in overall SOC storage (Virto et al., 

2008; Moni et al., 2010). 

In my experiment, root-driven disruption of silt-size microaggregates appeared to outpace 

any stabilization, as evidenced by a reduction in the mass of aggregated clay. Root-derived C 

comprised a relatively large proportion of the C associated with aggregated clay, indicating rapid 

incorporation of root-derived C into silt-size microaggregates and consistent with the findings of 

Virto et al. (2010). Preferential sorption of root-derived C to aggregated clay relative to non-

aggregated clay was evident in my experiment because both fractions incorporated relatively 

similar amounts of root-derived C despite a lower proportion of total clay mass associated with 

aggregated clay. These results are in agreement with observations of preferential C sorption to 

surfaces of submicron structures (Vogel et al., 2014; Asano et al., 2018). Exchange reactions, 
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wherein mineral-associated C is released in favor of new C (Marx et al., 2007; Sanderman et al., 

2008), may have been responsible for some of the priming within aggregated clay and help explain 

the positive relationship between root-derived C incorporation and priming in this fraction. 

Moreover, root exudates can act as ligands and mediate the release of mineral-associated C 

(Clarholm et al., 2015; Keiluweit et al., 2015), which can enhance aggregate disruption and 

turnover. Mechanical disruption of aggregates by living roots can also enhance aggregate turnover 

and priming effects (He et al., 2020; Wang et al., 2020).  

On the other hand, clay-protected C within silt-size microaggregates may be quasi-

irreversibly sorbed (Yang et al., 2021) and therefore more resistant to exchange reactions and 

exudate-mediated release relative to other mineral-associated C. Moreover, silt-size 

microaggregates are likely more resistant to mechanical disruption than larger aggregates (Totsche 

et al., 2018). Not only are higher energy levels required to disperse progressively smaller 

aggregates (Kaiser & Berhe, 2014), but the micropores of silt-size microaggregates are also largely 

impenetrable (e.g., by root hairs and microorganisms) (Rasse et al., 2005; Yang et al., 2021). 

However, exoenzymes produced by active microorganisms in response to an influx of simple 

sugars (Shahzad et al., 2015), such as those within root exudates, are able to diffuse into silt-size 

microaggregates and break down clay-protected C (Yang et al., 2021). Therefore, priming may 

have occurred primarily due to exoenzyme-mediated breakdown of organic compounds bound to 

clay within silt-size microaggregates, which were then released into soil solution and made 

available for microbial use (Yang et al., 2021). This process could have created a positive feedback 

loop, particularly in the more C-saturated surface soil, wherein microorganisms produced even 

more exoenzymes after metabolizing the released organic compounds. Because organic 

compounds help stabilize microaggregates (Rasse et al., 2005; Lehmann et al., 2007; Totsche et 

al., 2018), their breakdown and release would have resulted in the destabilization of silt-size 

microaggregates in my experiment, thereby reducing the mass of aggregated clay (Fig. 4.6). 

Factors controlling exoenzyme activity, which is not necessarily related to microbial growth 

(Shahzad et al., 2015; Nannipieri et al., 2018), and the interactions of exoenzymes with clay 

minerals and aggregates at the silt-size scale or smaller, should be investigated in future studies. 

The minimal amount of root-derived C in the dissolved organic C pool suggests that 

exudates were either rapidly processed by microorganisms or sorbed to mineral surfaces, as found 

in other studies (Marx et al., 2007; Keiluweit et al., 2015). Consistent with observations that root 
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exudates increase with root mass (Eisenhauer et al., 2017), microbial growth (suggestive of 

microorganisms feeding on root exudates) and root mass were positively related in my experiment. 

Root hairs, which are abundantly produced by grass roots (Rasse et al., 2005), can especially 

increase exudation and the spatial footprint of roots, enhancing root-driven effects (Holz et al., 

2018). This could be partially responsible for the increased priming in more C saturated soils in 

my experiment, which also had increased root mass. Microorganisms appeared to preferentially 

use rhizodeposits for growth, as evidenced by the dominance of root-derived C within microbial 

biomass and similar to findings in other studies (Liang et al., 2002; Wang et al., 2020). An increase 

in microbial turnover and community changes in conjunction with a decrease in diversity probably 

occurred due to the influx of easily available root-derived C (Dijkstra et al., 2021; Sokol et al., 

2022). Additionally, these microorganisms would have been driven to produce exoenzymes to 

mineralize soil organic matter after metabolizing energy-rich but nutrient-poor exudates (Shahzad 

et al., 2015; Gunina & Kuzyakov, 2022). This could explain the rapid and preferential 

decomposition of clay-protected soil-derived organic matter in my experiment, which had 

consistent and relatively low C:N ratios (i.e., was nutrient-rich), likely owing to the strong affinity 

of proteinaceous microbial residues for mineral surfaces (Kleber et al., 2007). 

Rates of soil-derived C loss in my experiment were comparable to those reported in other 

priming studies (Keiluweit et al., 2015; He et al., 2020; Wang et al., 2020). In general, the priming 

effect is positively related with the size of the initial SOC stock (Kuzyakov et al., 2000). My results 

are consistent with that relationship. More C-saturated soils may experience increased root-driven 

replacement of protected C with unprotected C (Dijkstra et al., 2021) as activated microorganisms 

mine for nutrients (Gunina & Kuzyakov, 2022). In my experiment, soils that were more C saturated 

also had higher proportions of clay-protected C within silt-size microaggregates, potentially 

fostering microenvironments that enhanced both priming and new C incorporation. For example, 

silt-size microaggregates may create more 30-150 µm pores, which are microenvironments that 

effectively increase the microbial spatial footprint and are associated with higher exoenzyme 

activities (Kravchenko et al., 2019). While such microenvironments would have enhanced the 

breakdown of clay-protected C within silt-size microaggregates, causing destabilization, they also 

would have created more opportunities for protection of microbial products and necromass via 

sorption onto mineral surfaces (Kravchenko et al., 2019). Most rhizodeposits undergo microbial 

assimilation, biosynthesis, and turnover (Sokol et al., 2018). Therefore, increased microbial 



108 

 

turnover fueled by the living roots (Dijkstra et al., 2021) and associated necromass may have been 

a key source of root-derived C that was incorporated into non-aggregated and aggregated clay 

(Gross & Harrison, 2019; Sokol & Bradford, 2019; Sokol et al., 2019), explaining the positive 

relationship with microbial growth. 

The relatively large amount of root-derived C incorporated into fine POM in my 

experiment was likely attributable to root hairs and other water-insoluble root debris (Rasse et al., 

2005). I note that coarse silt appeared to be primarily composed of C in the form of POM- rather 

than mineral-associated C, while fine silt also potentially contained a minor component of light 

POM (Virto et al., 2008). Root-derived C incorporation into non-aggregated clay may have 

occurred primarily via sorption onto clay-size surfaces without sorbed C, which likely comprised 

a greater proportion of surface area relative to aggregated clay (Vogel et al., 2014). A reduced 

effect of exchange reactions and exudate- or exoenzyme-mediated release or breakdown, 

respectively, of clay-protected C within non-aggregated clay may explain the lack of priming 

within this fraction. Additionally, transference of formerly aggregated clay (and any still bound 

soil-derived C) to non-aggregated clay would have muted my ability to measure priming within 

this fraction. Net C gains within non-aggregated clay due to living roots may lead to a positive 

feedback loop, wherein dissolved organic C is more likely to be associated with the rough organo-

mineral surfaces created (Vogel et al., 2014). Under what conditions (or at what stage) the 

incorporation of this recent C into non-aggregated clay will foster the formation of clay-size 

particles into silt-size microaggregates at a rate that surpasses any destabilization is an important 

question for future research. 

 

4.6. Conclusions 

 I conclude that clay-protected C within silt-size microaggregates is an important SOC pool 

across land uses and soil depths in a range of soils with varying properties. While most studies 

focus on aggregation at scales larger than silt-size, as well as combine silt- and clay-associated C 

into a single SOC pool, I show that clay-size particles within silt-size microaggregates are 

functionally different than other clay- and silt-size particles in terms of C storage and cycling. 

Critically, my study demonstrates that living roots can destabilize clay-protected C within silt-size 

microaggregates, leading to rapid and preferential decomposition of clay-protected C. Based on 

my results, I suggest an integrated soil C model that considers the interplay of physical (within 
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silt-size microaggregates) and chemical (sorption) protection of clay-associated C (Fig. 4.6). I 

highlight that root-driven stabilization or destabilization of clay-protected C within silt-size 

microaggregates may mediate SOC sequestration and SOC storage capacity. This has important 

implications for our understanding of SOC persistence and the underlying processes used in soil 

C models. 
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4.8. Tables 

Table 4.1. Change (difference between planted and non-planted treatments) in δ13C values (least-

squares means and 95% confidence intervals) of soil fractions by soil depth and land-use type 

across ten agroforestry sites in central Alberta, Canada. POM, particulate organic matter; MBC, 

microbial biomass carbon; WSOC, water-soluble organic carbon. 

Soil depth (cm) 0–10 10–30 30–50 

Fine POM (n = 85) 1.50 (1.13, 1.91) 3.49 (2.92, 4.14) 4.39 (3.70, 5.19) 

Coarse silt (n = 83) 0.34 (0.13, 0.56) 0.82 (0.58, 1.06) 1.35 (1.09, 1.63) 

Fine silt (n = 84) 0.23 (0.08, 0.38) 0.45 (0.30, 0.62) 0.94 (0.76, 1.13) 

Non-aggregated clay (n = 85) 0.54 (0.40, 0.68) 0.66 (0.53, 0.81) 1.13 (0.97, 1.29) 

Aggregated clay (n = 85) 0.97 (0.60, 1.37) 1.01 (0.65, 1.41) 1.48 (1.08, 1.94) 

Bulk soil (n = 87) 0.80 (0.51, 1.11) 1.32 (1.00, 1.68) 2.11 (1.71, 2.55) 

MBC (n = 87) 5.67 (4.82, 6.48) 7.17 (6.37, 7.95) 8.24 (7.46, 8.99) 

WSOC (n = 89) 1.81 (1.40, 2.27) 2.04 (1.62, 2.52) 2.97 (2.45, 3.55) 

Land-use type Cropland Grassland Woodland 

Fine POM (n = 85) 3.81 (3.09, 4.67) 2.90 (2.27, 3.63) 2.27 (1.75, 2.87) 

Coarse silt (n = 83) 1.04 (0.80, 1.31) 0.76 (0.52, 1.02) 0.63 (0.41, 0.87) 

Fine silt (n = 84) 0.67 (0.47, 0.90) 0.58 (0.37, 0.81) 0.34 (0.15, 0.54) 

Non-aggregated clay (n = 85) 0.91 (0.73, 1.11) 0.70 (0.51, 0.89) 0.70 (0.52, 0.88) 

Aggregated clay (n = 85) 1.42 (1.00, 1.89) 1.22 (0.81, 1.68) 0.83 (0.46, 1.24) 

Bulk soil (n = 87) 1.65 (1.26, 2.09) 1.37 (1.00, 1.78) 1.12 (0.77, 1.50) 

MBC (n = 87) 8.27 (7.36, 9.17) 6.60 (5.64, 7.53) 6.22 (5.23, 7.17) 

WSOC (n = 89) 2.74 (2.17, 3.38) 2.02 (1.54, 2.57) 2.02 (1.53, 2.58) 
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4.9. Figures 

 

Figure 4.1. Non-planted treatment (a, c) carbon (C) distributions and (b, d) C to nitrogen (N) ratios 

of soil fractions by (a, b) soil depth and (c, d) land-use type across ten agroforestry sites in central 

Alberta, Canada. Bulk soil shows C concentration (mg C g−1 soil) rather than C distribution (%). 

Error bars represent ± one standard error. Least-squares means within each soil fraction 

accompanied by different lowercase letters are significantly different (Tukey-adjusted, α = 0.05) 

among the soil depths or land-use types. POM-f, fine particulate organic matter; silt-c, coarse silt; 

silt-f, fine silt; clay-nagg, non-aggregated clay; clay-agg, aggregated clay. 
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Figure 4.2. Non-planted treatment aggregated clay fraction (clay-agg) to total clay (total mass or 

carbon mass) proportions by (a) soil depth and (b) land-use type across ten agroforestry sites in 

central Alberta, Canada. Error bars represent ± one standard error. Least-squares means within 

each component accompanied by different lowercase letters are significantly different (Tukey-

adjusted, α = 0.05) among the soil depths or land-use types. 
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Figure 4.3. Microbial biomass carbon (MBC) and water-soluble organic carbon (WSOC) (a) 

rhizodeposit carbon (C) incorporation, (b) growth (difference between planted and non-planted 

treatments), and (c) rhizodeposit-C proportions by soil depth and land-use type across ten 

agroforestry sites in central Alberta, Canada. Error bars represent ± 95% confidence intervals. 

Least-squares means within MBC or WSOC accompanied by different lowercase letters are 

significantly different (Tukey-adjusted, α = 0.05) among the soil depths or land-use types. 
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Figure 4.4. Rhizodeposit-carbon (C) proportions of soil fractions by (a) soil depth and (b) land-

use type across ten agroforestry sites in central Alberta, Canada. Error bars represent ± 95% 

confidence intervals. Least-squares means within each soil fraction accompanied by different 

lowercase letters are significantly different (Tukey-adjusted, α = 0.05) among the soil depths or 

land-use types. POM-f, fine particulate organic matter; silt-c, coarse silt; silt-f, fine silt; clay-nagg, 

non-aggregated clay; clay-agg, aggregated clay. 
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Figure 4.5. (a) Priming, i.e., the intensified loss of carbon (C), (b) rhizodeposit C incorporation, 

and (c) net C change (difference between planted and non-planted treatments) of soil fractions by 

soil depth and land-use type across ten agroforestry sites in central Alberta, Canada. Error bars 

represent ± 95% confidence intervals. Least-squares means within each soil fraction accompanied 

by different lowercase letters are significantly different (Tukey-adjusted, α = 0.05) among the soil 

depths. POM-f, fine particulate organic matter; silt-c, coarse silt; silt-f, fine silt; clay-nagg, non-

aggregated clay; clay-agg, aggregated clay. 
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Figure 4.6. (a) Proposed conceptual model for root-driven destabilization of clay-protected 

organic matter within water-stable silt-size microaggregates (adapted from Sokol et al., 2022) and 

(b) a soil carbon model structure that implements the interplay of physical (within silt-size 

microaggregates) and chemical (sorption) protection of clay-associated carbon (expanded from 

Yang et al., 2021). Thicker arrows indicate greater rates of flow. 
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5.1. Abstract 

Carbon (C) sequestration initiatives may be impeded by root-driven intensified loss (a.k.a. 

priming) of soil organic C (SOC). Protection of SOC from microbial decomposition occurs 

through soil aggregation and mineral sorption, which may be enhanced by organic amendments 

such as biochar. How sorption of C to clay within silt-size microaggregates is affected by the 

interaction between root-driven dynamics and organic amendments is unknown. Here I quantified 

SOC changes due to the influence of living roots in soils—either non-amended or amended (two 

years prior) with manure compost or its biochar derivative—collected from annually cropped 

agricultural land using the C stable isotope natural abundance technique. Following a 150-d 

incubation in a controlled growth chamber, paired non-planted and planted (Bouteloua gracilis) 

soils were fractioned into particulate organic matter, silt, non-aggregated clay, and clay within 

water-stable silt-size microaggregates (aggregated clay). Priming of soil-derived C was limited to 

the aggregated clay fraction and was only significantly different from zero in non- and manure-

amended soils (1.30 and 1.25 mg C g−1 soil, respectively). Microbial growth, root-derived C 

incorporation into the aggregated clay fraction, and reductions in the mass of the aggregated clay 

fraction, were positively correlated with priming. Biochar minimized the effect that living roots 

had on reducing the mass of the aggregated clay fraction, potentially due to the presence of fine-

silt-size biochar and its sorption of root exudates or interactions with microorganisms and 

exoenzymes. I conclude that biochar can stabilize clay-protected C within silt-size 

microaggregates under the influence of living roots, which may foster long-term SOC 

sequestration and stabilization across agricultural lands in soils with varying properties. 
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Graphical abstract: 

 

 

 

 

Keywords: biochar, labile carbon, microbial biomass, mineral-associated organic carbon, 

particulate organic matter, rhizosphere priming, soil aggregation, stable isotopes  

 

 

Highlights: 

 

• Priming was limited to the aggregated clay fraction. 

• Priming increased with microbial growth and root-derived carbon in aggregated clay. 

• Priming increased with reductions in the mass of the aggregated clay fraction. 

• Biochar minimized mass reductions and priming within the aggregated clay fraction. 

• Biochar can stabilize clay-protected carbon within silt-size microaggregates. 
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5.2. Introduction 

Cultivation results in the loss of large amounts of carbon (C) from the soil (Guo & Gifford, 

2002). This C is released to the atmosphere, exacerbating global climate change (Ciais et al., 2013). 

Increasing soil organic C (SOC) storage is key to help mitigate climate change (IPCC, 2022) and 

can also increase soil health (e.g., increased nutrient- and water-holding capacities, microbial 

diversity, aeration, and soil aggregation), enhancing the resilience of agricultural land to climate 

changes such as drought (Amundson & Biardeau, 2018). However, increasing C inputs to soil can 

result in intensified loss (a.k.a. priming) of SOC, initially reducing SOC storage (Dijkstra et al., 

2021). Understanding how agricultural soils under different management regimes store and cycle 

new C inputs will allow for the development of targeted management practices to increase C 

sequestration and, in turn, food security (Lorenz & Lal, 2022).  

Incorporating organic amendments into agricultural soils is a common management 

practice used to increase SOC (Lal, 2004; Paustian et al., 2016) by adding organic C to the soil in 

relatively large amounts, usually at infrequent intervals. Additional practices aimed at increasing 

SOC, such as the use of perennial or cover crops (Paustian et al., 2016; Schlautman et al., 2021; 

IPCC, 2022), increase C inputs to the soil more gradually and over longer periods by increasing 

root litter and exudate C inputs (together termed rhizodeposition). Fresh C inputs enhance 

microbial activity, which can intensify the loss of SOC, a phenomenon referred to as priming 

(Kuzyakov et al., 2000). In particular, living roots can have both stabilizing and destabilizing 

effects on SOC (Dijkstra et al., 2021), with rhizosphere priming effects sometimes resulting in 

initial net decreases in SOC storage despite additional C inputs (Dijkstra & Cheng, 2007; Sulman 

et al., 2014; Dijkstra et al., 2021).  

Chemically and physically protected SOC may persist longer in soil than C that is more 

readily accessible to microorganisms (Lehmann et al., 2007; Virto et al., 2010; Totsche et al., 

2018). Sorption of organic C to soil minerals, particularly to the clay fraction, is considered to 

provide protection from microbial decomposition (Angst et al., 2018; Rasmussen et al., 2018). 

This mineral-associated C may be primarily comprised of microbial residues (Kleber et al., 2007; 

Liang et al., 2019). Because living roots increase microbial turnover, they also increase microbial 

products and necromass that can be stabilized in the soil (Zhu et al., 2020; Dijkstra et al., 2021; 

Sokol et al., 2022). However, root exudates can cause priming by mediating the release of mineral-

associated C into the dissolved organic C pool, which is readily available to microorganisms 
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(Clarholm et al., 2015; Keiluweit et al., 2015). Living roots can also foster the formation of 

aggregates (Rasse et al., 2005; Totsche et al., 2018), which physically protect SOC from microbial 

decomposition, as well as enhance aggregate turnover and therefore priming effects (He et al., 

2020; Wang et al., 2020). 

Soils amended with biochar (organic material pyrolyzed under low or no oxygen 

conditions) may experience increased root-derived C retention relative to non-amended soils, as 

well as negative priming (Lehmann et al., 2011; Hernandez-Soriano et al., 2016a; Weng et al., 

2017). Biochar amendment can counteract rhizosphere priming through the sorption of root 

exudates onto biochar surfaces (Weng et al., 2017), both reducing priming effects and increasing 

root-derived C retention. Biochar has also been found to promote aggregate formation, particularly 

microaggregate formation, providing additional physical protection of SOC from microbial 

decomposition (Hernandez-Soriano et al., 2016a; Weng et al., 2017). Silt-size microaggregates 

(2–53 µm) are especially important for providing SOC protection by largely excluding bacteria 

from their micropores (Rasse et al., 2005; Lavallee et al., 2019; Yang et al., 2021). If biochar 

accelerates the formation of these organo-mineral microstructures, SOC in biochar-amended soils 

may be less susceptible to root-driven priming effects (Weng et al., 2017). However, little is known 

about SOC stabilization within silt-size microaggregates because most aggregation studies do not 

consider aggregates at this size scale (Virto et al., 2008; Totsche et al., 2018; Lavallee et al., 2019).  

My previous study showed that living roots can destabilize clay-protected C within silt-

size microaggregates, leading to rapid and preferential decomposition of clay-protected C (Chapter 

4). Here I expand on my previous study by using the 13C natural abundance technique to investigate 

the effects of manure compost and biochar on root-driven SOC dynamics in soils with varying 

properties (texture, pH, C and N content, etc.) collected from annually cropped agricultural land 

and planted with a native perennial C4 plant species (blue grama, Bouteloua gracilis (Willd. ex 

Kunth.) Lag. Ex Griffiths). I used soils derived from C3 plant systems that were either amended 

(two years prior) or not amended with manure compost or its biochar derivative. My objectives 

were to 1) elucidate the effect of manure compost and biochar on the interplay of physical and 

chemical protection of C under the influence of living roots by quantifying root C incorporation 

and priming across different soil fractions, including clay-size particles within silt-size 

microaggregates, and 2) assess the interdependence of soil properties (including SOC storage 
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within soil fractions) and root-driven SOC dynamics across non-amended and manure- and 

biochar-amended agricultural soils. 

 

5.3. Materials and methods 

5.3.1. Soils used in incubation 

I collected surface soils (0–10 cm) in May 2020 from ten producer-operated, annually 

cropped sites in central Alberta, Canada. Soil was collected by augering (3.81-cm diameter) three 

holes per treatment (non-amended or amended with manure compost or its biochar derivative) and 

soil was composited by site. The historical monocultural annual crop rotation at all ten study sites 

was typically a combination of wheat (Triticum aestivum L.), barley (Hordeum vulgare L.), and 

canola (Brassica rapa L.). The soils at all ten study sites exhibited high levels of surface soil 

organic matter accumulation (Chernozems in the Canadian soil classification system or Ustic 

Haplocryolls in the United States soil taxonomy system). More detailed site and soil property 

information is provided in Gross et al. (2022).  

Manure compost and biochar were applied (to plots 7 × 7 m in size) at equivalent C rates 

of 7 Mg C ha−1 in early May 2018 and tilled into the surface 10 cm of soil. The manure compost 

and biochar were applied at 25 and 20 Mg ha−1 (dry-weight), respectively, based on the C 

concentration for manure compost (280 mg C g−1 manure compost) and biochar (347 mg C g−1 

biochar). The amount of nitrogen (N) applied was 185 and 138 kg N ha−1 for manure compost and 

biochar, respectively, due to the lower C:N ratio of the manure compost (37.5) relative to the 

biochar (50.2). The manure (derived from steers fed alfalfa hay, barley straw, lentil pellets, and 

activated carbon) was composted outdoors for one full year. The manure was composted with 

livestock bedding material consisting of equal parts barley and wheat straw (~5:1 ratio of manure 

to straw, mass-basis). A minor component of pine (Pinus spp.) and spruce (Picea spp.) wood chips 

was later added to the bulk manure compost prior to biochar production to aid in the pyrolysis 

process (~10:1 ratio of manure compost to wood chips, mass-basis). Biochar was produced by 

processing the bulk manure compost at 650 °C for 90 min under low to no oxygen conditions until 

it was fully pyrolyzed using a retort pyrolysis system. The mean δ13C values of the manure compost 

(n = 3) and biochar (n = 3), respectively, were −25.50 and −26.44 ± 0.05‰. More detailed 

information with respect to the field experiment is provided in Gross et al. (2022). 



129 

 

After the soil samples were returned to the laboratory, field-moist soil was sieved to 8 mm 

by carefully separating the soil at natural breaks to minimize disturbance of the existing aggregate 

structure and disruption of soil microbial activity (Horwath & Paul, 1994; Datta et al., 2014). Plant 

residues and coarse fragments (diameter > 2 mm) were removed from the soil. All soil samples 

were stored at 4 °C prior to the incubation.  

 

5.3.2. Experimental design and incubation 

The incubation experiment used a randomized complete block design. Pre-weighed 

polypropylene jars (64-mm diameter × 70-mm height) were filled with 60 g (oven-dry weight 

basis) of sieved (< 8 mm) field-moist soil. To minimize aggregate disruption, bulk density was 

controlled by repeatedly tapping the base of the jars, attaining a similar bulk density between 

duplicates. Soil moisture content was adjusted to 60% water-holding capacity by either air-drying 

or slowly and evenly adding ultrapure (MilliporeSigma Milli-Q) water. Soils were preincubated 

for 10 days in a growth chamber (Conviron CMP6050, Winnipeg, Manitoba, Canada) with 100% 

relative humidity, a 17-h photoperiod with 400 µmol m−2 s−1 light intensity, and temperatures of 

26 and 13 °C in the day and night, respectively. To maintain the moisture content at 60% maximal 

water-holding capacity, soils were moistened with ultrapure water at 3-d intervals (see below for 

more details). 

After the preincubation period, one set of the duplicate soils was planted with 0.3 g of blue 

grama seeds (Ontario Seed Co., Limited) (hereafter referred to as planted treatment), which were 

spread evenly over the soil surface. The paired planted and non-planted (bare soil) treatments were 

then incubated for 150 days under the same conditions as the preincubation period. An additional 

subset of the soils was planted with blue grama seeds and simultaneously incubated as a reference 

to determine the amount of water to be added to soils in the planted treatment. Soil in reference 

jars was destructively sampled weekly during the first half of the incubation to quantify and 

account for the mass of the fresh grass biomass (both above- and belowground) at various stages 

of phenological development. 

After 150 days, the soil from both planted and non-planted treatments was gently removed 

from the jars and carefully separated at natural breaks to pass through an 8 mm sieve. Grass blades, 

stems, and roots were removed from the planted treatment, thoroughly washed with water on a 

250-µm sieve, dried at 60 °C for 48 h, and weighed. Most roots were removed with tweezers, 
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although some very fine roots remained embedded in aggregates. Planted and non-planted 

treatments were processed similarly to avoid any differential processing effect on the pairs. 

Subsequently, bulk soils were adjusted to 50% water-holding capacity and stored at 4 °C to 

minimize microbial biomass effects, as well as limit increases in the quantity or strength of organic 

C interactions with minerals or interactions between minerals, which can affect aggregate stability, 

labile organic C concentrations, and mineral-associated organic C (Kaiser et al., 2015). 

 

5.3.3. Roots, bulk soil, microbial biomass, and labile carbon analyses 

Roots were ground to a fine powder using a stainless-steel ball mill and a composite 

subsample was analyzed (n = 4) on an Elemental Combustion System (Costech EA; ECSD 4010) 

that led into a Thermo‐Finnigan Delta V isotope ratio mass spectrometer (IRMS). To obtain bulk 

soil C and nitrogen (N) concentrations, as well as δ13C values (δ15N values were generated but not 

used in this paper), subsamples were dried at 40 °C, ground to a fine powder with an agate mortar 

and pestle, and analyzed on the EA-IRMS. Prior to analysis, soils that contained carbonates (n = 

3) were subject to acid fumigation for 72 h to remove carbonates so that measured soil C 

represented only organic C (Ramnarine et al., 2011). A conversion factor was used to account for 

the increased weight of acidified soils so as to not dilute any organic C (Ramnarine et al., 2011). 

Soils containing carbonates were confirmed prior to the incubation experiment by analyzing 

subsamples of all the soils with pH > 6.00 on an elemental analyzer (Vario MICRO Cube 

Elemental Analyzer, Elementar, Hesse, Germany) before and after acid fumigation. For analyses 

on the EA-IRMS, bovine liver and wheat flour were used as internal laboratory standards. Carbon 

isotopes are reported in the conventional δ notation (‰) relative to Vienna Pee‐Dee‐Belemnite for 

C stable isotopes (Cooper & Wissel, 2012). Samples that were analyzed as laboratory duplicates 

(9% of the samples) gave isotopic compositions that agreed within 0.2‰ for δ13C. 

The chloroform fumigation-extraction procedure was used to measure soil microbial 

biomass (Vance et al., 1987; Beck et al., 1997). Duplicate subsamples of 5 g (oven-dry weight 

basis) of soil were fumigated in a vacuum chamber with ethanol-free chloroform for 48 h in 

darkness (Jenkinson et al., 2004). Water-soluble organic matter was extracted from both fumigated 

and non-fumigated samples by shaking the samples with 0.01 M K2SO4 (1:5 w:v) for 1 h at 180 

rpm (Haney et al., 2001; Werth & Kuzyakov, 2010). After centrifuging at 10,000 × g for 10 min, 

20 mL of the supernatant was collected and filtered through a 0.4-µm Whatman Nuclepore 
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polycarbonate filter (Zsolnay, 2003; Chantigny et al., 2007). Filtrates were stored at 4 °C prior to 

analysis with a total organic C (TOC) analyzer (TOC-V and TN unit, Shimadzu Corporation, 

Kyoto, Japan) using 680 °C combustion catalytic oxidation and the non-purgeable organic C (to 

remove inorganic C) and total N methods. Microbial biomass C (MBC) was calculated using an 

extraction efficiency of 0.45 (Jenkinson et al., 2004). The organic C and total N in the non-

fumigated samples were defined as water-soluble organic C (WSOC) and N (WSN). To obtain 

δ13C values, 10 mL aliquots of the filtrates were dried at 40 °C, and precipitates were agitated to a 

fine powder using a stainless-steel soil scoop and analyzed on the EA-IRMS. Prior to drying, 0.4 

mL of 1 M HCl was added to the filtrate aliquots from soils that contained carbonates to remove 

inorganic C. 

 

5.3.4. Physical soil fractionation and soil fraction analyses 

Eight grams (oven-dry weight basis) of soil was fractioned into the following: coarse and 

fine particulate organic matter (POM), coarse and fine silt, non-aggregated clay, and clay within 

silt-size microaggregates. To protect water-stable silt-size microaggregates from being destroyed 

while breaking down larger aggregates (> 53 µm), the size-separation device described in detail 

by Virto et al. (2008) was used. Briefly, soil aggregates > 53 µm in size were broken up on a 

shaker (4 h at 180 rpm) using five glass beads (5-mm diameter) within a 30-mL plastic bottle 

sealed with a 53-µm-opening nylon cloth (Gilson Co. Inc., Columbus, OH) and contained within 

a 250-mL plastic bottle with 200 mL of ultrapure water (Virto et al., 2008). This device allowed 

for the separation of materials < 53 µm in size from the abrasive effects within the small bottle, 

including water-stable silt-size microaggregates, which passed into the large bottle and remained 

in suspension during shaking (Virto et al., 2008).  

The sand + POM fraction collected in the small bottle was poured onto a 53-µm sieve and 

rinsed over a beaker with ultrapure water until the solution passing through the sieve was clear. 

The silt + clay fraction in the large bottle was added to the suspension in the beaker. The sand + 

POM fraction was backwashed into a 250-µm sieve over a larger 53-µm sieve and rinsed for an 

additional minute. For the fraction remaining on the 250-µm sieve (hereafter referred to as coarse 

POM), remaining roots in the planted treatment were removed with tweezers, oven-dried, and 

weighed. No roots were visible in the fraction collected on the 53-µm sieve (hereafter referred to 

as fine POM). The dry mass of recovered roots was added to the total root mass for a given planted 
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treatment using a multiple that assumed uniformity in the remaining mass of roots in the bulk soil 

after initial root removal. 

Sedimentation and centrifuging (until the supernatant was clear) according to Stoke’s Law 

were used to separate the dispersed clay-size fraction (< 2 µm; hereafter referred to as non-

aggregated clay) from the silt + clay fraction (Virto et al., 2008). The remaining silt-size fraction 

(consisting of free silt-size particles and water-stable silt-size microaggregates) was subjected to 

500 J cm−3 ultrasonic energy after transferring this fraction into a 100-mL glass beaker (45-mm 

diameter, 80-mm height) and adding ultrapure water to result in an 80-mL soil suspension (Kaiser 

& Berhe, 2014). The ultrasonic probe (Qsonica Q700, Newton, Connecticut, USA) was calibrated 

as described by Schmidt et al. (1999) and the probe tip (12-mm diameter) was immersed 18 mm 

into the suspension. Samples underwent sonification using 50% amplitude and a pulse:non-pulse 

ratio of 1:1 to avoid mass losses and prevent overheating of the probe and soil suspension (Yang 

et al., 2009). To maintain soil suspension temperatures below 30 °C, the base of the beaker was 

cooled by the continuous circulation of compressed air during sonification.  

Following the application of 500 J cm−3 ultrasonic energy to break up larger silt-size 

microaggregates (20–53 µm) (Kaiser & Berhe, 2014), the soil suspension was poured over a 20-

µm sieve and rinsed over a beaker with ultrapure water until the solution passing through the sieve 

was clear. The silt-size fraction remaining on the 20-µm sieve is hereafter referred to as coarse silt. 

Sedimentation was used to separate most of the clay-size fraction (< 2 µm) dispersed after 

sonication (hereafter referred to as aggregated clay) from the soil suspension. The remaining soil 

suspension, which was stored at 4 °C for a maximum of 24 h before further fractionation (Virto et 

al., 2008; Kaiser et al., 2015), was subjected to an additional 1000 J cm−3 ultrasonic energy to 

achieve complete dispersion (Kaiser & Berhe, 2014). Sedimentation and centrifuging (until the 

supernatant was clear) were used to separate the remaining clay-size fraction (< 2 µm; included in 

the aggregated clay) and silt-size fraction (hereafter referred to as fine silt). 

All soil fractions were transferred into pre-weighed aluminum dishes, oven-dried at 40 °C, 

and weighed. The soil fractions (except coarse POM) were ground to a fine powder with an agate 

mortar and pestle and analyzed on the EA-IRMS to determine their C and N concentrations and 

δ13C values. Prior to analysis, soils that contained carbonates were subjected to acid fumigation as 

previously described. Coarse POM was not analyzed on the EA-IRMS, as this fraction is the least 

homogeneous and was also contaminated with very fine root fragments in the planted treatment. 
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The amount of C in coarse POM was calculated as the difference between bulk soil C and the sum 

of C across the other soil fractions for a given sample. Across all samples, the soil mass recovery 

ratio (sum of soil fractions to total sample used) was 1.00 ± 0.00 (standard error). The C recovery 

ratio (sum of soil fractions to bulk soil, not including coarse POM) was 0.95 ± 0.01, 0.95 ± 0.02, 

and 0.90 ± 0.02 for the control, manure compost, and biochar treatments, respectively, wherein 

biochar-amended soil contained visible biochar particles in coarse POM in most samples. 

Differences between the planted and non-planted treatments in % clay of the < 20 µm fraction and 

% fine silt of total silt were 0.00 ± 0.15 and 0.15 ± 0.15, respectively. 

 

5.3.5. Calculations 

The δ13C values of microbial biomass were calculated as 

 

𝛿13𝐶𝑚𝑖𝑐 = [(𝐶𝑓𝑢𝑚 × 𝛿13𝐶𝑓𝑢𝑚) − (𝐶𝑛𝑓𝑢𝑚 × 𝛿13𝐶𝑛𝑓𝑢𝑚)]/(𝐶𝑓𝑢𝑚 − 𝐶𝑛𝑓𝑢𝑚) [5.1] 

 

where 𝐶𝑓𝑢𝑚 and 𝐶𝑛𝑓𝑢𝑚 are the amounts of water-soluble C (µg C g−1 soil) in the fumigated and 

non-fumigated soils, respectively, and 𝛿13𝐶𝑓𝑢𝑚 and 𝛿13𝐶𝑛𝑓𝑢𝑚 are the δ13C values of the fumigated 

and non-fumigated samples, respectively (Marx et al., 2007; Werth & Kuzyakov, 2008; Vogel et 

al., 2014). 

The contribution of root-derived C (rhizodeposit-C) to total C in MBC, WSOC, soil 

fractions, or bulk soil in the planted treatment was calculated as 

 

𝐶𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 = 𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 × 𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑  [5.2] 

 

where 𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the amount of C (µg or mg C g−1 soil) in MBC, WSOC, soil fractions, or bulk 

soil in the planted treatment and 𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 is the fraction of C attributable to root-derived C, 

calculated as 

 

𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡 = (𝛿13𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑 − 𝛿13𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑)/(𝛿13𝐶𝑟𝑜𝑜𝑡 − 𝛿13𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑) [5.3] 
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where  𝛿13𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the δ13C value of C in MBC, WSOC, soil fractions, or bulk soil in the planted 

treatment, 𝛿13𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the δ13C value of C in MBC, WSOC, soil fractions, or bulk soil in 

the non-planted treatment, and 𝛿13𝐶𝑟𝑜𝑜𝑡 is the mean δ13C value of the roots (−15.37 ± 0.02‰) 

(Marx et al., 2007; Werth & Kuzyakov, 2008). For the δ13C value of the roots, I accounted for the 

magnitude of isotopic fractionation between rhizodeposits and microbial biomass, which was 

assumed to be the same as between the bulk soil and microbial biomass (Werth & Kuzyakov, 

2008). Microbial biomass was 13C enriched by an average of 1.25 ± 0.15‰ relative to the bulk soil 

in the non-planted treatment, consistent with the findings in Werth & Kuzyakov (2010).  

Priming of C (mg C g−1 soil), i.e., the intensified loss of soil-derived C due to the presence 

of living roots over the duration of the incubation (150 days), was calculated as 

 

𝐶𝑝𝑟𝑖𝑚𝑒𝑑 = 𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑 − 𝐶𝑝𝑙𝑎𝑛𝑡𝑒𝑑(1 − 𝑓𝑟ℎ𝑖𝑧𝑜𝑑𝑒𝑝𝑜𝑠𝑖𝑡)  [5.4]

 

where 𝐶𝑛𝑜𝑛−𝑝𝑙𝑎𝑛𝑡𝑒𝑑 is the amount of C (mg C g−1 soil) in soil fractions or bulk soil in the non-

planted treatment. 

 

5.3.6. Statistical analyses 

Linear mixed-effect models were used to determine whether priming or soil property 

differences between the planted and non-planted treatments were significantly different from zero 

and whether they differed among the agricultural treatments: control (non-amended), manure 

compost (hereafter referred to as manure for brevity), and biochar. A randomized complete block 

design model was used for the statistical analyses. Agricultural treatment was the fixed effect and 

site was the random effect. Root mass was included in the models as a covariate. All data points 

with Cook’s distance > 4/n were examined as potential outliers and removed when required for 

the model fit. Where necessary for the soil variables, data transformations using the lambda value 

for the maximum log likelihood for obtaining minimum error sum of squares were conducted to 

conform data to the assumptions of homogeneous variance and normality of distribution. Back-

transformed data were used to calculate least-squares means and 95% confidence intervals (CIs). 

For determining differences in soil properties across the agricultural treatments for the non-planted 

treatment, similar linear mixed-effect models were used (less the covariate), but non-transformed 

data were used in the models to calculate least-squares means and standard errors. When 
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significant effects were detected at p < 0.05 after using type-III analysis-of-variance (ANOVA), 

pairwise post-hoc comparisons using the Tukey method for p-value adjustment were conducted to 

compare differences among agricultural treatments. Associations among continuous variables of 

interest were determined using Pearson’s parametric correlation. Specifically, I assessed the 

relationships between soil properties in the non-planted treatment and root-driven soil effects. All 

data were analyzed using RStudio Version 1.4.1106 and the “lme4” package for the linear mixed-

effect models (RStudio Team, 2021). 

 

5.4. Results 

5.4.1. Properties of soil fractions in the non-planted treatment 

 In the non-planted treatment, aggregated and non-aggregated clay had similar C 

concentrations across agricultural treatments, with 11.72 and 12.29 mg C g−1 soil, respectively 

(Fig. 5.1a). In contrast, biochar-amended soil had greater (p < 0.001) C concentrations than non- 

and manure-amended soils in fine silt, fine POM, and the bulk soil (Fig. 5.1a). Coarse POM C 

concentrations were also greater (p < 0.001) in biochar-amended soil than in non- and manure-

amended soils, with 3.96, 1.72, and 1.80 mg C g−1 soil, respectively. Similar to the differences 

found among agricultural treatments for C concentrations, the C:N ratio was greater (p < 0.001) in 

biochar-amended soil than in non- and manure-amended soils in fine silt, fine POM, and the bulk 

soil (Fig. 5.1b).  

In the non-planted treatment, δ13C values were −27.67‰ for fine POM, −26.83‰ for 

coarse silt, −26.73‰ for fine silt, −26.00‰ for non-aggregated clay, −26.67‰ for aggregated clay, 

and −26.37‰ for the bulk soil (Table D.S1). No differences across agricultural treatments were 

found. Aggregated clay comprised a similar proportion of total clay mass (39%) and clay-protected 

C (48%) across agricultural treatments, with biochar-amended soil having slightly (but non-

significant) greater amounts (Fig. D.S1). Aggregated clay was 1.46 times more enriched in C than 

non-aggregated clay across agricultural treatments (Fig. D.S2). 

 

5.4.2. Microbial biomass and labile carbon 

 In the non-planted treatment, δ13C values for MBC and WSOC were −25.25 and −26.80‰, 

respectively (Table D.S1), with no difference found across agricultural treatments. Compared with 

the non-planted treatment, δ13C values for MBC and WSOC in the planted treatment increased by 
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an average of 6.77 and 1.72‰, respectively (Table 5.1). The amount of rhizodeposit-C in the MBC 

was similar across agricultural treatments (353–408 µg C g−1 soil). The increase in MBC within 

the planted treatment relative to the non-planted treatment (i.e., microbial growth) was also similar 

across agricultural treatments (307–429 µg C g−1 soil). The majority of MBC was comprised of 

rhizodeposit-C (61%), while a much smaller proportion of WSOC was comprised of rhizodeposit-

C (14–16%; Fig. 5.2). The amount of rhizodeposit-C in the WSOC was negligible across 

agricultural treatments (4–5 µg C g−1 soil), as was the increase in WSOC within the planted 

treatment relative to the non-planted treatment (1–6 µg C g−1 soil). 

 

5.4.3. Rhizodeposit carbon incorporation and priming 

 Compared with the non-planted treatment, δ13C values in the planted treatment increased 

by 0.44‰ for coarse silt, 0.30‰ for fine silt, 0.56‰ for non-aggregated clay, 0.98‰ for 

aggregated clay, and 0.99‰ for the bulk soil (Table 5.1). For fine POM, the increase was greater 

(p < 0.001) in non- and manure-amended soils (2.36 and 2.31‰, respectively) relative to biochar-

amended soil (1.68‰; Table 5.1). Similarly, the proportion of C comprised of rhizodeposit-C 

within fine POM was greater (p < 0.001) in non- and manure-amended soils than in biochar-

amended soil, a reflection of the initial size of the C pools (Fig. 5.3). Across agricultural treatments, 

rhizodeposit-C comprised 7% of the C associated with aggregated clay, which represented an 

overall higher proportion relative to non-aggregated clay (5%) and the silt fractions (2–3%; Fig. 

5.3).  

Priming (i.e., the intensified loss of C) within the soil fractions was limited to aggregated 

clay (Fig. 5.4a). Root-driven soil-derived C losses within aggregated clay were only significantly 

different from zero in non- and manure-amended soils (1.30 and 1.25 mg C g−1 soil, respectively; 

Fig. 5.4a). Within the bulk soil, priming was similar in magnitude across agricultural treatments 

(1.08–1.54 mg C g−1 soil; Fig. 5.4a). A similar amount of rhizodeposit-C was incorporated into all 

soil fractions and the bulk soil across agricultural treatments (Fig. 5.4b). The amount of 

rhizodeposit-C incorporated into the soil fractions was minimal for the silt fractions relative to the 

clay fractions and fine POM (Fig. 5.4b). Rhizodeposit-C incorporation into the bulk soil was an 

average of 1.09 mg C g−1 soil greater than the sum of the measured soil fractions (Fig. 5.4b). This 

additional rhizodeposit-C was attributable to the amount of C in the roots remaining in the bulk 

soil that were removed from coarse POM after physical soil fractionation (0.98 ± 0.12 mg C g−1 
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soil). Net C changes within the soil fractions were limited to fine POM (except for a minimal net 

C gain within coarse silt for biochar-amended soil) and were similar across agricultural treatments 

(0.73–0.87 mg C g−1 soil; Fig. 5.4c). The net C gain for the bulk soil was an average of 1.25 mg C 

g−1 soil greater than the sum of the measured soil fractions, a difference again attributable to the 

amount of C in the roots remaining in the bulk soil (Fig. 5.4c). 

  Across agricultural treatments, priming within aggregated clay was positively correlated 

with the proportion of clay-protected C within aggregated clay and WSN in the non-planted 

treatment (p < 0.01; Fig. D.S3). Priming within aggregated clay was also positively correlated with 

MBC growth (difference between planted and non-planted treatments), rhizodeposit-C 

incorporation into aggregated clay, and the loss of aggregated clay mass in the planted treatment 

(difference between the aggregated clay to total clay mass proportions in the planted and non-

planted treatments), with the latter two variables explaining 50 and 45% of the variation, 

respectively, in priming within aggregated clay (p < 0.03; Fig. D.S3). Specifically, living roots had 

a more neutral effect on the mass of aggregated clay in biochar-amended soil (+0.21%) relative to 

non- and manure-amended soils, wherein the mass of aggregated clay tended to be reduced by 

living roots (−1.72 and 0.60%, respectively; Fig. D.S4). The loss of aggregated clay mass was 

positively correlated with MBC growth, as well as the proportion of clay-protected C within 

aggregated clay and MBC in the non-planted treatment (p < 0.03; Fig. D.S3). Root mass (Table 

D.S2) and MBC growth were positively correlated (p = 0.01; Fig. D.S3). In the non-planted 

treatment, bulk soil C was positively correlated with the proportion of clay-protected C within 

aggregated clay (p < 0.001; Fig. D.S3). 

 

5.5. Discussion 

 I show that biochar can stabilize clay-protected C within silt-size microaggregates under 

the influence of living roots. My results highlight an interplay between physical (within silt-size 

microaggregates) and chemical (sorption) protection of SOC as affected by biochar (Weng et al., 

2017), as well as the dual effects (stabilizing and destabilizing) of living roots on SOC dynamics 

(Dijkstra et al., 2021). In my experiment, overall net C gains occurred despite priming of soil-

derived C. These net C gains resulted largely from root-derived C in the form of fine POM, which 

is a relatively labile form of SOC (Lavallee et al., 2019) and likely originated from water-insoluble 

root debris such as root hairs (Rasse et al., 2005). Priming was driven by rapid and preferential 
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decomposition of clay-protected C, further challenging the assumption that C associated with clay 

is stable (Keiluweit et al., 2015; Yang et al., 2021). Therefore, the stabilizing effect of biochar on 

clay-protected C within silt-size microaggregates has important implications for the long-term 

stabilization and accumulation of SOC in agricultural soils. 

A higher proportion of clay-protected C within silt-size microaggregates was positively 

related to greater total SOC content, underscoring the importance of this SOC pool. Additionally, 

aggregated clay was more enriched in C than non-aggregated clay, indicating that aggregation at 

the silt-size scale is a critical component in enhancing SOC storage. These results are consistent 

with the findings of my study that assessed the same SOC pools across land uses and soil depths 

(Chapter 4), as well as others that studied microaggregates at the silt-size scale or smaller (Virto 

et al., 2010; Vogel et al., 2014; Asano et al., 2018). Indeed, aggregated clay can play a pivotal role 

in SOC sequestration and stabilization (Chenu & Plante, 2006; Vogel et al., 2014). While living 

roots destabilized aggregated clay and associated C in non- and manure-amended soils, the 

presence of biochar reduced this effect. Incorporation of root-derived C into aggregated clay 

occurred rapidly in non- and manure-amended soils, but was also diminished in biochar-amended 

soil, suggesting that biochar reduced the extent of root-driven disruption of silt-size 

microaggregates and associated C turnover rates. 

Root-derived C was preferentially sorbed to aggregated clay relative to non-aggregated 

clay in my experiment (given the lower proportion of total clay mass associated with aggregated 

clay), similar to my previous observations (Chapter 4) and other studies (Vogel et al., 2014; Asano 

et al., 2018). However, this preferential sorption was more evident in non- and manure-amended 

soils than biochar-amended soil, potentially resulting from a shift in root-derived C incorporation 

into fine silt in biochar-amended soil. This shift may have occurred if some of the fine silt was 

comprised of fine-silt-size biochar, especially if this fine-silt-size biochar was incorporated into 

silt-size microaggregates (Virto et al., 2008; Weng et al., 2017). Indeed, biochar particles generally 

have high porosity and surface area for sorbing C (Lin et al., 2012; Hernandez-Soriano et al., 

2016b). The higher C content and C:N ratio in fine silt in biochar-amended soil is suggestive of 

the presence of biochar particles in this fraction (as opposed to, for example, greater SOC storage 

in fine silt resulting only from an indirect effect of biochar amendment).  

A shift in root-derived C incorporation into fine silt in biochar-amended soil may be 

responsible for the diminished priming within aggregated clay and enhanced priming within fine 
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silt in biochar-amended soil relative to non- and manure-amended soils. The strong positive 

relationship between root-derived C incorporation into aggregated clay and priming in this fraction 

supports this scenario. For example, root exudates, which can mediate the release of mineral-

associated C (Clarholm et al., 2015; Keiluweit et al., 2015) and enhance aggregate disruption, may 

have been sorbed on the surfaces of fine-silt-size biochar (Weng et al., 2017), reducing the 

destabilizing effects of the living roots. Exchange reactions, wherein mineral-associated C is 

released in favor of new C (Marx et al., 2007; Sanderman et al., 2008), likely enhanced priming 

within fine silt in biochar-amended soil. Future studies should investigate if biochar at the fine-

silt-size scale and associated root-derived C retention can directly foster the formation of clay-size 

particles into silt-size microaggregates, as this could lead to a positive feedback loop (Vogel et al., 

2014; Weng et al., 2017). 

Another potential mechanism by which biochar may have minimized priming within 

aggregated clay is by reducing microbial activity and metabolism (Hernandez-Soriano et al., 

2016b; Yousaf et al., 2017). Specifically, biochar may have limited priming within aggregated 

clay by decreasing the activities of exoenzymes (Lehmann et al., 2011), which can diffuse into 

silt-size microaggregates (with micropores too small for microorganisms to penetrate) and break 

down associated clay-protected C (Yang et al., 2021). Sorption of exoenzymes to biochar can 

reduce exoenzyme activity through immobilization (Lehmann et al., 2011). Additionally, co-

localization of microorganisms and organic C on biochar surfaces (such as within fine silt in my 

experiment) can decrease the need for exoenzyme production (Lehmann et al., 2011). The strong 

positive relationship between root-driven reduction in the mass of aggregated clay and priming in 

this fraction supports this scenario. That is, biochar may have reduced the diffusion of exoenzymes 

into silt-size microaggregates and therefore limited the subsequent break down of the organic 

compounds helping to stabilize them (Rasse et al., 2005; Lehmann et al., 2007; Totsche et al., 

2018). The ability of biochar to stabilize clay-protected C within silt-size microaggregates under 

the influence of living roots (e.g., through interactions with microorganisms and exoenzymes) may 

depend on a number of factors, such as its age (Lin et al., 2012) and feedstock (Hernandez-Soriano 

et al., 2016b), the effects of which are important questions for future research. 

In biochar-amended soil, a shift in priming from within aggregated to non-aggregated clay 

was evident and was potentially an indirect effect of reduced transference of formerly aggregated 

clay (and any remaining bound soil-derived C) to non-aggregated clay. Across agricultural 
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treatments, the preferential use of rhizodeposits by microorganisms for growth (as evidenced by 

the dominance of root-derived C within microbial biomass) likely resulted in increased nutrient 

mining by microorganisms (Shahzad et al., 2015; Gunina & Kuzyakov, 2022). This could explain 

the rapid and preferential root-driven decomposition of clay-protected soil-derived organic matter, 

which was nutrient-rich (low C:N ratio) and abundant relative to other forms of organic matter. 

These results are consistent with my previous study (Chapter 4) and underscore the complex effect 

that living roots have on SOC dynamics, such as increased nutrient mining by activated 

microorganisms and increased microbial turnover (Dijkstra et al., 2021; Sokol et al., 2022), the 

latter of which creates opportunities for protection of microbial necromass via sorption onto 

mineral surfaces (Gross & Harrison, 2019; Sokol & Bradford, 2019; Sokol et al., 2019). The 

stabilizing effect of biochar on silt-size microaggregates may increase root-derived C retention in 

the long-term (Weng et al., 2017), including the retention of microbial products and necromass. 

 

5.6. Conclusions 

 I conclude that clay-protected C within silt-size microaggregates is an important SOC pool 

that can be affected rapidly by management practices. Critically, my study demonstrates that 

biochar can stabilize clay-protected C within silt-size microaggregates under the influence of 

living roots, which may foster long-term SOC sequestration and stabilization. This evident 

interplay between the physical and chemical protection of SOC supports my proposal of an 

integrated soil C model (Chapter 4). Here I suggest expanding this model to consider the mitigating 

effect of biochar on root-driven SOC destabilization (Fig. 5.5). Finally, my results support the use 

of biochar, rather than its manure compost feedstock, as an amendment across agricultural lands 

in soils with varying properties to help meet climate change mitigation goals by enhancing SOC 

storage and stability. 
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5.8. Tables 

Table 5.1. Agricultural treatment effects on changes (difference between planted and non-planted 

treatments) in δ13C values of soil fractions across ten agricultural sites in central Alberta, Canada. 

Least-squares means (95% confidence intervals) within each soil fraction accompanied by 

different lowercase letters are significantly different (Tukey-adjusted, α = 0.05) among the 

agricultural treatments. POM, particulate organic matter; MBC, microbial biomass carbon; 

WSOC, water-soluble organic carbon. 

Treatment Control Manure Biochar 

Fine POM (n = 30) 2.36 (2.12, 2.59) a 2.31 (2.07, 2.54) a 1.68 (1.43, 1.92) b 

Coarse silt (n = 29) 0.49 (0.24, 0.76) 0.41 (0.15, 0.68) 0.41 (0.16, 0.67) 

Fine silt (n = 28) 0.27 (0.11, 0.43) 0.27 (0.12, 0.44) 0.35 (0.20, 0.51) 

Non-aggregated clay (n = 29) 0.57 (0.44, 0.71) 0.55 (0.41, 0.69) 0.57 (0.43, 0.71) 

Aggregated clay (n = 29) 1.15 (0.69, 1.68) 1.15 (0.67, 1.70) 0.63 (0.23, 1.08) 

Bulk soil (n = 29) 1.02 (0.85, 1.20) 0.94 (0.77, 1.11) 1.00 (0.84, 1.18) 

MBC (n = 29) 6.65 (5.97, 7.32) 6.57 (5.86, 7.24) 7.08 (6.41, 7.73) 

WSOC (n = 29) 1.96 (1.72, 2.21) 1.68 (1.46, 1.91) 1.53 (1.30, 1.77) 
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5.9. Figures 

 

Figure 5.1. Agricultural treatment effects on (a) carbon (C) concentrations and (b) C to nitrogen 

(N) ratios of soil fractions in the non-planted treatment across ten agricultural sites in central 

Alberta, Canada. Error bars represent ± one standard error. Least-squares means within each soil 

fraction accompanied by different lowercase letters are significantly different (Tukey-adjusted, α 

= 0.05) among the agricultural treatments. POM-f, fine particulate organic matter; silt-c, coarse 

silt; silt-f, fine silt; clay-nagg, non-aggregated clay; clay-agg, aggregated clay. 
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Figure 5.2. Agricultural treatment effects on (a) rhizodeposit carbon (C) incorporation, (b) growth 

(difference between planted and non-planted treatments), and (c) rhizodeposit-C proportions in 

microbial biomass C (MBC) and water-soluble organic C (WSOC) across ten agricultural sites in 

central Alberta, Canada. Error bars represent least-squares means ± 95% confidence intervals. 
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Figure 5.3. Agricultural treatment effects on rhizodeposit-carbon (C) proportions of soil fractions 

across ten agricultural sites in central Alberta, Canada. Error bars represent ± 95% confidence 

intervals. Least-squares means within each soil fraction accompanied by different lowercase letters 

are significantly different (Tukey-adjusted, α = 0.05) among the agricultural treatments. POM-f, 

fine particulate organic matter; silt-c, coarse silt; silt-f, fine silt; clay-nagg, non-aggregated clay; 

clay-agg, aggregated clay. 
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Figure 5.4. Agricultural treatment effects on (a) priming, i.e., the intensified loss of carbon (C), 

(b) rhizodeposit C incorporation, and (c) net C change (difference between planted and non-

planted treatments) of soil fractions across ten agricultural sites in central Alberta, Canada. Error 

bars represent least-squares means ± 95% confidence intervals. POM-f, fine particulate organic 

matter; silt-c, coarse silt; silt-f, fine silt; clay-nagg, non-aggregated clay; clay-agg, aggregated clay. 
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Figure 5.5. A soil carbon model structure that implements the interplay of physical (within silt-

size microaggregates) and chemical (sorption) protection of clay-associated carbon and includes 

biochar-mediated stabilization of clay-protected carbon within silt-size microaggregates under the 

influence of living roots (after Chapter 4 and expanded from Yang et al., 2021). Thicker arrows 

indicate greater rates of flow. 
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Chapter 6. Synthesis, conclusions, and recommendations 

6.1. Synthesis and conclusions 

My research aimed to find management practices that increase carbon (C) sequestration 

and reduce greenhouse gas (GHG) emissions from agroecosystems to help mitigate climate 

change. I conclude that agroforestry systems (AFS), which incorporate woody perennials into 

agricultural fields, are important for enhancing C sequestration and reducing GHG emissions. In 

particular, retaining hedgerows (naturally-occurring legacy woodland) and their associated 

deadwood across temperate agroecosystems is key to help mitigate climate change. Within the 

cropland, my results support the use of biochar (organic material pyrolyzed under low or no oxygen 

conditions) as a soil amendment for sequestering soil organic C (SOC) and mitigating GHG 

emissions. Finally, my findings demonstrate an interplay between physical and chemical 

protection of SOC from microbial decomposition that has important implications for our 

understanding of SOC persistence and the underlying processes used in soil C models. 

Across two common AFS in the temperate climate zone, I found important differences 

between the woodland types, such as greater deadwood and SOC stocks, as well as increased 

heterotrophic respiration, within hedgerows relative to shelterbelts (planted trees on previously 

cleared land). Within the cropland, I found that manure compost application had none of the 

benefits of biochar, namely increasing SOC sequestration and reducing GHG emissions from 

agroecosystems across a range of soil types. My investigation of SOC dynamics revealed that clay-

protected C within silt-size microaggregates (2–53 µm) is an important SOC pool across land uses 

and soil depths in a range of soils with varying properties. While most studies focus on soil 

aggregation at scales larger than silt-size, as well as combine silt- and clay-associated C into a 

single SOC pool, I show that clay-size particles within silt-size microaggregates are functionally 

different than other clay- and silt-size particles in terms of C storage and cycling. Critically, my 

study demonstrates that living roots can destabilize clay-protected C within silt-size 

microaggregates, leading to rapid and preferential decomposition of clay-protected C. However, 

my results also demonstrate that biochar can stabilize clay-protected C within silt-size 

microaggregates under the influence of living roots, which may foster long-term SOC 

sequestration and stabilization. 
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6.2. Recommendations for agroforestry: Retain, establish, and manage 

With the urgent need to address climate change and governments globally committing 

resources to reduce GHG emissions and increase C sequestration, incentivizing the retention and 

establishment of AFS on agricultural lands would be an important step to help meet climate change 

mitigation goals. Given both the C sequestration and GHG emission mitigation potential of AFS, 

I recommend the adoption of frameworks that promote the retention and establishment of AFS on 

agricultural lands across Canada. For example, property tax reductions for retaining hedgerows on 

private agricultural lands would encourage landowners to protect natural woodlands, particularly 

if the tax rate reduction was directly based on the proportion of woodland to cropland. While a 

similar tax reduction system could be implemented for shelterbelt AFS, it is important to avoid 

incentivizing the establishment of shelterbelts over the retention of hedgerows. For instance, tax 

rate reductions for shelterbelt AFS could be based on the year of shelterbelt establishment, starting 

at a lower value than retained hedgerows and increasing over time to a comparable value. 

Providing grants and resources to landowners for the establishment or enhancement of shelterbelts 

would assist landowners in converting conventional agricultural lands into AFS. 

While AFS establishment increases agroecosystem C storage on decadal timescales, 

removal of woody vegetation from AFS results in rapid and substantial losses in agroecosystem C 

storage (Amichev et al., 2020; An et al., 2022). I therefore stress retention of AFS foremost, in 

accordance with the decision-making framework proposed by Cook-Patton et al. (2021). 

Furthermore, where possible, landowners should be encouraged not to remove deadwood from the 

woodlands of AFS. As cleared trees and deadwood are usually burned rather than salvaged from 

agricultural lands (Rudd et al., 2021), thereby releasing the C stored in tree biomass to the 

atmosphere, retaining deadwood within the woodlands of AFS is essential to avoid reductions in 

total ecosystem C stocks and help mitigate climate change. Moreover, deadwood enhances 

biodiversity (Blaser et al., 2013; Vrška et al., 2015; Sandström et al., 2019) and supports healthy 

soil and ecosystem functions (Stokland et al., 2012; Stutz et al., 2017). Future research should 

further explore the relationships between deadwood and both SOC stocks and heterotrophic 

respiration in forests, including the woodlands of various AFS. For example, the effects of direct 

manipulations of deadwood within AFS, such as the creation of deadwood on-site from live trees 

(Sandström et al., 2019), on SOC stocks and heterotrophic respiration would help inform 

management decisions. Moreover, the benefits of deadwood, such as enhanced biodiversity and 
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soil health, as well as other potential deadwood ecosystem effects, should be quantified in more 

detail to help inform decision-making and policy design concerning AFS. 

 

6.3. Recommendations for biochar: Optimize, prioritize, and monitor 

To fully realize the potential of biochar to mitigate climate change when used as an organic 

amendment in croplands, lifecycle assessments should be considered. Lifecycle assessments of 

biomass-pyrolysis systems, wherein the biochar was used as an agricultural soil amendment, have 

shown promise as far as avoiding net GHG emissions (Roberts et al., 2010; Galinato et al., 2011). 

However, optimizing biochar production-application systems is necessary to both reduce GHG 

emissions and support economic viability (Roberts et al., 2010; Galinato et al., 2011; Spokas et 

al., 2012). The selection of appropriate feedstocks is one way in which to optimize biochar 

production-application systems. For example, biowaste feedstocks, including livestock manures, 

were identified as key resources for biochar production that have the potential for economic 

viability and renewable energy generation, as well as for increasing C sequestration and reducing 

GHG emissions (Roberts et al., 2010), the latter of which my results have also shown. Indeed, 

further efforts should be made to assess and optimize biochar production-application systems, 

especially for processing biowaste feedstocks such as manure compost, the direct application of 

which only increased GHG emissions and did not increase SOC storage in my field study.  

By using ten sites with different baseline soil properties, I was able to assess the 

performance of manure compost and its biochar on a broad scale as far as their differential abilities 

to mitigate climate change when amended into the soil of agroecosystems. My results, alongside 

decades of literature elucidating the benefits of biochar as a soil amendment, support that biochar 

application can act as a climate change mitigation strategy by enhancing surface SOC 

sequestration, thereby reducing GHG emissions resulting from agricultural practices. Future 

studies should investigate the performance of biochar across specific soil properties to help 

prioritize application. The effects of biochar application on surface soil properties (including 

increased SOC, total nitrogen, and pH in my field study) are expected to help foster sustainable 

agriculture. While changes in surface SOC due to organic amendments should not be viewed 

independently of potential effects on C-cycling processes occurring deeper in the soil, the latter 

effects may require longer-term assessments of treated soils, including across different amendment 

rates and frequencies. Therefore, ongoing and future biochar-amendment studies should sample 
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subsoil as well as surface soil to continue to monitor and determine treatment effects on deeper 

SOC-cycling processes over time. 

 

6.4. Recommendations for soil carbon models: Integrate physical and 

chemical protection 

I found that living roots can destabilize clay-protected C within silt-size microaggregates, 

leading to rapid and preferential decomposition of clay-protected C and further challenging the 

assumption that C associated with clay or silt-size microaggregates is stable (Keiluweit et al., 

2015; Yang et al., 2021). While representative soil C models and most studies consider SOC 

protection within aggregates and on mineral surfaces as distinct processes (Lehmann & Kleber, 

2015; Lavallee et al., 2019), I suggest an integrated soil C model that considers the interplay of 

physical (within silt-size microaggregates) and chemical (sorption) protection of clay-associated 

C (Fig. 4.6). Net C gains found within the non-aggregated clay fraction due to living roots in my 

experiment may lead to a positive feedback loop, wherein dissolved organic C is more likely to be 

associated with the rough organo-mineral surfaces created (Vogel et al., 2014). Under what 

conditions (or at what stage) the incorporation of recent C into the non-aggregated clay fraction 

will foster the formation of clay-size particles into silt-size microaggregates at a rate that surpasses 

any destabilization is an important question for future research.  

The stabilizing effect of biochar on clay-protected C within silt-size microaggregates has 

important implications for the long-term stabilization and accumulation of SOC in agricultural 

soils. Therefore, I suggest that the integrated soil C model proposed above (Fig. 4.6) is expanded 

to consider the mitigating effect of biochar on root-driven SOC destabilization (Fig. 5.5). The 

ability of biochar to stabilize clay-protected C within silt-size microaggregates under the influence 

of living roots (e.g., through interactions with microorganisms and exoenzymes) may depend on a 

number of factors, such as its age (Lin et al., 2012) and feedstock (Hernandez-Soriano et al., 

2016b), the effects of which are important questions for future research. Additionally, future 

studies should investigate if biochar at the fine-silt-size scale and associated root-derived C 

retention can directly foster the formation of clay-size particles into silt-size microaggregates, as 

this could lead to a positive feedback loop (Vogel et al., 2014; Weng et al., 2017). For example, a 

greater proportion of silt-size microaggregates may increase root-derived C retention in the long-
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term (Weng et al., 2017), including the retention of microbial products and necromass, which may, 

in turn, accelerate the formation of silt-size microaggregates. 

 

6.5. Summary 

In summary, to help meet climate change mitigation goals by fostering C sequestration and 

reducing GHG emissions, I recommend incentivizing the retention and establishment of AFS on 

agricultural lands, as well as optimizing biochar production-application systems to support biochar 

application in agriculture. Moreover, because root-driven stabilization or destabilization of clay-

protected C within silt-size microaggregates may mediate SOC sequestration and SOC storage 

capacity, I suggest an integrated soil C model that considers the interplay of physical (within silt-

size microaggregates) and chemical (sorption) protection of clay-associated C (Fig. 4.6), as well 

as the mitigating effect of biochar on root-driven SOC destabilization (Fig. 5.5). 
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Appendix A. Supplementary data 

Table A.S1. Classifications and properties of soils among the different land uses of two 

agroforestry systems in central Alberta, Canada (n = 10). Least-squares means (one standard error) 

are reported. OC, organic carbon; N, total nitrogen; Conc., concentration. 

Agroforestry 

system 

Land-use 

type 

Classification* Depth 

(cm) 

%Sand %Silt %Clay OC conc.       

(mg g−1 

soil) 

N conc.      

(mg g−1 

soil) 

OC:N 

Hedgerow Cropland CA.BC, 

CA.BLC, 

CA.BLC, 

CA.DGC, 

O.DBC 

0–10 33.27 

(8.58) 

38.07 

(5.75) 

28.65 

(3.21) 

39.13 

(14.10) 

3.56 

(1.14) 

10.87 

(0.38) 

  10–30 35.04 

(8.97) 

35.86 

(6.04) 

29.10 

(3.36) 

21.07 

(13.93) 

2.02 

(1.16) 

10.30 

(0.55) 

  30–50 39.58 

(7.93) 

31.72 

(5.28) 

28.70 

(3.90) 

9.22 

(21.31) 

0.94 

(1.61) 

9.75 

(0.71) 

  50–100 43.25 

(8.18) 

22.31 

(5.19) 

34.44 

(4.42) 

6.67 

(2.04) 

0.58 

(0.17) 

11.47 

(1.23) 

 Grassland CA.DBC, 

CA.DGC, 

O.BLC, 

O.BLC, 

O.DGC 

Litter na† na na 272.26 

(22.00) 

13.98 

(1.82) 

20.78 

(2.23) 

  0–10 32.10 

(8.58) 

39.14 

(5.75) 

28.77 

(3.21) 

64.66 

(14.10) 

5.68 

(1.14) 

11.33 

(0.38) 

  10–30 30.83 

(8.97) 

38.29 

(6.04) 

30.88 

(3.36) 

53.63 

(13.93) 

4.74 

(1.16) 

10.67 

(0.55) 

  30–50 31.07 

(7.93) 

33.78 

(5.28) 

35.16 

(3.90) 

55.90 

(21.31) 

4.90 

(1.61) 

10.52 

(0.71) 

   50–100 40.31 

(8.18) 

30.93 

(5.19) 

28.76 

(4.42) 

11.32 

(2.04) 

1.12 

(0.17) 

10.57 

(1.23) 

 Saplings‡ CA.DBC, 

CA.DGC, 

O.BLC, 

O.BLC, 

O.DGC 

Litter na na na 286.18 

(22.00) 

15.58 

(1.82) 

19.81 

(2.23) 

  0–10 32.10 

(8.58) 

39.14 

(5.75) 

28.77 

(3.21) 

62.04 

(14.10) 

5.30 

(1.14) 

11.63 

(0.38) 

  10–30 30.83 

(8.97) 

38.29 

(6.04) 

30.88 

(3.36) 

46.18 

(13.93) 

4.04 

(1.16) 

10.93 

(0.55) 

  30–50 31.07 

(7.93) 

33.78 

(5.28) 

35.16 

(3.90) 

42.90 

(21.31) 

3.74 

(1.61) 

9.95 

(0.71) 

   50–100 40.31 

(8.18) 

30.93 

(5.19) 

28.76 

(4.42) 

8.64 

(2.04) 

0.90 

(0.17) 

9.60 

(1.23) 

 Woodland CA.DGC, 

E.DBC, 

O.BLC, 

O.DGC, 

O.EB 

Litter na na na 270.74 

(22.00) 

18.78 

(1.82) 

14.59 

(2.23) 

  0–10 26.46 

(8.58) 

43.91 

(5.75) 

29.63 

(3.21) 

106.05 

(14.10) 

7.62 

(1.14) 

13.58 

(0.38) 

  10–30 29.57 

(8.97) 

40.85 

(6.04) 

29.58 

(3.36) 

45.03 

(13.93) 

3.64 

(1.16) 

12.05 

(0.55) 

  30–50 23.21 

(7.93) 

42.30 

(5.28) 

34.49 

(3.90) 

56.34 

(21.31) 

4.10 

(1.61) 

11.13 

(0.71) 

  50–100 29.78 

(8.18) 

36.19 

(5.19) 

34.03 

(4.42) 

11.99 

(2.04) 

1.10 

(0.17) 

10.57 

(1.23) 

Shelterbelt Cropland CA.BC, 0–10 29.97 

(8.58) 

43.16 

(5.75) 

26.87 

(3.21) 

42.60 

(14.10) 

3.82 

(1.14) 

11.12 

(0.38) 
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  CA.BLC, 

CA.DBC, 

CA.DBC, 

O.BC 

10–30 29.88 

(8.97) 

41.04 

(6.04) 

29.08 

(3.36) 

19.19 

(13.93) 

1.82 

(1.16) 

10.46 

(0.55) 

  30–50 31.11 

(7.93) 

37.65 

(5.28) 

31.24 

(3.90) 

10.44 

(21.31) 

1.00 

(1.61) 

10.55 

(0.71) 

  50–100 38.86 

(8.18) 

32.88 

(5.19) 

28.25 

(4.42) 

7.31 

(2.04) 

0.58 

(0.17) 

12.14 

(1.23) 

 Grassland CA.BC, 

CA.BC, 

CA.DGC, 

E.BLC, 

O.BLC 

Litter na na na 257.50 

(22.00) 

13.46 

(1.82) 

19.36 

(2.23) 

  0–10 29.19 

(8.58) 

43.89 

(5.75) 

26.92 

(3.21) 

50.67 

(14.10) 

4.56 

(1.14) 

11.18 

(0.38) 

  10–30 31.20 

(8.97) 

41.87 

(6.04) 

26.93 

(3.36) 

23.45 

(13.93) 

2.26 

(1.16) 

10.35 

(0.55) 

  30–50 29.72 

(7.93) 

40.16 

(5.28) 

30.13 

(3.90) 

11.34 

(21.31) 

1.22 

(1.61) 

9.31 

(0.71) 

   50–100 36.95 

(8.18) 

33.10 

(5.19) 

29.95 

(4.42) 

7.90 

(2.04) 

0.70 

(0.17) 

10.95 

(1.23) 

 Saplings‡ CA.BC, 

CA.BC, 

CA.DGC, 

E.BLC, 

O.BLC 

Litter na na na 245.70 

(22.00) 

13.48 

(1.82) 

19.25 

(2.23) 

  0–10 29.19 

(8.58) 

43.89 

(5.75) 

26.92 

(3.21) 

42.06 

(14.10) 

3.70 

(1.14) 

11.38 

(0.38) 

  10–30 31.20 

(8.97) 

41.87 

(6.04) 

26.93 

(3.36) 

25.94 

(13.93) 

2.42 

(1.16) 

10.68 

(0.55) 

  30–50 29.72 

(7.93) 

40.16 

(5.28) 

30.13 

(3.90) 

13.36 

(21.31) 

1.38 

(1.61) 

9.46 

(0.71) 

   50–100 36.95 

(8.18) 

33.10 

(5.19) 

29.95 

(4.42) 

8.66 

(2.04) 

0.74 

(0.17) 

11.27 

(1.23) 

 Woodland CA.BLC, 

CA.DBC, 

E.BC, 

E.DBC, 

O.BLC 

Litter na na na 282.22 

(22.00) 

17.02 

(1.82) 

17.15 

(2.23) 

  0–10 29.07 

(8.58) 

44.95 

(5.75) 

25.98 

(3.21) 

53.01 

(14.10) 

4.44 

(1.14) 

12.19 

(0.38) 

  10–30 27.98 

(8.97) 

44.30 

(6.04) 

27.72 

(3.36) 

29.16 

(13.93) 

2.66 

(1.16) 

10.84 

(0.55) 

  30–50 27.96 

(7.93) 

42.76 

(5.28) 

29.29 

(3.90) 

18.73 

(21.31) 

1.82 

(1.61) 

9.92 

(0.71) 

  50–100 31.10 

(8.18) 

36.79 

(5.19) 

32.11 

(4.42) 

7.86 

(2.04) 

0.80 

(0.17) 

9.92 

(1.23) 

* Soil was classified using the Canadian System of Soil Classification. CA.BC, Calcareous Brown Chernozem; 

CA.BLC, Calcareous Black Chernozem; CA.DBC, Calcareous Dark Brown Chernozem; CA.DGC, Calcareous Dark 

Gray Chernozem; E.BC, Eluviated Brown Chernozem; E.BLC, Eluviated Black Chernozem; E.DBC, Eluviated Dark 

Brown Chernozem; O.BC, Orthic Brown Chernozem; O.BLC, Orthic Black Chernozem; O.DBC, Orthic Dark Brown 

Chernozem; O.DGC, Orthic Dark Gray Chernozem; O.EB, Orthic Eutric Brunisol. 
† na indicates that the property was not applicable within the given depth.   
‡ Soil classification and texture determination in the saplings land-use type were based on grassland soils and not 

repeated after the saplings were planted in grassland. 
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Table A.S2. Basic soil properties among the grassland and saplings treatment (prior to planting 

the saplings) land uses of two agroforestry systems in central Alberta, Canada (n = 10). Least-

squares means (one standard error) within each soil depth accompanied by different lowercase 

letters are significantly different (Tukey-adjusted, α = 0.05) between the land-use types. BD, bulk 

density; OC, organic carbon; N, total nitrogen; Conc., concentration. 

Land-use 

type 

Soil depth 

(cm) 
BD (g cm−3) OC conc.       

(mg g−1 soil) 

N conc.      

(mg g−1 soil) 

OC:N 

Grassland 0–10 0.80 (0.08) 56.96 (11.01) 4.93 (0.90) 11.42 (0.13) 

Saplings 0–10 0.82 (0.08) 46.39 (11.01) 4.04 (0.90) 11.40 (0.13) 

Grassland 10–30 1.05 (0.10) 39.47 (12.41) 3.48 (1.02) 10.95 (0.20) 

Saplings 10–30 1.09 (0.10) 34.35 (12.41) 3.06 (1.02) 10.99 (0.20) 

Grassland 30–50 1.23 (0.09) 26.72 (10.84) 2.57 (0.97) 9.99 (0.24) b 

Saplings 30–50 1.20 (0.09) 24.75 (10.84) 2.27 (0.97) 10.49 (0.24) a 

Grassland 50–100 1.47 (0.07) 8.25 (1.79) 0.82 (0.17) 10.16 (0.59) 

Saplings 50–100 1.40 (0.07) 9.77 (1.79) 0.95 (0.17) 10.36 (0.59) 
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Figure A.S1. (a) Location of the ten agroforestry sites in central Alberta, Canada, (b) location of 

the ten study sites relative to nearby cities, and (c) an example of a plot layout within a site. HR, 

hedgerow; SB, shelterbelt. Source: Esri, Maxar, GeoEye, Earthstar Geographics, CNES/Airbus 

DS, USDA, USGS, AeroGRID, IGN, Esri Canada, HERE, Garmin, FAO, NOAA, EPA, NRCan, 

Parks Canada, and the GIS User Community. 
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Figure A.S2. Plant type and cover among the different perennial vegetated land uses of two 

agroforestry systems in central Alberta, Canada (n = 10). 
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Figure A.S3. Soil bulk density among the different land uses of two agroforestry systems in central 

Alberta, Canada (n = 10). Error bars represent ± one standard error. Least-squares means within 

each depth layer accompanied by different lowercase letters are significantly different (Tukey-

adjusted, α = 0.05) among the land-use types. 
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Figure A.S4. Soil pH among the different land uses of two agroforestry systems in central Alberta, 

Canada (n = 10). Error bars represent ± one standard error. Least-squares means within each depth 

layer accompanied by different lowercase letters are significantly different (Tukey-adjusted, α = 

0.05) among the land-use types. 
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Figure A.S5. Soil temperature by (a) year and (b) month and soil water content by (c) year and (d) 

month at 10 cm depth among the different land uses of two agroforestry systems in central Alberta, 

Canada (n = 10). Error bars and ribbons represent ± one standard error. Least-squares means within 

each year accompanied by different lowercase letters are significantly different (Tukey-adjusted, 

α = 0.05) among the land-use types. Cr, cropland; Gr, grassland; Sa, saplings; Wo, woodland. 
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Figure A.S6. Soil (a) carbon dioxide (CO2), (b) methane (CH4), (c) nitrous oxide (N2O), and (d) 

total greenhouse gas (GHG; sum of CO2, CH4, and N2O) fluxes by month and year among the 

different land uses of two agroforestry systems in central Alberta, Canada (n = 10). Error ribbons 

represent least-squares means ± one standard error. Note that CO2 (and GHG) flux includes 

autotrophic respiration. 
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Figure A.S7. Soil autotrophic respiration measured in 2020 (~April–October) among the grassland 

and woodland land uses of two agroforestry systems in central Alberta, Canada (n = 10). Error 

bars represent least-squares means ± one standard error. 
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Appendix B. Supplementary data 

Table B.S1. Soil classifications and properties of ten agricultural sites in central Alberta, Canada. 

HR, hedgerow; SB, shelterbelt. BD, bulk density; OC, organic carbon; N, total nitrogen; Conc., 

concentration. 

Site Classification† Depth  

(cm) 

%Sand‡ %Silt %Clay BD            

(g cm−3) 

pH OC Conc.       

(mg g−1 

soil) 

N Conc.      

(mg g−1 

soil) 

OC:N 

HR1 CA.DGC 10 26.44 43.68 29.88 0.82 5.36 52.20 52.20 11.35 

  30 21.99 48.07 29.93 1.31 6.04 31.70 31.70 10.93 

  50 27.35 41.98 30.67 1.29 6.55 11.70 11.70 9.75 

  100 31.31 26.45 42.24 1.66 7.89 6.70 9.50 9.57 

HR2 CA.BLC 10 62.41 14.38 23.21 1.09 8.04 40.35 48.70 11.87 

  30 67.33 11.82 20.84 1.03 8.09 22.20 28.40 12.33 

  50 74.32 8.67 17.01 1.49 8.18 8.00 15.50 11.43 

  100 81.56 4.83 13.61 1.19 8.20 3.40 16.10 11.33 

HR3 CA.BLC 10 10.05 54.09 35.86 1.11 7.06 49.75 49.75 12.13 

  30 11.64 52.94 35.42 0.97 7.69 33.13 33.13 11.62 

  50 17.51 48.95 33.54 1.18 7.95 14.50 16.40 10.36 

  100 32.79 33.37 33.84 1.46 8.07 6.70 9.70 9.57 

HR4 CA.BC 10 34.38 35.55 30.07 1.24 5.39 22.20 22.20 10.57 

  30 38.35 27.54 34.12 1.58 5.56 7.10 7.10 10.14 

  50 36.94 29.08 33.98 1.41 5.63 5.60 5.60 11.20 

  100 32.98 17.98 49.04 1.31 7.82 5.00 10.20 10.00 

HR5 O.DBC 10 33.09 42.66 24.24 1.06 5.51 29.40 29.40 10.14 

  30 35.90 38.92 25.18 1.53 5.85 18.50 18.50 10.28 

  50 41.78 29.94 28.28 1.36 7.07 5.90 5.90 9.83 

  100 37.59 28.92 33.49 1.81 7.93 5.70 7.30 11.40 

SB1 O.BC 10 13.56 51.98 34.47 1.24 5.79 53.50 53.50 11.89 

  30 13.60 51.47 34.93 1.27 7.01 24.45 24.45 12.23 

  50 10.56 51.07 38.37 1.32 7.71 14.65 14.65 11.27 

  100 25.88 36.08 38.04 1.69 8.05 10.80 11.90 15.43 

SB2 CA.DBC 10 29.72 44.39 25.89 1.12 6.08 27.80 27.80 11.12 

  30 29.68 40.09 30.23 1.49 6.62 16.15 16.15 10.77 

  50 37.11 32.39 30.50 1.23 7.16 5.10 5.10 6.38 

  100 40.80 29.93 29.26 1.82 8.20 3.90 8.20 9.75 

SB3 CA.BLC 10 36.45 39.58 23.97 1.07 5.12 43.90 43.90 11.26 

  30 33.43 36.90 29.67 1.01 5.67 28.45 28.45 10.74 

  50 35.69 32.93 31.38 2.14 6.11 15.80 15.80 9.88 

  100 42.46 34.80 22.75 1.90 8.05 6.10 10.90 10.17 

SB4 CA.DBC 10 33.37 40.39 26.24 1.07 5.06 44.90 44.90 10.95 

  30 38.98 36.86 24.16 1.07 5.85 34.70 34.70 10.52 
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  50 36.86 34.44 28.70 1.27 6.77 18.45 18.45 10.25 

  100 51.54 26.18 22.29 1.56 8.08 10.40 15.20 10.40 

SB5 CA.BC 10 36.74 39.46 23.80 1.02 5.32 28.90 28.90 9.97 

  30 33.69 39.89 26.43 1.43 5.59 14.70 14.70 9.80 

  50 35.31 37.42 27.27 1.20 6.71 6.75 6.75 9.64 

  100 33.63 37.43 28.93 1.15 8.16 6.00 11.00 8.57 

† Soil was classified using the Canadian System of Soil Classification.  ‡ Soil properties are for the control plot. 
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Figure B.S1. (a) Location of the ten agricultural sites in central Alberta, Canada, (b) location of 

the ten study sites relative to nearby cities, and (c) an example of a plot layout within a site. HR, 

hedgerow; SB, shelterbelt; CT, control treatment; MT, manure compost treatment; BT, biochar 

treatment. Source: Esri, Maxar, GeoEye, Earthstar Geographics, CNES/Airbus DS, USDA, USGS, 

AeroGRID, IGN, Esri Canada, HERE, Garmin, FAO, NOAA, EPA, NRCan, Parks Canada, and 

the GIS User Community. 
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Figure B.S2. (a) Soil microbial biomass carbon (MBC) and (b) nitrogen (MBN) stocks among 

three soil amendment treatments sampled across ten agricultural sites in central Alberta, Canada, 

as measured in spring 2020 (spring 2018 pretreatment values were used as a covariate for statistical 

analysis) and fall 2020. Transparent columns are cumulative stocks based on equivalent soil mass 

(ESM). Error bars represent ± one standard error. Least-squares means within each ESM depth 

layer or total cumulative mass accompanied by different lowercase letters are significantly 

different (Tukey-adjusted, α = 0.05) among the treatments. The soil profile illustrates the 

relationship between soil mass and approximate sampling depth. CT, control treatment; MT, 

manure compost treatment; BT, biochar treatment. 
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Figure B.S3. Soil temperature by (a) year and (b) month and soil water content by (c) year and (d) 

month at 10 cm depth among three soil amendment treatments sampled across ten agricultural sites 

in central Alberta, Canada. Error bars and ribbons represent ± one standard error. Least-squares 

means within each year accompanied by different lowercase letters are significantly different 

(Tukey-adjusted, α = 0.05) among the treatments. CT, control treatment; MT, manure compost 

treatment; BT, biochar treatment. 
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Figure B.S4. (a) Total aboveground biomass for cereal crops (wheat (Triticum aestivum) and 

barley (Hordeum vulgare)) and (b) canola (Brassica rapa) among three soil amendment treatments 

sampled across ten agricultural sites in central Alberta, Canada. Error bars represent least-squares 

means ± one standard error. CT, control treatment; MT, manure compost treatment; BT, biochar 

treatment. 
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Figure B.S5. Pearson correlations (with p values reported) between monthly soil temperature, 

water content, and greenhouse gas (GHG) emissions over three years and averaged among three 

soil amendment treatments sampled across ten agricultural sites in central Alberta, Canada. 

CO2.C.flux, carbon dioxide flux (g C m−2 d−1); CH4.C.flux, methane flux (g C m−2 d−1); 

N2O.N.flux, nitrous oxide flux (g N m−2 d−1); GHG.flux, GHG flux (sum of CO2, CH4, and N2O, 

with the latter two GHGs assessed as CO2-equivalents); Soil.Temp, soil temperature at 10 cm in 

depth; Soil.WC, soil water content at 10 cm in depth. 
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Figure B.S6. Pearson correlations (with p values reported) between surface soil (~0–10 cm) 

properties and average cumulative greenhouse gas (GHG) emissions over three years for biochar-

amended soil sampled across ten agricultural sites in central Alberta, Canada. CO2.C.flux, carbon 

dioxide flux (g C m−2 y−1); CH4.C.flux, methane flux (g C m−2 y−1); N2O.N.flux, nitrous oxide 

flux (g N m−2 y−1); GHG.flux, GHG flux (sum of CO2, CH4, and N2O, with the latter two GHGs 

assessed as CO2-equivalents); Clay.per, percentage of clay; Soil.pH, pretreatment soil pH; 

Soil.OC.N, pretreatment soil organic carbon to total nitrogen ratio; SOC.initial, pretreatment soil 

organic carbon (SOC) mass (Mg ha−1); SOC.change, change in SOC mass (two years post-

treatment minus pretreatment). 
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Appendix C. Supplementary data 

Table C.S1. Classification of soils and basic soil properties among the different depths and land 

uses of ten agroforestry sites in central Alberta, Canada. Least-squares means (one standard error) 

are reported. OC, organic carbon; N, total nitrogen; Conc., concentration. 

Land-use 

type 

Classification* Soil 

depth 

(cm) 

%Sand %Silt %Clay pH OC conc.       

(mg g−1 

soil) 

N conc.      

(mg g−1 

soil) 

OC:N 

Cropland CA.BC, CA.BC, 

CA.BLC, CA.BLC, 

CA.BLC, CA.DBC, 

CA.DBC, CA.DGC, 

O.BC, O.DBC 

0–10 31.62 

(5.63) 

40.62 

(3.87) 

27.76 

(2.07) 

5.70 

(0.20) 

40.87 

(9.77) 

3.69 

(0.78) 

11.00 

(0.30) 

 10–30 32.46 

(6.18) 

38.45 

(4.19) 

29.09 

(2.29) 

6.45 

(0.26) 

20.13 

(9.37) 

1.92 

(0.78) 

10.38 

(0.42) 

 30–50 35.34 

(5.27) 

34.69 

(3.64) 

29.97 

(2.48) 

7.01 

(0.25) 

9.83 

(15.12) 

0.97 

(1.12) 

10.15 

(0.53) 

Grassland CA.BC, CA.BC, 

CA.DBC, CA.DGC, 

CA.DGC, E.BLC, 

O.BLC, O.BLC, 

O.BLC, O.DGC 

0–10 30.65 

(5.63) 

41.51 

(3.87) 

27.84 

(2.07) 

6.11 

(0.20) 

57.67 

(9.77) 

5.12 

(0.78) 

11.26 

(0.30) 

 10–30 31.01 

(6.18) 

40.08 

(4.19) 

28.90 

(2.29) 

6.28 

(0.26) 

38.54 

(9.37) 

3.50 

(0.78) 

10.51 

(0.42) 

 30–50 30.39 

(5.27) 

36.97 

(3.64) 

32.64 

(2.48) 

6.72 

(0.25) 

33.62 

(15.12) 

3.06 

(1.12) 

9.91 

(0.53) 

Woodland CA.BLC, CA.DBC, 

CA.DGC, E.BC, 

E.DBC, E.DGC, 

O.BLC, O.BLC, 

O.DGC, O.EB 

0–10 27.77 

(5.63) 

44.43 

(3.87) 

27.81 

(2.07) 

6.37 

(0.20) 

79.53 

(9.77) 

6.03 

(0.78) 

12.88 

(0.30) 

 10–30 28.78 

(6.18) 

42.57 

(4.19) 

28.65 

(2.29) 

6.33 

(0.26) 

37.10 

(9.37) 

3.15 

(0.78) 

11.45 

(0.42) 

 30–50 25.58 

(5.27) 

42.53 

(3.64) 

31.89 

(2.48) 

6.49 

(0.25) 

37.54 

(15.12) 

2.96 

(1.12) 

10.53 

(0.53) 

* Soil was classified using the Canadian System of Soil Classification. 
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Table C.S2. Non-planted treatment δ13C values of soil fractions by soil depth and land-use type 

across ten agroforestry sites in central Alberta, Canada. Least-squares means (one standard error) 

are reported. POM, particulate organic matter; MBC, microbial biomass carbon; WSOC, water-

soluble organic carbon. 

Soil depth (cm) 0–10 10–30 30–50 

Fine POM (n = 81) -28.08 (0.42) -27.22 (0.42) -26.89 (0.43) 

Coarse silt (n = 81) -27.15 (0.27) -26.40 (0.27) -25.91 (0.27) 

Fine silt (n = 85) -26.93 (0.28) -26.27 (0.28) -25.91 (0.28) 

Non-aggregated clay (n = 84) -26.11 (0.16) -25.58 (0.16) -25.63 (0.16) 

Aggregated clay (n = 85) -26.83 (0.22) -25.90 (0.22) -25.80 (0.22) 

Bulk soil (n = 86) -26.73 (0.23) -25.92 (0.23) -25.65 (0.23) 

MBC (n = 87) -25.61 (0.37) -25.22 (0.37) -25.17 (0.37) 

WSOC (n = 87) -27.17 (0.20) -26.30 (0.20) -26.67 (0.21) 

Land-use type Cropland Grassland Woodland 

Fine POM (n = 81) -26.98 (0.32) -27.51 (0.32) -27.56 (0.32) 

Coarse silt (n = 81) -26.09 (0.24) -26.69 (0.24) -26.65 (0.23) 

Fine silt (n = 85) -26.21 (0.27) -26.40 (0.27) -26.49 (0.27) 

Non-aggregated clay (n = 84) -25.75 (0.18) -25.69 (0.18) -25.87 (0.18) 

Aggregated clay (n = 85) -26.33 (0.24) -26.03 (0.25) -26.14 (0.24) 

Bulk soil (n = 86) -25.76 (0.21) -26.27 (0.21) -26.29 (0.21) 

MBC (n = 87) -25.42 (0.31) -25.36 (0.31) -25.24 (0.31) 

WSOC (n = 87) -26.77 (0.21) -26.57 (0.21) -26.80 (0.21) 
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Table C.S3. Planted treatment total root mass (mg) by soil depth and land-use type across ten 

agroforestry sites in central Alberta, Canada. Least-squares means (one standard error) 

accompanied by different lowercase letters are significantly different (Tukey-adjusted, α = 0.05) 

among the soil depths or land-use types. 

Soil depth (cm) 0–10 10–30 30–50 

Root mass (n = 88) 424.59 (27.50) a 305.16 (26.55) b 327.19 (26.55) b 

Land-use type Cropland Grassland Woodland 

Root mass (n = 88) 317.35 (26.55) 364.30 (26.55) 375.29 (27.50) 
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Figure C.S1. Non-planted treatment aggregated clay fraction (clay-agg) to non-aggregated clay 

fraction (clay-nagg) ratio of carbon (C) enrichment (mg C g−1 fraction) by (a) soil depth and (b) 

land-use type across ten agroforestry sites in central Alberta, Canada. Error bars represent least-

squares means ± one standard error. 
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Figure C.S2. Pearson correlations (with R2 values reported) between soil properties in the non-

planted treatment and root-driven soil effects across the different soil depths (0–10, 10–30, 30–50 

cm) and land uses (cropland, grassland, and woodland) of ten agroforestry sites in central Alberta, 

Canada (n = 86). Only statistically significant (α = 0.05) correlations are reported. Bulk.C.npl, bulk 

soil carbon (C) in the non-planted treatment; clayagg.C.npl, aggregated clay fraction to total clay 

C proportion in the non-planted treatment; MBC.npl, microbial biomass C in the non-planted 

treatment; WSOC.npl, water-soluble organic C in the non-planted treatment; WSN.npl, water-

soluble total nitrogen in the non-planted treatment; root.mass, total root mass in the planted 

treatment; MBC.growth, MBC difference between the planted and non-planted treatments; 

clayagg.rhizo.C and claynagg.rhizo.C, amount of root-derived C incorporated into the aggregated 

and non-aggregated clay fractions, respectively, in the planted treatment; clayagg.mass.loss, 

difference in aggregated clay fraction to total clay mass proportions between the non-planted and 

planted treatments; clayagg.priming, intensified loss of soil-derived C within the aggregated clay 

fraction in the planted treatment. 

  



200 

 

 

Figure C.S3. Change (difference between planted and non-planted treatments) in aggregated clay 

fraction (clay-agg) to total clay mass proportion by (a) soil depth and (b) land-use type across ten 

agroforestry sites in central Alberta, Canada. Error bars represent least-squares means ± 95% 

confidence intervals. 
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Appendix D. Supplementary data 

Table D.S1. Agricultural treatment effects on δ13C values of soil fractions in the non-planted 

treatment across ten agricultural sites in central Alberta, Canada. Least-squares means (one 

standard error) are reported. POM, particulate organic matter; MBC, microbial biomass carbon; 

WSOC, water-soluble organic carbon. 

Treatment Control Manure Biochar 

Fine POM (n = 27) -27.80 (0.13) -27.71 (0.13) -27.50 (0.13) 

Coarse silt (n = 27) -26.78 (0.12) -26.74 (0.12) -26.97 (0.12) 

Fine silt (n = 29) -26.68 (0.17) -26.76 (0.17) -26.75 (0.17) 

Non-aggregated clay (n = 30) -25.96 (0.16) -26.03 (0.16) -26.00 (0.16) 

Aggregated clay (n = 28) -26.75 (0.33) -26.99 (0.33) -26.27 (0.31) 

Bulk soil (n = 30) -26.34 (0.13) -26.38 (0.13) -26.40 (0.13) 

MBC (n = 27) -25.08 (0.21) -25.02 (0.21) -25.64 (0.21) 

WSOC (n = 30) -26.96 (0.23) -26.83 (0.23) -26.61 (0.23) 
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Table D.S2. Agricultural treatment effects on total root mass (mg) in the planted treatment across 

ten agricultural sites in central Alberta, Canada. Least-squares means (one standard error) are 

reported. 

Treatment Control Manure Biochar 

Root mass (n = 30) 409.27 (44.94) 384.34 (44.94) 385.69 (44.94) 
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Figure D.S1. Agricultural treatment effects on the aggregated clay fraction (clay-agg) to total clay 

(total mass or carbon mass) proportion in the non-planted treatment across ten agricultural sites in 

central Alberta, Canada. Error bars represent least-squares means ± one standard error. 
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Figure D.S2. Agricultural treatment effects on the aggregated clay fraction (clay-agg) to non-

aggregated clay fraction (clay-nagg) ratio of carbon (C) enrichment (mg C g−1 fraction) in the non-

planted treatment across ten agricultural sites in central Alberta, Canada. Error bars represent least-

squares means ± one standard error. 
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Figure D.S3. Pearson correlations (with R2 values reported) between soil properties in the non-

planted treatment and root-driven soil effects across the different agricultural treatments (control, 

manure, and biochar) of ten agricultural sites in central Alberta, Canada (n = 30). Only statistically 

significant (α = 0.05) correlations are reported. Bulk.C.npl, bulk soil carbon (C) in the non-planted 

treatment; clayagg.C.npl, aggregated clay fraction to total clay C proportion in the non-planted 

treatment; MBC.npl, microbial biomass C in the non-planted treatment; WSOC.npl, water-soluble 

organic C in the non-planted treatment; WSN.npl, water-soluble total nitrogen in the non-planted 

treatment; root.mass, total root mass in the planted treatment; MBC.growth, MBC difference 

between the planted and non-planted treatments; clayagg.rhizo.C and claynagg.rhizo.C, amount of 

root-derived C incorporated into the aggregated and non-aggregated clay fractions, respectively, 

in the planted treatment; clayagg.mass.loss, difference in aggregated clay fraction to total clay 

mass proportions between the non-planted and planted treatments; clayagg.priming, intensified 

loss of soil-derived C within the aggregated clay fraction in the planted treatment. 
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Figure D.S4. Agricultural treatment effects on the change (difference between planted and non-

planted treatments) in the aggregated clay fraction (clay-agg) to total clay mass proportion across 

ten agricultural sites in central Alberta, Canada. Error bars represent least-squares means ± 95% 

confidence intervals. 
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